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Abstract
Purpose Many coastal areas in the Baltic Sea are contaminated with wood fiber and pollutants from pulp and paper industries.
These anthropogenic, organic-rich, sediments (fiberbanks) have not been characterized and knowledge about their role as
secondary sources for dispersal of persistent organic pollutants (POPs) is limited. Hence, the aim of this study was to elucidate
the fate of POPs and the relationships between sorption (KD and KTOC), sediment type, and compound hydrophobicity (KOW) in
fiber-contaminated sediments.
Materials and methods Paired sediment and pore water samples (n = 24 sites) from three fiber-contaminated areas, located in the
Ångermanälven river estuary in northern Sweden, were analyzed for POPs (viz. PCBs, DDT, and HCB) in sediment types
representing different fiber content (i.e., fiberbanks, fiber-rich sediments, and natural less fiber impacted sediments). The freely
dissolved concentration in sediment pore water was determined by sediment-polyoxymethylene (POM) partitioning.
Instrumental analysis was performed using gas chromatography coupled to a triple quadrupole mass spectrometer (GC-MS/MS).
Results and discussion Higher levels of total organic carbon (TOC) were found in the fiberbank sediment (range 8.6–37%) than
in fiber-rich sediment (range 2.0–6.5%) and more natural sediment (range 2.0–2.9%). The sediment concentrations of POPs (dry
weight basis) were also found to be significantly (p < 0.05) elevated in fiberbanks compared to the other sediment types. The
fraction of DDD (48–66% of Σ6DDX) was larger in fiberbanks than in the other sediment types, likely due to anoxic conditions
favoring reductive dechlorination of DDT. When sediment levels were normalized to TOC, HCB displayed similar levels across
sediment type, suggesting a more diffuse source pattern than for PCB and DDT. Although significantly higher sorption (KD) of
POPs was observed in fiberbanks, pore water levels were still elevated due to high bulk concentrations.
Conclusions This study shows that fiberbanks are coastal hot spots for POPs in the Baltic Sea and that the levels are of
ecotoxicological concern. Although the POPs are more strongly sorbed (KD) to this type of organic rich sediment, the high pore
water concentrations in fiberbanks compared to the other sediment types investigated show that the risk of contaminant dispersal
via pore water is elevated for fiberbanks.
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The Baltic Sea is a brackish semi-enclosed water body in
northern Europe. Its large catchment area and the long
water residence time make the Baltic Sea susceptible to
accumulation of persistent organic pollutants (POPs)
(HELCOM 2010). Many of the countries around the
Baltic Sea have substantial forest industry with saw mills
and pulp and paper production (e.g., Sweden, Finland,
Germany, and Poland) (CEPI 2018). These industrial activities have historically been associated with the release
of POPs to the environment due to the use of wood preservation products and formation of unwanted by-products

2472

in the pulp and paper making processes (Ali and
Sreekrishnan 2001; Lacorte et al. 2003).
Industrial pulp and paper production started in the late
nineteenth century and the industry grew rapidly during the
twentieth century. Today, North America and the northern
European countries are the dominating pulp producers followed by Asia and Latin America (Suhr et al. 2015; CEPI 2018).
During production of pulp, cellulose fibers are separated from
other unwanted constituents found in wood (i.e., lignin and
hemicellulose) using mechanical or chemical processes. The
production of pulp and paper requires large amounts of water,
and historically, large quantities of cellulose material were lost
and released into the environment with the process wastewater
(Ali and Sreekrishnan 2001; Lacorte et al. 2003). In Sweden, it
has been estimated that 10.8 million tons of cellulose fiber
material was discharged into the aquatic environment between
1908 and 1983 (Swedish-EPA 1995). This fiber material often
accumulated on the sea or lake floor and formed large banks of
fibers (fiberbanks) in the vicinity of the mills. These anthropogenic sediments are often anoxic, due to the high content of
fibrous material and the subsequent high oxygen demand associated with mineralization of organic matter. The fiber material also dispersed and mixed with natural sediment to form
so called fiber-rich sediments, which contain less organic matter than the fiberbanks but cover larger areas of the sea or lake
floor (Apler et al. 2014). A field survey in coastal areas and
inland waters in northern Sweden (see map in Norrlin and
Josefsson 2017) resulted in 29 identified fiber sediment areas
covering at least 29 km2, and often associated with high levels
of POPs.
Fiberbank sediments have been shown to be highly contaminated with heavy metals and POPs, such as
polychlorinated biphenyls (PCBs), hexachlorobenzene
(HCB), dichlorodiphenyltrichloroethane (DDT), and its transformation products, e.g., dichlorodiphenyldichloroethene
(DDE) and dichlorodiphenyldichloroethane (DDD) (Apler
et al. 2014, 2019). PCBs were widely deployed in various
industrial applications since the late 1920s, including as dielectric fluids in capacitors and transformers, as hydraulic
fluids and as lubricants (Erickson and Kaley 2011). Of special
relevance for the pulp and paper industry were the use of PCB
products as solvents for dyes applied to carbonless copy paper
(NCR paper) (Erickson and Kaley 2011), which has led to
severe contamination of sediments in the vicinity of pulp mills
where recycled PCB-containing paper was used in the production (Bremle et al. 1995). The insecticide DDT was heavily
used from the 1940s to control agricultural and forest pests,
for example to prevent infestation of the pine weevil
(Hylobius abietis) (Farrell 1980). The use of PCBs and DDT
was restricted and banned in Sweden and many other countries in the 1970s due to their negative environmental impacts
and effects on biota (Helander et al. 2002; Turusov et al.
2002). HCB was introduced as an agricultural pesticide in
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1945 and was also used as a fungicide and wood preservative
in the forest industry (EFSA 2006), but it is also known to be
produced unintentionally in various processes. PCBs, DDT,
and HCB were among the first 12 compounds (“the dirty
dozen”) to be included in the Stockholm Convention on
POPs, due to their toxic, persistent, and bioaccumulative behavior in the environment (UNEP 2001).
Sediments act as both sinks and reservoirs for POPs and
other hydrophobic contaminants in the aquatic environment
due to contaminant sorption to sediment organic matter
(Karickhoff et al. 1979). However, as primary sources of legacy POPs have decreased, secondary sources such as leakage
from contaminated sediments to the aquatic ecosystem are
increasing in importance (Jahnke et al. 2012; Sobek et al.
2014, 2015; Lang et al. 2018). Dispersal of contaminants from
sediment can occur via resuspension of sediment particles or
via diffusion from sediment pore water to bottom water
(Valsaraj et al. 1996). Once freely dissolved, contaminants
become available for partitioning to biota, and it has been
argued that the potential risks of adverse biological effects of
contaminants sorbed to sediments are related to the concentrations in the pore water rather than to total sediment concentrations (Mayer et al. 2014). Nevertheless, national risk classifications of contaminated sediment are still often based on
total sediment concentrations. Partitioning of contaminants
between sediment and pore water can be expressed by the
sediment-specific distribution coefficient, KD (Birdwell et al.
2007). Since the amount of total organic carbon (TOC) in the
sediment is one of the main factors governing the sorption of
POPs, organic carbon normalized sediment distribution coefficients (KTOC) can be used to describe the equilibrium between sediment TOC and pore water (Birdwell et al. 2007).
Given the threats the legacy POPs still pose to the
environment, it is important to identify contaminated sites
and assess their environmental risks. Fiberbanks represent
a major anthropogenic disturbance on the aquatic environment and habitats. They are a unique type of sediment due
to their high content of organic matter, considerably larger
than for naturally formed sediments. We have recently
investigated the role they play in the fate of metals in
the aquatic environment (Apler et al. 2019). However,
until now, no other studies have addressed their characteristics as sorbents and their (potential) role as secondary
sources for pollution of bioaccumulative and toxic organic
compounds to the surrounding aquatic ecosystem. Hence,
the aim of this study was to elucidate the fate of selected
POPs (PCBs, DDT, and HCB) in fiber-contaminated areas
by exploring sorption, pore water concentrations, and pollution patterns. This was done by sampling sediment from
fiberbanks, fiber-rich sediments, and less anthropogenically impacted sediments from three areas in the northern
Baltic Sea, combined with pore water extractions using
polyoxymethylene (POM) strips.
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2 Materials and methods
2.1 Fiberbank areas
The fiberbank areas studied are located in the Ångermanälven
river estuary, in the county of Västernorrland, Sweden
(Fig. 1). This region of Sweden has been associated with
heavy pulp and paper production since the late nineteenth
century, and the selected fiberbanks were chosen based on
existing knowledge of the distribution of fiberbanks and land
pollution sources in this part of Sweden (Apler et al. 2014).
The fiberbank areas studied are located close to Väja kraft
pulp mill (V), Sandviken old kraft pulp mill (S), and
Kramfors old sulfite pulp mill (K) (Fig. 1; Fig. S1). The selected fiberbanks have previously been characterized by the
Geological Survey of Sweden (SGU) using hydroacoustic
measurements in combination with sediment sampling
(Apler et al. 2014). Sediment accumulation rates at accumulation bottoms located in the vicinity of Väja and Kramfors
fiberbanks have been determined to be 0.4 cm per year using
cesium-137 analysis (Apler et al. 2014), but the sedimentation
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rates at the actual fiberbanks are assumed to have been considerably higher in the past during the periods of emission of
fibers from the pulp mills.
The fiberbank in Väja (V) covers ~ 70,000 m 2 and
consists mainly of cellulose fibers with a thickness up to
≥ 6 m at some places. The fiberbank is located at 15 m
water depth and is situated close to a sulfate pulp mill that
was established in 1914 (still in production). The factory
discarded its cellulose-rich waste water into the river until
1969 when a sedimentation basin was built as an extra
clean up step for the waste water (Apler et al. 2014,
2019). The fiberbank in Väja has been reported to be
anoxic whereas the fiber-rich sediment, covering
~ 800,000 m2, is hypoxic (Apler et al. 2014, 2019).
The fiberbank in Sandviken (S) is less extensive,
~ 55,000 m2, and consists mainly of wood fibers and wood
chips, with a thickness up to ≥ 6 m at some places. The
fiberbank is located at 12 m water depth and is situated close
to a former industrial site where a sulfate pulp mill was operating between 1929 and 1979. After closing down, the factory
was demolished and discarded on site (Apler et al. 2014,

Fig. 1 Ångermanälven River estuary (Sweden) with the three fiberbank areas indicated
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2019). The fiberbank in Sandviken, as well as the
~ 500,000 m2 fiber-rich sediment, has been reported to be
hypoxic (Apler et al. 2014, 2019).
The fiberbank in Kramfors (K) covers ~ 135,000 m2
and is also ≥ 6 m thick. It is situated close to a former
industrial site where a sulfite pulp mill was operating between 1907 and 1977. Until closure, the factory discarded
its waste water containing wood fibers and wood shavings
into the river, and it has been estimated that 25 tons of
wood fibers and wood shavings were released per day
from the factory (Apler et al. 2014).

2.2 Sediment samples
Surface sediment samples (n = 24 sites) were collected from
fiberbanks (n = 9), fiber-rich sediments (n = 11), and less anthropogenically impacted sediments (n = 4; referred to as “natural sediments”) (Fig. S1) during the summer seasons of 2014
and 2015. Fiberbanks are defined as containing almost only
organic matter, while fiber-rich sediments consist to a larger
extent of natural sediments, mixed with wood fibers. The natural, more minerogenic sediment further away from the
fiberbanks, usually postglacial clays, also contains organic
carbon (approx. 2–3% of dry weight) but with no visible signs
of fibers. The sampling was performed from SGU’s research
vessel S/V Ocean Surveyor using a Gemini core sampler
(GEMAX), an Orange Peel Bucket (OPB) sampler or a box
corer sampler. Detailed sampling information is found in
supporting information (Table S1). The sampling was mainly
performed with the GEMAX sampler, collecting sediment at
0–4 cm depth (n = 15). Due to the soft nature of the fiberbank
sediment (not allowing retrieval of intact cores), the OPB or
box corer sampler had to be used occasionally. In these
cases, the sampling depth was 0–40 cm (OPB, n = 7) and
0–30 cm (box corer, n = 2). This means that the covered
time frame of sedimentation varies between samples;
however, the sediment accumulation rate at the fiberbanks
is likely to have varied substantially over time as well as
between the different areas due to the production volumes
and release of fibers. Since the sediment and pore water
samples are aliquots of the same sample, partitioning between sediment and pore water can be compared between
samples despite varying sampling depth. The consistency
of the sediment samples collected using OPB and box
corer was loose and without obvious layering. To obtain
representative samples from these bulk samples, several
subsamples were taken and combined in glass jars. Each
sediment sample was then mixed thoroughly to make it as
homogenous as possible before withdrawal for analyses.
The samples were stored cold (+ 4 °C) prior to sediment
pore water extraction and then frozen (− 18 °C) until
chemical analysis.
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2.3 Sediment organic carbon
An aliquot of each sediment sample was heated to 105 °C for
24 h for gravimetrical determination of dry weight (dw). The
total carbon (TC) and total organic carbon (TOC) contents of
the sediment were determined by dry combustion (1350 °C)
and elemental analysis using a TruMac instrument (Leco
Corporation, St Joseph, USA) following the Swedish standard
procedure SS-ISO 10694.

2.4 Target compounds
Twenty polychlorinated biphenyls (PCBs) were included in
the analysis; four planar (non-ortho substituted) congeners
(CBs − 77, − 81, − 126, − 169), eight coplanar (mono-ortho
substituted) congeners (CBs − 105, − 114, − 118, − 123, −
156, − 157, − 167, − 189), and eight non-planar congeners
(CBs − 28, − 52, − 101, − 138, − 153, − 170, − 180, − 209).
In the following, the sum of all target PCBs are abbreviated
Σ20PCBs, while the sum of the seven indicator PCBs (CBs −
28, − 52, − 101, − 118, − 138, − 153, − 180) are presented as
Σ7PCBs. In addition, hexachlorobenzene (HCB), dichlorodiphenyltrichloroethane (o,p′-DDT and p,p′-DDT) and their
transformation products dichlorodiphenyldichloroethene
(o,p′-DDE, p,p′-DDE) and dichlorodiphenyldichloroethane
(o,p′-DDD, p,p′-DDD) were analyzed. The sum of the six
DDT-related compounds is abbreviated Σ6DDX. The origin
of authentic reference compounds, isotope-(13C)-labeled internal standards, and isotope-(13C)-labeled recovery standards
is given in the supporting information together with their full
names and abbreviations (Tables S2 and S3).

2.5 Sediment-POM partitioning for pore water
determination
Polyoxymethylene (POM) strips were used to determine the
freely dissolved concentrations of POPs in sediment pore
water (n = 24 sites), based on the method by Hawthorne
et al. (2009), where a POM strip is shaken for 28 days in a
sediment-water slurry and the POPs equilibrate and distribute
to the POM. After analysis of the POP concentrations in the
POM, the equilibrium concentrations of the freely dissolved
POPs in the pore water can be determined using established
POM-water partitioning coefficients (KPOM) for the specific
POM-type (see Sect. 2.9 for calculations).
Before use, the POM strips (76 μm in thickness, CS Hyde,
Lake Villa, IL, USA) were soaked in acetone/n-hexane (1:1,
v/v), followed by methanol for 2 × 24 h, respectively. The
clean POM strips were then rinsed with Millipore water and
stored dried in a sealed glass jar before use. Sediment (20–
30 g wet weight) was transferred to amber glass jars (40 mL).
Pre-cleaned POM strips with the dimensions 2 cm × 3 cm ×
76 μm were used in year 2014. However, the size of the POM
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strips was reduced (1 cm × 1.5 cm × 76 μm thick) in year 2015
to comply with the depletion criteria described in the section
below. A POM strip was placed in each jar, and Millipore
water with 1 mM CaCl2 and 15 mM NaN3 (to correspond to
Swedish leaching test standards) was added to fill each jar,
leaving only a small head space. Five of the 24 sediment
samples were analyzed in triplicate to check the method variability, whereas the rest of the samples (n = 19) was analyzed
as single samples. Thus, in total, 34 POM samples were analyzed. Procedural solvent blanks (n = 6, identical sample preparation as sediment samples but without sediment) were also
included for quality assurance. Each sample was shaken at
room temperature for 28 days using an end-over-end shaker
to reach equilibrium. After partitioning, the POM strips were
retrieved, wiped clean from sediment particles, and extracted
as described below.
During POM partitioning, the amount of POPs taken up by
the POM should not exceed 5% of the total amount of POPs
sorbed to the sediment to ensure that the equilibrium is not
distorted (Mayer et al. 2014). In the samples collected in 2014,
this depletion criteria was not met; however, the difference
between sediment sorption coefficient (KD) values calculated
before and after correcting for depletion were negligible and
these samples were also included in the data evaluation (see
Sect. 3.4). The size of the POM strip was, as mentioned, reduced for the samples collected in 2015 to comply with the
depletion criteria of 5%.

2.6 Extraction and clean-up of POM and sediment
Sediment samples (n = 24 sites) were extracted using Soxhlet,
based on US EPA method 3540C (US-EPA 1996).
Four sediment samples were extracted and cleaned up
in triplicate, whereas the rest of the samples (n = 20) were
analyzed as single samples. Thus, in total, 32 sediment samples were analyzed. Procedural solvent blanks (n = 6) were
also included for quality assurance. Prior to extraction, each
sediment sample (5 g) was mixed with sodium sulfate
(Na2SO4, 50 g) and spiked with isotope-(13C)-labeled internal
standards. For some samples with high water content, 10 g of
sediment and 100 g sodium sulfate (Na2SO4) was used instead. Soxhlet extraction was carried out with acetone/n-hexane (225 mL, 1:1, v/v) for approximately 24 h. After extraction, copper activated with hydrochloric acid (HCl) was added
to remove sulfur. The extracts were cleaned up on multilayer
columns composed of activated silica (SiO2, 3 g), sulfuric
acid-treated silica (40% H2SO4/SiO2, 6 g), and sodium sulfate
(Na2SO4, 3 g), similar to Josefsson et al. (2010). The analytes
were eluted with n-hexane (60 mL). Isotope-(13C)-labeled recovery standards were added and the sample volume was
reduced to 100 μL of n-tetradecane.
Each POM strip was extracted with acetone/n-hexane (1:1,
v/v, 20 + 20 mL) for 2 × 24 h using an end-over-end shaker.
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Prior to extraction, isotope-(13C)-labeled internal standards
were added. After extraction, the POM strip was retrieved
and the weight of the dry POM strip was determined gravimetrically. Isotope-(13C)-labeled recovery standards were
added to the extract and the sample volume was reduced to
100 μL of n-tetradecane.
All chemicals and solvents used were of the highest purity
available as described in supporting information.

2.7 Instrumental analysis
The instrumental analysis was performed using a gas
chromatograph (GC; Agilent Technologies, 7890 A)
coupled to a triple quadrupole mass spectrometer
(Agilent Technologies, 7010, GC-MS/MS Triple Quad).
The analysis was carried out using multiple reaction monitoring (MRM) mode, monitoring two transitions for each
target compound. Details on the instrumental settings are
presented in Table S4 in the supporting information,
where also details on the MRM ions are given.
Identification and quantification were performed using authentic reference standards. For data evaluation, the software Agilent MassHunter Quantitative Analysis (for
QQQ) was used.

2.8 QA/QC
The use of isotope-(13 C)-labeled surrogate standards
corrected for losses during sample extraction and clean
up. The recovery of the surrogate standards was on
average 93 ± 18% for PCBs, 99 ± 22% for HCB, and
97 ± 16% for DDX in sediment. In POM, the recovery
of the surrogate standards was on average 107 ± 12%
for PCBs, 114 ± 19% for HCB, and 105 ± 18% for
DDX. The limit of detection (LOD) was set as the
signal-to-noise ratio of 3. The limit of quantification
(LOQ) was set to the lowest calibration solution that
could be detected reliably by the GC-MS/MS. Blanks
generally showed little or no contamination but average
blank levels were subtracted from samples if present.
Blank contamination was noted for HCB in pore water
samples collected 2015, where the levels in sedimentexposed POM were similar to levels in blank POMs.
Due to this, HCB pore water concentrations obtained
from the sampling campaign in 2015 were excluded
from the data evaluation.
The four triplicate sediment samples showed low method
variability with average relative standard deviations (RSDs) of
11% (Σ20PCBs), 16% (HCB), and 15% (Σ6DDX). Similar
variability was obtained for the five triplicate pore water
(POM) samples with average RSDs of 6.3% (Σ20PCBs),
16% (HCB), and 11% (Σ6DDX).
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2.9 Calculations

3 Results and discussion

The sediment pore water concentration (Cpw) of each target
compound was calculated using the measured concentrations
in POM (CPOM) and established POM-water partitioning coefficients (KPOM) for PCBs (Hawthorne et al. 2009), HCB
(Endo et al. 2011), and DDX (Endo et al. 2011) (Eq. (1)).
The KPOM values used for each compound are listed in
supporting information, Table S2.

3.1 Sediment characteristics

C pw ¼ C POM =K POM unit : pg L−1



ð1Þ

Sediment sorption coefficient (KD) for each target compound
was calculated (Eq. (2)) based on the measured pore water
concentration (Cpw) and sediment concentration (CSED)
normalized to sediment dry weight (dw).
K D ¼ C SED =C pw unit : Lpw kgdw −1



ð2Þ

Since sorption of hydrophobic organic contaminants occurs mainly by partitioning to organic matter, the organic carbon normalized sorption (KTOC) coefficient was calculated for
each target compound by using the fractional amount of organic carbon (fTOC) in sediment, as described in Eq. (3).
K TOC ¼ K D = f TOC unit : Lpw kgOC −1



ð3Þ

2.10 Statistical analysis
For statistical analysis and calculations of geometric
mean (GM) and sum, values below LOQ were assigned
a value of LOQ/2. One-way ANOVA was used to test
for significant differences between groups of samples.
Principal component analysis (PCA) was performed to
explore differences in sediment pollution pattern between
sediment types (fiberbank, fiber-rich sediment, and natural sediment) and sampling area (Väja, Sandviken, and
Kramfors) using the statistical software SIMCA version
14.0.0.1359 (Umetrics, Umeå, Sweden). The PCAs were
performed based on the concentration of each substance
relative to the sum of each compound class (i.e., normalized values, fractions). To explore potential sources
for the PCBs, a cluster analysis (Ward’s method) was
used to group sediment samples by their relative concentration of PCB congeners (% of Σ20PCBs) together with
literature data for 12 technical PCB products (% of
Σ20PCBs) (Schulz et al. 1989; Kim et al. 2004). The
cluster analysis was also performed using the statistical
software SIMCA version 14.0.0.1359 (Umetrics, Umeå,
Sweden).

The amount of TOC was substantially higher in fiberbank
sediment (range 8.6–37%) than in fiber-rich sediment (range
2.0–6.5%) and natural clay sediment (range 2.0–2.9%) (Fig.
S2). The TOC content is related to fiber impact, as the accumulated fiber material, which makes up the fiberbanks, consists of organic material (i.e., cellulose, wood fibers, and wood
shavings) released from saw mills and pulp and paper factories in the past. In Väja (V) and Kramfors (K), the fiberbank
samples contained cellulose fibers, whereas deposits in
Sandviken (S) contained mainly wood splinters and chips.
The classification of samples into the sediment types was
based on SGU’s existing maps of the spatial distribution of
fiberbanks and fiber-rich sediments in the three areas (Fig.
S1). However, the boundaries between fiberbank and fiberrich sediments are not fully established and two samples
(Väja, V8 and Kramfors, K4), which were sampled within
the estimated area of the fiberbank, had to be re-classified as
fiber-rich sediments as their organic carbon contents (4.4 and
2.5% TOC) were more similar to the other fiber-rich sediment
samples in the same area (Table S1).

3.2 Sediment concentrations
The average (geometric mean (GM); ng g−1 dw) sediment
concentrations of Σ7PCBs, Σ20PCBs, Σ6DDX, and HCB are
illustrated in Fig. 2a–c, while maximum, minimum, and GM
concentrations of individual compounds (and sum parameters) of PCBs, DDX, and HCB in the different sediment types
are presented in Tables S5–S7 in the supporting information.
The fiberbanks contained significantly (p < 0.05) higher levels
of Σ20PCBs, Σ6DDX, and HCB than fiber-rich sediment and
natural sediments. The average concentration of Σ7PCBs in
the fiberbank in Sandviken (37 ng g−1 dw) is higher than in
Kramfors (30 ng g−1 dw) or Väja (25 ng g−1 dw), and the
concentrations are classified as high level (category IV) or
very high level (category V) according to the Swedish environmental assessment criteria for organic pollutants in sediment (Josefsson 2017). These assessment criteria are based on
the statistical distribution of concentrations in Swedish sediments, not ecotoxicological effects, with the border between
category III and IV at the 75th percentile and the border between category IV and V at the 95th percentile.
The average (GM) concentration of Σ3p,p′-DDX is also
higher in the fiberbank in Sandviken (6.2 ng g−1 dw) than in
Väja (2.4 ng g−1 dw) and Kramfors (1.7 ng g−1 dw), and levels
are classified as high (IV) or moderate (III) according to the
Swedish assessment criteria (Josefsson 2017). The average
(GM) concentrations of HCB, on the other hand, are lower
in the fiberbank in Sandviken (0.46 ng g−1 dw) than in Väja
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Fig. 2 Levels of Σ7PCBs and Σ20PCBs, Σ6DDX and HCB in a–f
sediment and g–i pore water in fiberbank (FB), fiber-rich sediment
(FRS), and natural sediments (marked “sediment”, SED) sampled in different areas (Väja, Sandviken, Kramfors). Sediment concentrations are
normalized to sediment dry weight (ng g−1 dry weight) (a–c) and total
organic carbon (ng g−1 TOC) (d–f). Pore water concentrations are

expressed in pg L−1 (g–i). Data is presented as geometric mean and error
bars show the standard deviation for n number of samples. In a–c, the
dotted lines indicate the Swedish environmental assessment criteria for
moderate levels (category III, green), high levels (category IV, yellow),
and very high levels (category V, red) for Σ7PCBs, Σ3DDXs, and HCB,
respectively

(0.64 ng g−1 dw), whereas the only sample from Kramfors
contained 1.6 ng g−1 dw of HCB. These levels are classified
as category IV and V, according to the aforementioned quality
criteria (Josefsson 2017).
When the POP concentrations were normalized to the sediment TOC, the concentration differences between sediment
types became less pronounced (Fig. 2d–f). This is expected,
due to the higher content of TOC in the fiberbanks compared
to fiber-rich sediments and natural sediments (Fig. S2).
However, the levels of PCBs (in Sandviken and Väja) and
DDX (in Sandviken) were still significantly (p < 0.05) elevated in the fiberbanks compared to fiber-rich sediments and
natural sediments. If the pollution was a result of diffuse pollution (e.g., atmospheric deposition) in the water body, the

sediment concentration normalized to TOC are expected to
be more even, analogous to the case for POPs in soil (Meijer
et al. 2003). Our results therefore show that the source of
pollution is of local origin and not a result of diffuse pollution.
For DDX, the Kramfors area was deviating from Väja and
Sandviken, in that the concentrations were lower in the
fiberbank than in the fiber-rich sediment on a TOC-basis
(Fig. 2e). However, the single fiberbank sample collected in
Kramfors is insufficient for statistical evaluation of the result
and furthermore, had a very high TOC content (37%). For
HCB, the TOC-normalized concentrations were more similar
across sediment types and sites (Fig. 2f), indicating that diffuse pollution plays a more important role for this compound
in the study area.
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3.3 Sediment pollution pattern
The relative distribution of individual PCBs and DDX in sediment is presented in Fig. 3a, b, and as PCA biplots in Fig. S3–
S4. PCBs were used as technical PCB mixtures containing a
large number of congeners with different degree of chlorination. The sediment congener profile is dominated by CB-138,
CB-153, and CB-101, together comprising up to 49–64% of
Σ20PCBs in all sediment types investigated. To further evaluate the PCB patterns, a cluster analysis of the congener patterns was performed including 12 historically commercial
technical PCB products. Although the PCB pattern in the
fiberbanks may have altered compared to the technical product due to aging (related to, e.g., differences in physicochemical properties and persistence among congeners), the
vicinity of the fiberbanks to the source (pulp and paper mill)
and the strong sorption to the organic material still makes it
possible that the original product congener pattern is reflected
in the sediment. The cluster analysis showed five clusters
(Fig. 4) in which Sandviken (S1–S4) clustered together with
Kanechlor KC500, while fiberbank samples from Kramfors
(K1) and Väja (V1–V4) clustered with three technical PCB
products Clophen A60, Aroclor 1260, and Kanechlor KC600.
Hence, the results from the PCA and cluster analysis indicate
the use of different PCB products in the past in Sandviken

Fig. 4 Cluster analysis of normalized PCB concentrations (% of
Σ20PCBs) in fiberbank sediments from Väja (V1–V4), Sandviken (S1–
S4), Kramfors (K1), and 12 commercial PCB products (Aroclor 1016,
Aroclor, 1242, Aroclor 1254, Aroclor 1260, Clophen A30, Clophen A40,
Clophen A50, Clophen A60, Kanechlor KC300, Kanechlor KC400,
Kanechlor KC500, and Kanechlor KC600) with different PCB
congener composition (Schulz et al. 1989; Kim et al. 2004). Five clusters
were obtained and are colored according to group

compared to Väja and Kramfors and that this is still reflected
in the sediment today even though the contamination occurred
decades ago (e.g., Sandviken closing down around 40 years ago).
For DDT and its transformation products DDE and DDD,
the compound profiles in the three fiberbanks were dominated

Fig. 3 Relative distribution of individual PCBs (% of Σ20PCBs) and DDX (% of Σ6DDX) in a, b fiberbank sediment and c, d in pore water from Väja
(V), Sandviken (S), and Kramfors (K)
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by DDD (48–66%) followed by DDE (16–39%), whereas
DDT constituted only a smaller part (2–13%) (Fig. 3b). The
predominance of transformation products over DDT reflects
that long time has passed since DDT was in use at these three
sites. The fraction of DDD was larger in fiberbanks than in
fiber-rich sediment and natural sediment in Väja and
Sandviken (Fig. 3b), which likely reflects the anoxic conditions in the fiberbanks. DDT mainly undergo reductive dechlorination to form DDD under anoxic conditions, whereas
dehydrochlorination of DDT to yield DDE is the main reaction during aerobic conditions (Aislabie et al. 1997). Because
the fiberbanks contain exceptionally large amounts of organic
matter, the oxygen in the sediment is completely consumed
when the matter is degraded, leading to anoxic conditions also
at the sediment surface and gas formation (as observed in
field). In the fiber-rich sediment, however, the sediment surface may have oxidizing conditions, resulting in less DDD
formation and a larger fraction of DDE. The difference in
oxygen conditions in fiber-rich sediment compared to
fiberbanks was also demonstrated by the presence of benthic
biota in the fiber-rich sediment in contrast to the fiberbanks,
where no biota was found.
As for the PCBs, the DDX compound profiles indicate
usage of different DDT-containing products at the different
sites. In Sandviken and Kramfors, p,p′-DDD dominated over
o,p′-DDD as expected after past use of DDT (Fig. 3b), whereas in both the fiberbank and the fiber-rich sediment in Väja,
the concentrations of o,p′-DDD were higher than of p,p′-DDD
(Fig. 3b). This could potentially be related to use of Dicofol,
which is synthesized from technical DDT and contains on
average of 11% o,p′-DDT and 1.7% p,p′-DDT (Qiu et al.
2005; Wong et al. 2009).

3.4 Freely dissolved concentrations in sediment pore
water
Sediment pore water concentrations (pg L−1) of PCB, DDX,
and HCB are presented in Fig. 2g–i and Tables S8–S10 in the
supporting information. As mentioned, the samples collected
in 2014 did not comply with the depletion criteria of 5% when
sampled. This can potentially have affected the equilibrium
resulting in underestimation of the freely dissolved concentrations in these samples (Mayer et al. 2003). However, a comparison between the measured pore water concentrations collected 2014 and 2015 shows that the concentrations are well
correlated (Pearson p < 0.05) for both Σ20PCBs and Σ6DDX
between sampling years (Fig. S5).
Previous studies that measured freely dissolved pore water
concentration of POPs in sediment from the Baltic Sea have
focused on PCBs and dioxins (Cornelissen et al. 2008; Jahnke
et al. 2012; Sobek et al. 2014; Lang et al. 2018). The geometric mean (GM) concentrations of Σ7PCBs in the fiberbank
samples from Väja (28 pg L−1), Sandviken (28 pg L−1), and
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Kramfors (49 pg L−1) were approximately 10 times lower than
those found in pore water from contaminated accumulation
sediments from Stockholm harbor (Jahnke et al. 2012), but
similar to what was found in the Stockholm archipelago
(Jahnke et al. 2012) and other contaminated areas of the
Baltic Sea (Lang et al. 2018). Even lower values of Σ7PCBs
have been reported for the open Baltic Sea, with values ranging from 1.9 to 10 pg L−1 (Cornelissen et al. 2008).
Concentrations of DDX in pore water of Baltic Sea sediments are, to the best of our knowledge, presented for the first
time here. Our results show that the pore water concentrations
of Σ6DDX in fiberbanks can exceed the levels of PCBs (Fig.
2g–h), even though total sediment concentrations are lower
for Σ6DDX than for PCBs. As shown by KOW (Table S2),
DDXs (log KOW 5.5–7.0) are generally less hydrophobic than
PCBs (log KOW 6.4–8.2) and therefore less tightly sorbed to
the organic carbon-rich material in the fiberbanks. Therefore,
the relatively high concentrations of DDX in the pore water
are reasonable. However, this comparison might be biased by
the inclusion of many of the more hydrophobic PCB congeners (e.g., penta- through deca-CBs) in the analyses in the
present study in favor of more water soluble ones (e.g., triand tetra-CBs).
The relative distribution of individual PCBs and DDX in
pore water is presented in Fig. 3c, d. The PCB congener profile was dominated by CB-52 and CB-101, together comprising up to 52–72% of Σ20PCBs. An exception to this pattern
was the fiberbank pore water from Kramfors, which was dominated by CB-28 (60%). This agrees with this fiberbank sample also containing a higher proportion of CB-28 in the sediment than the other sediment types investigated (Fig. 3a). The
predominance of less chlorinated PCBs in pore water is expected since they are less hydrophobic than the more chlorinated (heavier) PCBs. It is also apparent that p,p′-DDD, which
is the compound with the lowest hydrophobicity of the
Σ6DDX, has an increased proportion in pore water compared
to sediment (Fig. 3d).

3.5 Sediment sorption
The type and amount of organic material in the sediment affect
the compounds’ degree of sorption to sediment and thus also
the extent of their bioavailability. To investigate if the sorption
differed between sediment types, the distribution coefficient
normalized to sediment dry weight (KD) and sediment organic
carbon (KTOC) was calculated (Fig. 5). When combining data
from Väja, Sandviken, and Kramfors, the average sorption of
POPs was found to be significantly higher (one-way ANOVA,
p < 0.05) in fiberbank (log KD 5.9) compared to fiber-rich
sediment (log KD 5.0) (Fig. S6A). However, no significant
difference was observed between fiber-rich sediment and natural sediment (log KD 4.8). The higher sorption (KD) in
fiberbanks means that a smaller fraction of the sediment
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Fig. 5 Sorption normalized to sediment dry weight (log KD) and
sediment organic carbon (log KTOC) in fiberbank (FB), fiber-rich sediment (FRS), and natural sediments (SED) from Väja (V), Sandviken (S),

and Kramfors (K), respectively. Data are presented as geometric means.
In Kramfors, only fiberbank and fiber-rich sediment samples were
collected

contaminants was bioavailable. However, regardless of KD,
higher pore water concentrations imply that the risk of contaminant dispersal via pore water is elevated in fiberbanks
compared to fiber-rich sediment and natural sediment for
many substances (Fig. 2g–i).
When sorption was normalized to organic carbon content
(KTOC), no significant differences between sediment types
were found (Fig. S6B). This is on one hand expected, considering that organic carbon is an important sorbent for hydrophobic organic contaminants, but on the other hand, it is surprising that no differences were seen as a result of the presumed differences in organic matter quality between
fiberbanks and more natural sediment. However, if the contaminants found in the more natural sediment originate from
particle dispersal from the fiberbanks, the contaminants may
be associated will small amounts of wood fibers showing similar sorptive capacity as the wood fibers in the fiberbanks.
The sorption (log KD and log KTOC) was, as expected, found
to be strongly correlated (Pearson, p < 0.001) with the

hydrophobicity of the compounds (log KOW) as shown in Fig.
S7. Comparisons of log KTOC-log KOW correlations between
sites are presented in Fig. 6, along with correlations by Seth
et al. (1999), Booij et al. (2003), and Schwarzenbach et al.
(2003) for more natural sediment. Log KTOC-log KOW correlations for individual sediment types are shown in Fig. S8A–C.
The discrepancy between the correlations is likely, at least partly,
related to the measurement techniques used. The correlations by
Seth et al. (1999) and Schwarzenbach et al. (2003) are based on
data compilations from previous modeling or measurement studies where methods were not optimized in distinguishing between
the apparently dissolved and truly dissolved fractions in the pore
water. This could lead to overestimations of the dissolved fraction
and hence underestimations of the extent of sorption, and consequently, overestimations of the bioavailable fraction. The higher
log KTOCs of Booij et al. (2003), who used passive samplers
(low-density polyethylene) that specifically sample the freely
dissolved phase (i.e., a similar method as used in this study), is
likely a consequence of the more stringent sampling method. A

Fig. 6 Relationship between
sorption normalized on sediment
organic carbon (log KTOC) and
hydrophobicity (log KOW) of
POPs in Väja (V), Sandviken (S),
and Kramfors (K) for all sediment
types (fiberbank, FB; fiber-rich
sediment, FRS; natural sediment,
SED)
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similar discrepancy between sampling methods has also been
observed for PAHs (Enell et al. 2016).
For the three areas investigated in this study, the log KTOC-log
KOW correlation was best described by the equations: log
KTOC = 0.98 log KOW + 0.18 (Väja), log KTOC = 0.94 log
KOW + 0.50 (Sandviken), and log KTOC = 1.1 log KOW − 0.73
(Kramfors) (Fig. 6). None of the regression slopes differed significantly from Booij et al. (2003). However, the intercepts of our
regression lines differed (p < 0.05) compared to Booij et al.
(2003). It is also interesting to note that the Väja and
Sandviken fiberbank slopes (Fig. S8A) did not deviate significantly from each other, despite Väja consisting of almost entirely
of cellulose fibers and Sandviken mainly of wood fibers and
wood chips. On the other hand, their intercepts differed significantly (p < 0.001), indicating that the cellulose material may be a
poorer sorbent for POPs than coarser wood material. This observation was unexpected and warrants further investigations.

3.6 Ecotoxicological relevance
The investigated fiberbanks are not among the most contaminated in Sweden (see Apler et al. 2014; Norrlin and Josefsson 2017),
but their levels of POPs may still be detrimental to benthic organisms. A number of sediment quality guidelines (SQGs) are
used around the world to assess the risks with contaminated
sediments (Kwok et al. 2014). The European Union (EU) has
provided technical guidance for deriving SQGs as part of its
Water Framework Directive (EU-WFD 2011). EU has, however,
so far derived SQGs only for a few organic compounds, none of
which are included in this study. Instead, the levels reported
here can be compared to SQGs from other countries, for
example the revised Norwegian guidelines which largely
follow the approach developed by EU.
According to Norwegian environmental quality standards,
the sediment concentrations of Σ 7 PCBs in Väja (GM:
25 ng g −1 dw), Sandviken (GM: 37 ng g −1 dw), and
Kramfors (30 ng g−1 dw) are classified as levels that can cause
chronic effects on aquatic or sediment dwelling organisms at
long-term exposure (category III, Σ7PCBs: 4.1–43 ng g−1 dw)
(Direktoratsguppen, vanndirektivet 2018). In some fiberbank
samples, the concentration of Σ7PCBs (V4: 46 ng g−1 dw and
S4: 95 ng g−1 dw) exceeded category III and are considered to
cause acute toxic effects at short time exposure (category IV,
Σ7PCBs: 43–430 ng g−1 dw). These levels also exceed the
Canadian SQG (Interim SQG) for ΣPCBs in fresh water sediment and the Australian SQG, which are set to 34 ng g−1 dw
(Canadian Council of Ministers of the Environment 2002;
Simpson et al. 2013).
For p,p′-DDT and HCB, the levels in the three fiberbanks are
classified as category II (p,p′-DDT: 0–6 ng g−1 dw and 0–
17 ng g−1 dw), i.e., not having toxic effects on aquatic/
sediment organisms, according to Norwegian environmental
quality standards. This can be compared to the SQGs from
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Canada (Interim SQGs) and Australia where the limits are
1.2 ng g−1 dw for Σ2DDT, 1.4 ng g−1 dw for Σ2DDE, and
3.5 ng g−1 dw for Σ2DDD (Simpson et al. 2013). Based on these
assessment values, four fiberbank samples were found to exceed
probable effect levels (PEL) for Σ2DDD (8.5 ng g−1 dw) viz. V4
(14 ng g−1 dw), S2 (10 ng g−1 dw), S3 (8.7 ng g−1 dw), and S4
(9.3 ng g−1 dw).
In short, PCBs and DDD appear to be present at levels that are
ecotoxicologically relevant for benthic organisms and can cause
toxic effects. However, it is important to note that these SQGs are
derived for sediment with a substantially lower TOC content
(1%) than recorded in fiberbank sediments. As high TOC level
affects the degree of sorption of pollutants, as shown for fiber
sediments in this study, the bioavailable (dissolved) fraction
might be overestimated when applying these SQGs on TOCrich sediments. However, the investigated compounds have been
found to bioaccumulate in benthic organisms, for example in
Marenzelleria spp. and Saduria entomon collected from the same
sediments as in this study (Dahlberg et al. in preparation). In
addition, the investigated POPs undergo biomagnification and
may thus reach higher concentrations at higher trophic levels in
the Baltic Sea region (Nfon and Cousins 2007).

4 Conclusions
This study shows that fiberbanks, an anthropogenic sediment
type, are coastal hot spots for POPs in the Baltic Sea. The TOC
levels in the fiberbanks (8.6–37%) are considerably higher than
in other sediment types (≤ 6.5%). Comparisons of POP concentrations in sediment revealed that levels are elevated in fiberbanks
for PCBs and DDX, even after normalization to TOC content,
indicating local sources, while levels of HCB were more even,
indicating diffuse sources. Although the POPs are more strongly
sorbed (KD) to this type of very organic-rich sediment, the high
pore water concentrations in fiberbanks compared to the other
sediment types investigated show that the risk of contaminant
dispersal via pore water is still elevated for fiberbanks.
However, even if contaminant levels were lower, the fiberbanks
would not be suitable habitats for benthic fauna due to the severely anoxic conditions resulting from degradation of organic
matter. Given the impact these contaminated fiberbanks may
have on the benthic and aquatic ecosystems, there is a need to
keep addressing these contaminated sites and elucidate the risk
they may pose, both to their immediate surroundings and the
wider environment.
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