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The complex chemistry of copper (Cu) in freshwater sediments at low concentrations is not well understood. We
evaluated the transformation processes of Cu added to freshwater sediments under suboxic and anoxic condi
tions. Freshwater sediments from three sources in Michigan with different characteristics (Spring Creek, River
Raisin, and Maple Lake) were spiked with 30 or 60 mg kg− 1 Cu and incubated under a nitrogen atmosphere. After
28-d, each treatment subset was amended with organic matter (OM) to promote anoxic conditions and evaluate
its effects on Cu speciation. OM addition triggered a shift from suboxic to anoxic conditions, and sequential
extractions showed that Cu accordingly shifted from acid-soluble to oxidizable fractions. Extended X-ray ab
sorption fine-structure (EXAFS) spectroscopy revealed that Cu sulfides dominated all anoxic samples except for
Spring Creek 30 mg kg− 1, where Cu(I) was predominantly complexed to thiol groups of OM. Covellite and
chalcopyrite (CuFeS2) were the predominant Cu species in nearly all anoxic samples, as determined by Raman
spectroscopy, scanning electron microscopy, and X-ray absorption near-edge structure (XANES) spectroscopy.
Copper reduction also occurred under suboxic conditions: for two of three sediments, around 80% had been
reduced to Cu(I), while the remaining 20% persisted as Cu(II) complexed to OM. However, in the third coarsest
(i.e., Spring Creek), around 50% of the Cu had been reduced, forming Cu(I)-OM complexes, while the remainder
was Cu(II)-OM complexes. Toxicity tests showed that survival of H. azteca and D. magna were significantly lower
in suboxic treatments. Anoxic sediments triggered a near-complete transformation of Cu to sulfide minerals,
reducing its toxicity.
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1. Introduction
Metal contamination in aquatic environments is a significant issue
(Luoma and Rainbow, 2008; Jeppe et al., 2017, Burton Jr. et al., 2019).
Copper (Cu) is particularly problematic due to its toxicity and preva
lence in aquatic sediments from various sources, including stormwater
runoff, sewer discharge, fossil fuel combustion, mining effluent, and
other industrial waste (Khangarot and Das, 2010; Fukunaga and
Anderson, 2011). Our limited understanding of the bioavailability of Cu
in sediments has hampered our ability to protect biota in aquatic envi
ronments from the harmful effects of Cu contamination in sediments
(Besser et al., 2003).
We do know that Cu distribution is affected by the pH and oxidation-

reduction potential of aquatic environments and the presence of any
competing metal ions or inorganic anions (Simpson, 2005; Rader et al.,
2019). Sulfate reduction and vertical redox zonation in sediments are
also affected by environmental conditions, including the amounts of
dissolved oxygen (DO), the amounts and reactivity of organic carbon
(OC), the availability of sulfate and other electron acceptors (such as
nitrate, Mn(IV), and Fe(III)), sedimentation rates, and grain size
(Jørgensen and Kasten, 2005). The fate of Cu is affected by its ability to
bind to many types of dissolved ligands and solid phases, which means it
transforms and fluxes in the aquatic environment in various compart
ments (Di Toro et al., 2001a; Cantwell et al., 2008).
After introducing Cu into sulfate-reducing anoxic sediment, an
obvious candidate for Cu immobilization is sulfide (Simpson et al.,
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2012). For this reason, the popular method to evaluate environmental
risk in this environment is to determine the concentration of acid vol
atile sulfide (AVS) and simultaneously extracted metals (SEM) (Burton
et al., 2007). It is widely recognized that the porewater concentrations of
SEM will be negligible when sediments contain a molar excess of AVS
over SEM, and that acute or chronic toxicity should not result from
metals in these conditions (USEPA, 2005; Simpson et al., 2012). How
ever, this methodology does not consider differences in sediment
properties that impact Cu bioavailability (Campana et al., 2012) and
relies on a picture of the Cu chemistry that is vastly oversimplified
(Weber et al., 2009; Zhang et al., 2014).
The Cu–S system is complex and contains many dissolved, colloidal,
and crystalline phases.
According to Gardham et al. (2014) for sediments with Cu concen
trations >65 mg kg− 1 [Interim Sediment Quality Guidelines-Low of the
ANZECC/ARMCANZ (2000) guidelines], partition coefficients (Kd)
generally range from 1 × 104 to 1 × 106 L kg− 1 (between the sediment
and pore water) and from 1 × 103 to 2 × 105 L kg− 1 (between the
sediment and overlying water). As indicated by these Kd, naturally
contaminated environments generally have low concentrations of dis
solved Cu. Because dissolved metals are usually more bioavailable than
solid-phase particles, this partitioning is an important factor that in
fluences bioavailability and bioaccumulation in aquatic biota (Ahlf
et al., 2009; Fukunaga and Anderson, 2011).
Copper is an active redox element, and it can be reduced – by abiotic
or biotic processes – from cupric Cu(II) to cupreous Cu(I) or Cu(0) (Fulda
et al., 2013a). The reduction of Cu(II) in sulfate-reducing conditions by
dissolved sulfide (Luther et al., 2002) and the resultant precipitation of
sparingly-soluble metal sulfides (Morse and Luther, 1999) may sub
stantially decrease the solubility of Cu. In the presence of S(-II), Cu(II) is
reduced to Cu(I) and then precipitated with S(-I) to form amorphous
covellite, CuS(s) (Patrick et al., 1997). However, during the flooding of
initially oxic sediment, Cu(II) was found to be reduced to Cu(I) first and
then reduced to Cu(0) before the start of sulfate reduction. When this
eventually occurred, Cu was slowly transformed to Cu(I)-sulfide pre
cipitates (Weber et al., 2009). Moreover, Cu(II) may be reduced to Cu(I)
by organic substances (Pham et al., 2012; Fulda et al., 2013b) and the
formed Cu(I) may also form strong complexes with organic matter (OM)
(Karlsson et al., 2006; Fulda et al., 2013a). Particularly in sediments
where the content of available sulfide is low, organic Cu(I) and Cu(II)
complexes may constitute a considerable fraction of the geochemically
active Cu (Fulda et al., 2013b).
Previous studies on the mobilization of Cu during anoxic to suboxic
transitions were primarily focused on the oxidative dissolution of Cu
sulfides in sulfide-rich sediments (e.g., Caetano et al., 2003; Fulda et al.,
2013a). In order to predict Cu toxicity, it is therefore critical to under
stand Cu speciation and bioavailability under many conditions. The aim
of this study is to investigate the mechanisms that transform dissolved
Cu in oxic overlying/porewater to non-bioavailable solid-phase species
during the transition to suboxic and anoxic conditions.

Table 1
Physicochemical properties of studied sediments collected from River Raisin,
Spring Creek, and Maple Lake.
Variable

River Raisin

Spring Creek

Maple Lake

pH
Organic matter (loss on ignition, %)
Total organic carbon (TOC, %)
Total Fe (mg kg− 1 dw)
Total Mn (mg kg− 1 dw)
Total Cu (mg kg− 1 dw)
AVS (μmol g− 1)
SEM-AVS/(ƒOC) (μmol g− 1)
Coarse (%)
Medium (%)
Fines (%)

6.3
5.9
3.3
7563
506
BDLa
1.12
14.2
5.1
90.8
2.7

6.1
0.9
0.4
2644
71.0
6.8
<0.05
7.6
31.9
48.0
16.0

6.4
0.3
0.4
2367
41.0
1.0
1.18
− 228.8
1.2
97.7
1.0

a

Below detection limit (= 0.26 mg kg− 1for Cu).

phases to metal binding in the sediments from all three locations,
especially for Spring Creek. The OC normalized difference between SEM
and AVS [SEM-AVS/(ƒOC)] ranged from − 228.8 to 14.2 μmol g− 1 OC.
Metal toxicity is predicted when SEM-AVS/(ƒOC) > 150 μmol g− 1 OC.
Raisin sediments, relative to Spring and Maple sediments, had greater
amounts of total organic carbon (TOC = 3.3%, 0.4% and 0.3%,
respectively) and Fe (7,560, 2640 and 2370 mg kg− 1, respectively).
Sediment temperature, dissolved oxygen (DO), and pH were
measured immediately after on-site sampling and throughout the labo
ratory incubation period. Temperature was measured using a digital
thermometer and DO and pH were measured using microsensors and a
four-channel Microsensor Multimeter (Unisense® A/S, Denmark). Sen
sorTrace PRO® software (Unisense® A/S, Denmark) was used for sensor
signal logging. Two points were used to calibrate the DO sensor: air
saturated tank water (100% air saturation) and an anoxic solution of 2 g
sodium ascorbate in 100 mL of 0.1 M NaOH (0% saturation). The
detection limit for DO was 0.05 μM. The pH sensor calibration was done
in buffers with pH of 4.0, 7.0, and 10.0.
2.2. Experimental setup
Fig. 1 shows the experimental setup to investigate the transformation
processes of Cu added to freshwater sediments under suboxic and anoxic
conditions. Briefly, a 28-d laboratory incubation of the sediments was
performed with spiked Cu (30 and 60 mg kg− 1 Cu) under a nitrogen
atmosphere. Sediments at background concentrations (without spiking)
were used as control. After 28-d, a subset of each treatment was
amended with OM and sediments were incubated for another 28-d to
evaluate the effects of anoxic conditions on Cu speciation. Sediment
physicochemical characterization included total metals, TOC, SEM/
AVS, and particle size. A BCR-701 protocol quantified geochemical
fractions of Cu. In addition, the speciation of S and Cu was determined
using X-ray absorption near edge structure (XANES) and extended X-ray
absorption fine structure (EXAFS) spectroscopy, respectively. Scanning
electron microscopy and energy dispersive system (SEM/EDS) analysis
and Raman spectroscopy were performed for microstructural and
mineralogical characterization. Toxicity tests evaluated the effects of Cu
in overlying water and surficial sediments using Daphnia magna and
Hyalella azteca, respectively.

2. Materials and methods
2.1. Sediment collection and characterization
A shovel was used to collect surficial sediments (at 0–10 cm depths)
from three freshwater ecosystems in Michigan (USA): River Raisin and
Spring Creek, which are low-gradient streams, and Maple Lake, which is
a small reservoir on the Paw Paw River (south branch). These sites have
no history of metal contamination and were selected because they
differed in key metal-binding ligands, such as SEM, AVS (Burton et al.,
2007), total iron (Fe), and OM (Table 1).
Most significantly, Raisin sediments had OM contents (loss-on-igni
tion – LOI = 5.9%) that was about 6 and 19-fold greater than those in
Spring Creek and Maple Lake, respectively (Table 1). Low AVS con
centrations (<1.2 μmol g− 1) suggest a limited contribution of sulfide

2.3. Preparation of Cu-spiked sediments
Sediments were spiked with Cu using an indirect procedure and pH
adjustment (Simpson et al., 2004; Costello et al., 2015). All experiments
were done in triplicate within an anaerobic chamber (Coy, 95% N2/5%
H2) using N2-purged solutions, which were prepared using ultrapure
deionized water (Millipore, 18.2 MΩ cm) and analytical grade chem
icals. A small volume (approximately 1 L) of sediment was modified with
copper chloride dihydrate (CuCl2⋅2H2O, Sigma Aldrich), sealed under
2
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Fig. 1. Schematic of the stepwise process for the copper transformation experiments.

N2 headspace, and then shaken to mix for 1 h. After 24 h, a small amount
of 1 M NaOH was added to modify sediment pH to be near the initial pH,
within 0.5 units. After 7 days, spiked sediments were diluted using
reference sediments to create Cu target concentrations. Nominal metal
concentrations were selected to span an expected nontoxic (30 mg kg− 1
Cu) to possibly toxic (60 mg kg− 1 Cu) range to Hyalella azteca and
Daphnia magna (Roman et al., 2007). Sediments at background con
centrations (without spiking) were used as the control. Spiked sediments
were incubated for 28 days under N2 (rolled 2 h, three times per week) to
allow sufficient time for Cu equilibration to be reached between pore
water and solid-phase fractions.

reproducibility and recoveries. This procedure is described in detail in
Table 2, which also contains the target phases each extraction is
assumed to represent. However, the accuracy of this assignment has
often been debated. For example, Donner et al. (2012) observed that
organically complexed Cu to a large extent is extracted into the reduc
ible (F2) fraction, which is explained by the low pH (1.5) of the extract.
Hence in our analysis we interpret the results primarily in terms of
changes in the relative solubility of Cu, rather than to assign the
extracted Cu to specific phases. The extraction was done using ~1 g of
wet sediment at different nominal concentrations (background, 30 mg
kg− 1 Cu, and 60 mg kg− 1 Cu) in 50 mL polypropylene centrifuge tubes.
After each extraction, mixtures were centrifuged at 3000 rpm for 20
min. The supernatant was then decanted and stored in clean centrifuge
tubes at 4 ◦ C until analysis.
The sediment residue from each extraction was then washed using

2.4. Organic matter amendments
After 28 days of incubation, we evaluated the transformation pro
cesses of Cu added to freshwater sediments under what is generally
defined (e.g., Tostevin and Poulton, 2019) as suboxic (DO of 1–10 μM)
and anoxic (DO < 1 μM) conditions. To achieve this, the Cu-spiked
sediments were either unamended (suboxic) or amended (anoxic) with
OM from animal feces. For the OM-amendment, an aliquot of approxi
mately 50 g (dry weight) OM was added to 10 mL of MilliQ water and
homogenized to create a slurry (initial TOC = 3.8%). To avoid excessive
bacterial activity and maintain environmentally realistic conditions, the
slurry was mixed in 1 L of formulated sediment (slurry/sediment ratio
1:20) and rolled for 24 h to create a target concentration of ~1% TOC.
Both unamended and OM-amended sediments were incubated inside an
anaerobic chamber for another 28 days before analysis.
Total OC was determined for all sediments at all treatment condi
tions. Sediment samples (~10 g wet weight) were shipped to the Alfred
H. Stockard Lakeside Laboratory at the University of Michigan Biolog
ical Station for analysis. Upon arrival, all sediments were homogenized
and freeze-dried at approximately − 80 ◦ C and subsequently analyzed in
the elemental analyzer (OI Analytical, model 1080), in accordance with
U.S. EPA method 440.0 (Zimmerman et al., 1997).

Table 2
The modified BCR three-stage extraction procedure.

2.5. Copper fractionation in suboxic and anoxic sediments
The suboxic and anoxic sediment samples were sequentially extrac
ted to determine four geochemical fractions of Cu using the modified
three-stage BCR procedure (Davutluoglu et al., 2011), which has good

Step (Fraction)

Nominal target
phase(s)

Reagent(s)

Procedure(s)

F1
(Exchangeable,
water and acid
soluble)
F2 (Reducible)

Soluble species,
carbonates,
exchangeable
metals
Iron/manganese
oxyhydroxides

0.11 mol L−
CH3COOH

F3 (Oxidizable)

Organic matter
and sulfides

8.8 mol L− 1 H2O2
followed by 1.0
mol L− 1
CH3COONH4
(adjusted to pH 2
with HNO3)

Residuala

Remaining, nonsilicate bound
metals

Nitric acid
digestion

1

0.5 mol L− 1,
NH2OH⋅HCl
(adjusted to pH 1.5
with HNO3)

20 mL CH3COOH
+ 0.5 g sample
shaken 30 rpm16 h
20 mL
NH2OH⋅HCl +
residue from step
1 and shaken 30
rpm-16 h
10 mL H2O2 +
residue from step
2 at 85 ◦ C till
almost dryness;
25 mL
CH3COONH4
shaken 30 rpm16 h
Costello et al.
(2019)

a
Digestion of residual material is not included in the original BCR protocol
(Davutluoglu et al., 2011).
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10 mL Milli-Q water and shaken mechanically for 15 min at 30 rpm.
Following shaking, residue was centrifuged at 3000 rpm for 20 min. The
supernatant was discarded. The results of the sequential extraction
procedure were verified by comparing the sum of the four steps (acid
soluble + reducible + oxidizable + residual) with the total Cu content,
which was determined by digesting dried sediment with concentrated
nitric acid (HNO3) in a hot block at reflux temperatures (Environmental
Express) (Costello et al., 2019). Metal concentrations were determined
using inductively coupled plasma-optical emission spectroscopy
(ICP-OES, Perkin Elmer, model Optima 8000) and the USEPA method
6010B for Cu (USEPA, 1996).
The percentage recovery from the digestion was verified (>80%) by
using the Commission of the European Communities Bureau of Refer
ence (BCR) BCR-701 certified reference material in the digestion. Re
coveries of acid soluble, reducible, oxidizable, and residual fractions for
the BCR-701 reference material were 98%, 114%, 84%, and 103%,
respectively (Supplemental Data, Figure S1), compared to the values
certified by the European Commission (Rauret et al., 2001). A satisfac
tory recovery of 95% was obtained for the total digestion of the certified
reference material BCR-701.

then after every five sample scans. Three or four scans were collected per
sample.
Each raw S XANES spectrum was individually analyzed to remove
poor scans before merging, alignment and normalization using the
software Demeter Athena XAS Data Processing, version 0.9.26 (Ravel
and Newville, 2005), following the procedures described by Kelly et al.
(2008). The samples were normalized using a pre-edge range for base
line adjustment of − 25 to − 7 eV relative to E0, and a post-edge
normalization range from +50 to +70 eV relative to E0, keeping the
E0 constant at 2472.02 eV. The S K-edge XANES spectra were interpreted
qualitatively using spectra from standard compounds (Table 3), diluted
1:6 with boron nitride to minimize self-absorption, which had been
previously recorded at the same beamline (Boye et al., 2011). The
standards were grouped into S forms: reduced (peak energy <2475 eV),
intermediate (peak energy 2475–2479 eV) and highly oxidized (peak
energy>2479 eV).
For the Cu K-edge, XANES data were collected in fluorescence mode
using a 30-element Ge array detector. The beamline was equipped with a
Si[220] double crystal monochromator and a He cryostat (<15 K). The
Fe fluorescence and scattering contributions were reduced using a
combination of Ni and Al filters together with Soller slits. Internal en
ergy calibration was accomplished using a metallic copper foil assigned
to 8979 eV (Thompson et al., 2009). Multiple scans, from 3 to 8, were
done on each sample. No systematic changes were observed in indi
vidual scans of the same samples, hence there was no evidence of beam
damage.
Cu K-edge data were collected from − 150 to − 30 eV, and from +80
to +740 eV, respectively, relative to E0, which was kept at 8988 eV. The
Cu K-edge XANES spectra were compared to a collection of standards
obtained from various sources, detailed in Table S1 (Supplemental
Data). Linear combination fitting (Fulda et al., 2013b) was done to fit the
sample spectra using weighted combinations of the standard spectra
(Figure S2, Supplemental Data). In the fitting, no energy shifts were
permitted. The fitting range was constrained to between − 10 and +30
eV relative to E0. At most three standards were included in each fit.
Fe K-edge XANES data were also collected at beamline 7-3. However,
these data showed that for all samples the first shell was dominated by a
mixture of Fe(II)–O and Fe(III)–O paths typical of primary minerals, and
that phases of relevance for the current study, e.g. Fe–S minerals, could
not be identified; therefore, these results were disregarded.

2.6. Raman and SEM/EDS spectroscopy
The morphology, speciation and chemical composition of the sedi
ments were analyzed on suboxic and anoxic wet samples (spiked with
60 mg kg− 1 Cu) using a TESCAN Mira 3 GMU (TESCAN, Brno, Czech
Republic). The Mira 3 scanning electron microscope was coupled to an
EDAX Team (EDAX, Mahwah, USA) energy dispersive system (SEM/
EDS) with elemental mapping capabilities as well as with a confocal
Raman microscope for comprehensive correlative sample analysis. The
SEM/EDS imaging adopted the following analytical conditions: an ac
celeration voltage of 5 kV, a beam intensity of 8 nA and a magnification
of 5kX, 10kX, and 20kX. The EDS operating conditions involved an
accelerating voltage of 20 kV and a resolution of 123.8 eV.
The SEM/EDS stage was used for transferring a sample to the Raman
imaging position (automated movement). The advantage of this coupled
system is its ability to conduct different analyses for the same regions of
interest. In this study, 2-dimensional Raman spectral maps (X, Y) were
collected and then analyzed to determine the mineralogical composition
of the sediments. The areas of interest were identified using SEM/EDS
imaging and microanalysis. The excitation wavelength was 785 nm,
with a power of 30 mW. The Raman spectra were recorded from − 580 to
3000 cm− 1 (accumulation time of 0.5 s).

2.8. Extended X-ray absorption fine structure (EXAFS)
For Cu K-edge EXAFS, background removal was done using the
AUTOBAK algorithm in Athena, with a k-weight of 3 and with the Rbkg
parameter set to 0.9. The scans were then imported to Artemis (Ravel
and Newville, 2005) for final treatment of the EXAFS spectra, producing
a model for the first-shell contributions. For each sample, two models
were tested, alone or in combination. In the first, Cu(I) was bound to 3 S
at ~2.3 Å, similar to the coordination in covellite (Evans and Konnert,

2.7. X-ray absorption near-edge structure (XANES)
X-ray absorption spectroscopy (XAS) was used to determine S, Fe,
and Cu speciation in the suboxic and anoxic sediments. XAS measure
ments were performed at the beamlines 4-3 (S K-edge) and 7-3 (Cu and
Fe K-edges) of the Stanford Synchrotron Radiation Lightsource (SSRL,
SLAC National Accelerator Laboratory, Menlo Park, USA). Freeze-dried
(liquid N2) samples were placed on S-free XRF Mylar tape (Fluxana
GmbH & co. KG, Bedburg-Hau, Germany) across a 2 × 4 cm2 window in
an aluminum frame. Samples were covered with a 5 μm thick poly
propylene film and kept under a positive helium flow during measure
ments (Almkvist et al., 2010; Boye et al., 2011).
S K-edge XANES data were collected across an energy range from
2422 to 2618 eV in fluorescence mode using a 7-element Ge array de
tector. The beamline was equipped with a Si[111] double-crystal
monochromator. To reduce higher-order harmonics, the mono
chromator was detuned 30% of maximum intensity during the mea
surements. To minimize beam damage and thermal disorder, all samples
were measured in a He cryostream operating at 15 K. Internal energy
calibration was performed using the white line energy of a sodium
thiosulfate standard, which was assigned to 2472.02 eV (Boye et al.,
2011). Calibration was conducted at the beginning of the analysis and

Table 3
Sulfur standard compounds and functional groups included in the fitting of XAS
sample spectra.

4

Function

Sulfur Compound

Oxidation
State

Maximum
Peak (eV)

Reduced S

Sulfide
Sulfhydryl

Intermediate
forms of
oxidized S

Thiosulfate

− 2
0
0
+2

2470.2
2472.5
2473.5
2479.3

Highly
oxidized S

Sulfonate
Sulfate

Iron sulfide
Elemental S
Cysteine
Sodium
dithiosulfate
pentahydrate
(Na2S2O3⋅5H2O)
L-Cysteic acid
Sodium sulfate
decahydrate
(Na2SO4⋅10H2O)

+5
+6

2481.2
2482.4

E.C. Cervi et al.

Chemosphere 282 (2021) 131063

1976), and in the second Cu(II) was bound to 4 equatorial O in a
Jahn-Teller coordination similar to that found in Cu(II) sorption com
plexes as in ferrihydrite (Tiberg et al., 2013).
During the fitting procedure, the amplitude reduction factor (S20) was
set to 0.98 (Fulda et al., 2013b), while the coordination numbers (CN)
and the Debye Waller factors were allowed to vary. Because the CN:S
and the Debye-Waller factors are interrelated, the optimised values for
CN should not be given much weight in the interpretation. The k-range
used was from 2.5 to 10 Å− 1, and the R+ΔR range was from 1 to 2.2 Å
(corresponding to interatomic distances of 1.5–2.7 Å). EXAFS shell
fitting was not performed for the Raisin River 30 mg kg− 1 and Maple
Lake 30 mg kg− 1, as these data were restricted to the XANES region.

higher Cu concentrations, suggesting the presence of added Cu in the
microcosms elicited OM consumption by stressed microorganisms
(Dupont et al., 2011).
Over the 28-day experiment, the pH remained stable (pH 6.3 ± 0.0)
in all suboxic sediments (Figure S3C, Supplemental Data). The pH at the
start of the incubation was higher in anoxic than suboxic sediments,
particularly for Raisin River and Spring Creek at background concen
trations (both pH 6.8). The pH of anoxic sediments on day − 1 of the
experiment ranged between approximately 6.1 and 6.8 (Figure S3D,
Supplemental Data). Following 24-h equilibration, there was an initial
increase in pH in all anoxic samples, with pH on day 1 ranging between
approximately 6.6 and 7.1. The pH then gradually increased from day
4–7 and plateaued after two weeks (day 14–28). Mean pH values in the
anoxic sediments over the course of the experiment were: River Raisin =
6.8 ± 0.3, Spring Creek = 7.0 ± 0.3, and Maple Lake = 6.8 ± 0.3.
Temperatures across both unamended and OM-amended treatments
(Figures S3E and S3F, Supplemental Data) were held rather constant
over the study period (17.5–17.9 ◦ C). The redox potential of all suboxic
sediments (Figure S3G, Supplemental Data) remained rather constant
over the study period (mean of 290 ± 10 mV). In contrast, the redox
potential declined rapidly in anoxic sediments (Figure S3H, Supple
mental Data) from day − 1 to day 0 and remained stable after two weeks
(day 14–28). This suggests that the added OM was decomposed, with
subsequent consumption of oxygen, consumption of other terminal
electron acceptors (e.g., nitrate), and decrease in redox potential.

2.9. Acute and chronic effects of copper to benthic invertebrates
Laboratory 10-day acute and chronic toxicity tests were completed in
order to assess the effects of suboxic and anoxic Cu-spiked sediments.
Tests were conducted using pelagic (D. magna, 3–4 days old) and epi
benthic (H. azteca, aged 7–14 days) invertebrates exposed to overlying
water and sediment + porewater, respectively. Test chambers were 300mL beakers containing 100 mL of sediment and 175 mL of ion-enriched
water (IEW). Ten individuals of each species were used in each of the
four replicates. Test endpoints included survival and growth for
H. azteca (USEPA, 2000), and survival, growth, and reproduction for
D. magna (USEPA, 2002). D. magna were fed Sel-Cero every day during
the exposure, while H. azteca were not fed to promote sediment grazing.
Three representative groups (10 organisms each) were collected to
estimate initial mass on day 0 (±0.001 mg). Individual growth rate
(IGR) for both organisms was calculated per Cervi et al. (2020) as
follows:
[
]
Σ(massorg )
Σ(massorg )
final
initial
=
norg
norg
IGR =
time

3.2. Copper fractionation in suboxic and anoxic sediments
Measured concentrations of Cu-spiked sediments (Table 4) remained
within 82–105% of the targeted range (30 or 60 mg kg− 1). Therefore,
nominal concentrations were adopted throughout the study to improve
readability. Copper was not detected in River Raisin sediments at
background concentrations, whereas Cu in Spring Creek sediments
under suboxic and anoxic conditions were 5.7 and 5.6 mg kg− 1,
respectively.
Fig. 2 and Table S2 (Supplemental Data) shows the Cu geochemical
fractionation in suboxic and anoxic sediments following the modified
BCR-701 extraction procedure. Copper was almost entirely bound to
extractable fractions (F1, F2 and F3) in all sediments. River Raisin
sediments spiked with Cu (30 and 60 mg kg− 1) were mainly associated
to the oxidizable fraction. The percentage of Cu bound to OM and sul
fides were 82% and 91% (suboxic and anoxic samples, respectively) in
River Raisin sediments spiked with 30 mg kg− 1, whereas 77% and 93%
were bound to the same fraction in suboxic and anoxic sediments spiked
with 60 mg kg− 1.
For suboxic Spring Creek sediments at background concentrations,
Cu was heterogeneously bound to acid soluble (F1 = 5%), reducible (F2
= 38%), and oxidizable (F3 = 57%) fractions. Copper was mainly
associated with the reducible fraction in both Cu-spiked suboxic sedi
ments (55% and 67% for 30 and 60 mg kg− 1, respectively). Results for
the Maple Lake sediments were similar. In the presence of OM,

where mass is in μg, n is the number of organisms/replicates, and time is
days.
2.10. Statistical analysis
Significant differences in Cu toxicity under suboxic and anoxic
conditions were determined among the different Cu-spiked sediments
and the control at background concentrations (p < 0.05). XLSTAT®
statistical software for Microsoft® Excel was used and the following tests
conducted: (1) Shapiro-Wilk to determine if datasets had normal or nonnormal distributions, (2) Levene’s test to determine whether variances
among treatments were equal, (3) Kruskal-Wallis for multivariate
comparisons of non-parametric variables, and (4) one-way analysis of
variance (ANOVA) for multivariate comparisons of normally distributed
variables, followed by Tukey’s Honest Significant Difference post-hoc
test as needed.
3. Results

Table 4
Nominal versus mean measured concentrations of River Raisin, Maple Lake, and
Spring Creek sediments at background and Cu-spiked concentrations (30 and 60
mg kg− 1) under suboxic and anoxic conditions. Percentage of nominal concen
tration is given in parentheses.

3.1. Organic matter amendments
After 24h and throughout the 28-day incubation period, sediments
amended with OM were anoxic (DO concentration = 0.0 mg L− 1), and
unamended sediments were suboxic (DO concentration between 0.01
and 0.20 mg L− 1) (Figures S3A and S3B, Supplemental Data). For sub
oxic samples (unamended), %TOC ranged from 0.3 to 3.3% (mean of
1.1%), while for anoxic samples (OM-amended), the values ranged from
0.4 to 4.0% (mean of 1.4%). All sediments increased %TOC after OM
amendments, except for River Raisin at 60 mg kg− 1 Cu, which decreased
from 2.0% (suboxic) to 1.8% after OM-amendments (Supplemental
Data, Figure S4). Lower levels of %TOC were observed in samples at

Nominal concentration

River Raisin

Maple Lake

Spring Creek

− 1

Measured concentration (mg kg )
Background Suboxic
Background Anoxic
30 mg kg− 1 Cu Suboxic
30 mg kg− 1 Cu Anoxic
60 mg kg− 1 Cu Suboxic
60 mg kg− 1 Cu Anoxic

5

0.0
0.0
30.3 (101)
28.0 (93.3)
57.6 (96)
53.9 (89.8)

1.5
1.0
28.8 (96.1)
24.7 (82.3)
53.1 (88.4)
59.3 (98.8)

5.7
5.6
27.0 (90)
31.6 (105)
52.5 (87.4)
55.2 (92)
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Fig. 2. Geochemical fractionation of copper (mg kg− 1) for suboxic and anoxic Maple Lake, Raisin River, and Spring Creek sediments at different spiked concen
trations and analysis recovery using the BCR-701 extraction procedure and certified reference material.

oxidizable Cu became the dominant fraction for both sediments. For
example, for Spring Creek F3 represented 90% and 91% of Cu for the
anoxic sediments at 30 and 60 mg kg− 1 spiked Cu, respectively.
Collectively, these results show that the amendment of OM led to poorer
Cu extractability, possibly because of Cu-sulfide formation.

Based on edge-normalized S K-edge XANES spectra of the reference
compounds, six predominant S species were isolated across the experi
mental sediment samples: inorganic sulfides (represented by FeS),
elemental
S,
cysteine,
sodium
dithiosulfate
pentahydrate
(Na2S2O3⋅5H2O), L-cysteic acid, and sodium sulfate decahydrate
(Na2SO4⋅10H2O). When categorized based on functional group and
oxidation state, it was apparent that highly oxidized sulfates and sul
fonates comprised the predominant species for all spectra, across all
treatments, although the addition of OM influenced species
concentrations.
Among anoxic sediments, we found a significant presence of inor
ganic sulfides and thiols, at peaks of 2470.2 and 2473.6 eV, respectively.
Elemental S (2472.5 eV) was only observed in Maple Lake 30 mg kg− 1
and 60 mg kg− 1. Decreased quantities of inorganic sulfides and sulfhy
dryl groups were detectable in suboxic sediments, suggesting that a
higher fraction of the S species was present in oxidized forms.

3.3. Characterization of S species
The S K-edge XANES results were different for the sediments that
were amended with OM compared to those that were not: the suboxic
samples had a predominance of oxidized S species, particularly sulfate,
whereas the content of reduced S, such as S(-I) and S(-II) was rather low
(Fig. 3). In the anoxic samples, most of the sulfate had been reduced,
increasing the fraction of reduced S species considerably. Hence, the
anoxic samples had a larger concentration of both inorganic sulfide and
organic sulfide/thiol compounds, with which spiked Cu could react.
6

E.C. Cervi et al.

Chemosphere 282 (2021) 131063

Fig. 3. Sulfur XANES spectra of Maple Lake, Spring Creek, and River Raisin sediments at background and Cu-spiked concentrations (30 and 60 mg kg− 1) without (left
panel) and with (right panel) OM amendments.

Although S functional groups were similar between both treatments,
their proportions changed significantly. Inorganic sulfides were
observed in only two suboxic samples (River Raisin 30 mg kg− 1 and 60
mg kg− 1), compared to the ubiquitous inorganic sulfide presence among
the anoxic sediments. The position of the maximum for the oxidized
sulfur peak (ester sulfates, inorganic sulfates, and sulfonates) shifted
approximately − 1 eV with increasing OC content and decreasing O2
availability, indicating sulfate reduction had occurred, leaving only the
organic oxidized S species (ester sulfates and sulfonates) and resulting in
a decrease in the overall oxidation states.
3.4. Characterization of Cu species
In all anoxic sediment samples, Cu was predominantly present as Cu
(I) coordinated to S. The X-ray absorption edges of the samples were all
rather close to those of CuS and to the other Cu(I) compounds (Fig. 4;
Figure S2), showing that a large part of the added Cu had been reduced
to Cu(I) and then probably coordinated to S.
Linear combination fitting (LCF) of the XANES spectra (Table 5)
confirmed CuS, or a similar phase, to be predominant in all anoxic
samples except for Spring Creek 30 mg kg− 1, where Cu(I) complexed to
OM thiols was suggested to be predominant. Further, LCF indicated that
between 10 and 20% of the Cu remained as Cu(II) complexed to OM, as
evidenced by the presence of the Cu(II)-HA standard (Cu2+ complexed to
humic acid, c.f. Table S1) in the best fits.
Despite the LCF results, the EXAFS spectra visually did not show an
obvious close correspondence to the CuS standard (Fig. 5A), as many
samples lacked the extra shoulder at ~6.3 Å− 1 for CuS in the EXAFS
function. In fact, visual inspection suggested that the EXAFS of these
samples seemed more related to copper(I) sulfide (Cu2S). EXAFS shell
fitting of the first shell revealed that Cu was predominantly coordinated
to S in all anoxic samples, with a Cu–S distance of ~2.3 Å, which is
similar to both CuS and Cu2S, although clearly longer than what was
obtained for the Cu(I)-thiol standard (2.24 Å, Table 5, Fig. 5B). For
Spring Creek 30 mg kg− 1, however, shell fitting revealed the likely
presence also of a minor fraction of oxygen atoms in the first shell, with a

Fig. 4. Normalized Cu K-edge XANES spectra for all samples. The XANES
spectra of CuS (red dashed line) and of Cu(II) complexed to humic acid (blue
dashed line) are shown for comparison. (For interpretation of the references to
colour in this figure legend, the reader is referred to the Web version of
this article.)

distance (1.92 Å) similar to that expected for the four equatorial oxygens
of a distorted Cu(II)–O octahedron.
Also, for the suboxic samples both the XANES and EXAFS results
showed that Cu had been reduced in part to Cu(I) and coordinated to S,
despite the lower occurrence of reduced S in these samples. For the
Raisin River and the Maple Lake samples, there was even a predomi
nance of Cu sulfides, similar to what was observed for the anoxic sam
ples, and LCF indicated only around 20% persisted as Cu(II), all of which
was complexed to OM. EXAFS shell fitting revealed only Cu–S at 2.27 Å
7
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in the first shell.
For Spring Creek samples, however, there was significant additional
involvement of oxygen-bound Cu(II) in the first shell. In terms of the
energy position at the absorption edge, these two samples were inter
mediate to those of the CuS and Cu(II)-HA standards, which can be seen
in Fig. 6. The LCF suggested around 40–50% of the Cu to be present as
Cu(I) complexed to thiols, the remainder being organically complexed
Cu(II) (Table 5). EXAFS shell fitting showed a similar distribution be
tween Cu(I)–S and Cu(II)–O paths in the first shell (Table 6). The mixture
between Cu(I)–S and Cu(II)–O paths caused relatively flat and feature
less EXAFS functions as well as FT magnitudes (Fig. 6A and B).

Table 5
Copper speciation as evidenced from Linear Combination Fitting (LCF) of
XANES spectra. Results of the best fits are shown as %, with standard deviations
within parenthesis. The sum of the percentages was not constrained to 100.
Sample

Cu(I)
CuS

Anoxic
Maple Lake 60 mg
kg− 1 Cu
Maple Lake 30 mg
kg− 1 Cu
Raisin River 60 mg
kg− 1 Cu
Raisin River 30 mg
kg− 1 Cu
Spring Creek 60 mg
kg− 1 Cu
Spring Creek 30 mg
kg− 1 Cu
Suboxic
Maple Lake 60 mg
kg− 1 Cu
Maple Lake 30 mg
kg− 1 Cu
Raisin River 60 mg
kg− 1 Cu
Raisin River 30 mg
kg− 1 Cu
Spring Creek 60 mg
kg− 1 Cu
Spring Creek 30 mg
kg− 1 Cu

Cu(II)
Cu(I)thiol

CuCl

83(2)
74(7)

10
(5)

82(2)
89(1)
16(9)

16
(2)

5(7)

73(6)

60(10)

76(1)

CuO

18
(1)
11
(6)

Cu(II)HA

R
factor

0.006
18(1)

0.007
0.003

6(5)

0.003

10(1)

0.001

20(1)

0.013

19(1)

0.008

34
(10)
57(8)

43(10)

20(1)

0.013

17(8)

22(1)

0.009

63(8)

20(9)

22(1)

0.009

3(7)

44(7)

50(1)

0.006

49(1)

48(1)

0.008

3.5. Raman and SEM/EDS spectroscopy
Fig. 6 shows the surface morphology and elemental analysis (SEM/
EDS) as well as the mineralogical analysis (Raman) of the Cu-spiked
sediments under suboxic and anoxic conditions. The EDS analysis of
sediments under anoxic conditions (Fig. 6B and D) revealed an increase
in carbon counts as a result of OM amendments. The images also evi
denced the formation of regularly shaped CuS and FeS nanoparticles of
less than 10 up to 20 μm under anoxic conditions.
The Raman spectra confirmed the previous results, indicating that all
sediment samples were dominated by quartz, Fe and Cu sulfides, and S,
whereas a few spots were consistent with amorphous material (Fig. 6E
and F). Raman bands in quartz crystal at 207 and 128 cm− 1 are char
acteristic of lattice modes whereas the strong peak at 470 cm− 1 is
characteristic of symmetric stretching vibration. The modes below 400
cm− 1 are associated with the external modes of the ions (lattice pho
nons) and the internal modes of the Cu complex. The modes above 400
cm− 1 are associated with the intramolecular vibration of sulfate.

Fig. 5. k3-weighted (A) and Fourier Transform (B) magnitudes of Cu K-edge EXAFS spectra. The uppermost six spectra (dark blue lines) are anoxic samples, whereas
the four spectra in the middle (light blue lines) are suboxic samples, and the four lowermost samples (black lines) are selected standards. Dashed lines at k = 4.15 Å− 1
and 5.9 Å− 1 denote Cu(I)–S interactions in Cu2S, whereas the line at 6.55 Å− 1 denotes a Cu(II)–O interaction in Cu(II)-HA. The vertical dashed lines at R+ΔR = 1.44 Å
and 1.8 Å indicate the first-shell distances of Cu(II)–O (1.94 Å) and Cu(I)–S (2.3 Å), respectively. (For interpretation of the references to colour in this figure legend,
the reader is referred to the Web version of this article.)
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Fig. 6. Surface morphology (EDS/SEM) and elemental analysis (Raman spectroscopy) of the Cu-spiked sediments under suboxic and anoxic conditions.

moderate 343 cm− 1 and 380 cm− 1 peaks represent Eg and Ag modes of
pyrite; the weak 430 cm− 1 peak is the Tg(3) mode of pyrite, respectively,
and the 352 cm− 1 peak is an overlap of pyrite [Tg(1), ~350 cm− 1] and
quartz [A1, ~353 cm− 1]. As the Tg(2) mode of pyrite is weak and occurs
≤2 cm− 1 apart from the intense Ag peak (Vogt et al., 1983) only the 343

Under anoxic conditions, Cu was reduced in part to Cu(I) and coor
dinated to S and possibly Fe. Raman peaks typically indicated the for
mation of Fe sulfides (FeS and FeS2), Cu sulfides (covellite) and copper
iron sulfides (chalcopyrite). The Raman spectrum of pyrite coincides
with published data (Vogt et al., 1983; Kleppe and Jephcoat, 2004). The
9
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A summary of Raman transitions for identification of the corre
− 1
sponding S2−
n /S0 species is provided in Table 7. The peak at 320 cm
has been assigned to the ν2 mode of chalcopyrite (Parker et al., 2008).
Except for Raisin River 60 mg kg− 1, covellite was identified in all sedi
ment samples and consists of a symmetric S–S (νSS) stretching band at
470 cm− 1 and a smaller band at 267 cm− 1, attributed to lattice vibra
tions (Parker et al., 2008). Elemental octasulfur (S8) also yields a strong
νSS band at 470 cm− 1 (Eckert and Steudel, 2003). However, S8 displays a
band from S–S–S (δSSS) chain bending at ~208 cm− 1 which is not found
in covellite (Mycroft et al., 1990).

Table 6
Summary of first-shell fit results: Cu K edge EXAFS spectra of samples and
standards. Parameters in italics were constrained during fitting.
Cu–O path
CNa
Anoxic
ML 60
mg
kg− 1
Cu
ML 30
mg
kg− 1
Cu
RR 60
mg
kg− 1
Cu
RR 30
mg
kg− 1
Cu
SC 60
mg
kg− 1
Cu
SC 30
0.5
mg
(3)
− 1
kg
Cu
Suboxic
ML 60
mg
kg− 1
Cu
RR 60
mg
kg− 1
Cu
SC 60
1.5
mg
(1)
kg− 1
Cu
SC 30
1.5
mg
(4)
kg− 1
Cu
Selected standards
CuS

Ra
(Å)

1.92

Cu–S path

σ2

(Å2)

0.005

3.5
(3)

R
factor

0.008
(2)

− 0.7
(1.2)

0.007

2.32
(1)

0.008
(1)

− 4.1
(9)

0.020

3.6
(6)

2.33
(2)

0.007
(3)

− 1.0
(1.6)

0.012

4.0
(6)

2.33
(1)

0.009
(3)

− 0.8
(1.5)

0.009

3.1
(4)

2.31
(1)

0.006
(2)

− 1.6
(1.2)

0.007

1.8
(3)

2.31
(2)

0.007

− 7.1
(2.0)

0.025

2.7
(3)

2.29
(1)

0.007
(2)

− 5.0
(1.2)

0.005

2.9
(5)

2.29
(2)

0.009
(3)

− 5.4
(1.8)

0.011

R (Å)

σ2

4.2
(6)

2.33
(1)

2.9
(2)

(Å2)

0.005

1.0
(1)

2.30

0.007

− 4.7
(0.5)

0.003

1.91
(5)

0.005

0.7
(4)

2.33
(1)

0.007

− 6.0
(5.0)

0.022

2.2
(4)
1.5
(3)
2.4
(4)

2.27
(2)
2.31
(2)
2.24
(2)

0.006
(3)
0.007
(2)
0.006
(2)

− 1.3
(1.6)
− 1.4
(1.6)
− 2.9
(1.8)

0.010

1.93
(1)

0.005
(2)

3.6. Effects of anoxic conditions on Cu toxicity
Table 8 shows mean acute and chronic toxicity to H. azteca and
D. magna (sediment and overlying water, respectively) for background
and Cu-spiked (30 and 60 mg kg− 1) sediments. H. azteca and D. magna
met the minimum acceptable performance criteria (survival >80%) in
the controls. There were no significant differences in survival between
the background and spiked sediments apart from the fact that D. magna
had lower survival in Spring Creek sediments spiked with 30 and 60 mg
kg− 1 compared to the control (p < 0.05). This may have been due to
higher bioavailable Cu concentrations. Additionally, there was a sig
nificant increase in H. azteca survival (p = 0.03) and growth (p <
0.0001) after OM amendment compared to non-amended samples.
4. Discussion

1.92
(1)

Cu2S
Cu(I)thiol
Cu(II)HA

ΔE
(eV)

CN

The addition of OM triggered a shift from suboxic to anoxic condi
tions, followed by a rapid decline in redox potential and an increase in
pH in the amended sediments. This suggests that the added OM was
decomposed, with subsequent consumption of oxygen and consumption
of other terminal electron acceptors (e.g., nitrate, Mn(IV), Fe(III), sul
fate, carbon dioxide) (Borch et al., 2009).
The OM addition stimulates an increase in pH because anerobic
processes are associated with many microbial groups that are hetero
trophs (Johnson and Hallberg, 2005). The relative importance of
different reduction processes associated with pH increase depends on
several factors, including initial pH, redox potential, and the concen
trations of various electron acceptors (Yuan et al., 2015). Sulfate and
iron reduction processes are likely strong contributors to pH increases in
sulfidic sediments, similar to the sediments used in this study with the
amended treatments (Jayalath et al., 2016). Decomposition of OM and
associated decarboxylation of organic acid anions can also result in pH
increase (Yan et al., 1996).
Overall, the percentage of OC decreased with increasing spiked Cu
concentrations in this study, suggesting that the presence of added Cu
elicited its consumption by stressed microorganisms (Dupont et al.,
2011). In the anoxic samples, most of the sulfate had been reduced,

0.009
0.011
0.006

a

CN = coordination number, R = atomic distance, σ2 = Debye-Waller factor,
ΔE = energy shift parameter, R factor = Athena goodness-of-fit parameter.
Uncertainties of fitted parameters as given in Artemis (Ravel and Newville,
2005).

Table 7
Summary of Raman transitions identification in terms of main sulfur and coppersulfide phases on suboxic and anoxic sediment samples.

cm− 1 and 379 cm− 1 peaks of pyrite and the 465 cm− 1 peak of quartz
were fitted in this study.
Small amounts of Cu oxides and CuCl dihydrate (used during spiking
procedures) were indicated in River Raisin and Spring Creek sediments
under suboxic conditions, as identified by their Raman peaks at 603 and
672 cm− 1, respectively (Fig. 6E). Raman peaks belonging to Cu oxides
had disappeared after OM amendments in River Raisin 60 mg kg− 1. This
is consistent with the idea that with the addition of OM, Cu sulfides
precipitate. Likewise, when comparing the anoxic with the suboxic
sediments, we noticed a dramatic decrease of sulfates (especially in
Spring Creek 60 mg kg− 1) and a simultaneous increase of sulfides.

Species

Raman peak positions

References

Chalcopyrite (monosulfide,
S2−
2 )

292 (ν1), 320 (ν3), 471
(ν2)

Parker et al. (2008)

From 443 to 480, main
at 470 (ν1)
Main at 150 (ν3), 220
(ν2), and 470 (ν1)
267 (ν2), 471 (ν1)
344 (ν2), 380 (ν1), and
430 (ν3)
672

Mycroft et al. (1990)

Parker et al. (2008)
Vogt et al. (1983), Kleppe
and Jephcoat (2004)
Frost et al. (2003)

513, 603
From 600 to 1500

El Jaroudi et al. (2000)
Parker et al. (2008)

Polysulfides (S2−
n )

Elemental sulfur (S8)
Covellite (S− )
Pyrite (FeS2)
Copper chloride dihydrate
(CuCl2 × 2H2O)
Copper oxides (Cu2O, CuO)
Copper sulfates (CuSO4 ×
H2O)
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Eckert and Steudel (2003)
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Table 8
Mean acute and chronic toxicity to Hyalella azteca and Daphnia magna in sediment and overlying water for background and Cu-spiked (30 and 60 mg kg− 1) sediments
(±SD). Laboratory ion-enriched water (IEW) was used as the control.
Sample
Anoxic
Control
Maple
Lake

Treatment

IEW
Background
30 mg kg− 1 Cu
60 mg kg− 1 Cu
River
Background
Raisin
30 mg kg− 1 Cu
60 mg kg− 1 Cu
Spring
Background
Creek
30 mg kg− 1 Cu
60 mg kg− 1 Cu
Pr > F(Model)
Significant
Suboxic
Control
IEW
Maple
Background
Lake
30 mg kg− 1 Cu
60 mg kg− 1 Cu
River
Background
Raisin
30 mg kg− 1 Cu
60 mg kg− 1 Cu
Spring
Background
Creek
30 mg kg− 1 Cu
60 mg kg− 1 Cu
Pr > F(Model)
Significant

H. azteca survival (%)

H. azteca IGR (μg day− 1)

D. magna survival (%)

D. magna IGR (μg day− 1)

D. magna R0 (neonates adults− 1)

100 ± 0.0 a
95.0 ± 5.0 a
95.0 ± 5.0 a
90.0 ± 7.1 a
100 ± 0.0 a
97.5 ± 4.3 a
97.5 ± 4.3 a
100 ± 0.0 a
95.0 ± 5.0 a
90.0 ± 0.0 a
0.001
Yes

4.5 ± 0.2
4.4 ± 0.2
4.5 ± 0.2
4.5 ± 0.2
4.6 ± 0.3
4.4 ± 0.1
4.5 ± 0.3
4.2 ± 0.1
4.6 ± 0.3
4.6 ± 0.2
0.023
Yes

a
a
a
a
a
a
a
a
a
a

100 ± 0.0 a
100 ± 0.0 a
90.0 ± 10.0 a
87.5 ± 8.3 a
100 ± 0.0 a
95.0 ± 5.0 a
87.5 ± 4.3 a
100 ± 0.0 a
92.5 ± 8.3 a
85.0 ± 5.0 a
0.481
No

45.5 ±
43.0 ±
44.8 ±
42.4 ±
45.2 ±
45.6 ±
47.4 ±
44.9 ±
49.5 ±
46.4 ±
0.004
Yes

6.0 a
6.0 a
6.2 a
2.0 a
6.0 a
7.3 a
4.4 a
2.9 a
3.1 a
2.9 a

4.8 ± 0.6
4.6 ± 0.5
5.3 ± 0.5
5.6 ± 0.8
5.0 ± 0.3
5.4 ± 0.5
5.6 ± 0.4
4.5 ± 0.4
4.9 ± 0.4
5.7 ± 0.4
0.855
No

a
a
a
a
a
a
a
a
a
a

97.5 ± 4.3 a
97.5 ± 4.3 a
95.0 ± 5.0 a
87.5 ± 4.3 ab
97.5 ± 4.3 a
95.0 ± 8.6 a
92.5 ± 8.2 a
100 ± 0.0 a
82.5 ± 10.8 ab
72.5 ± 10.8 b
0.001
Yes

4.0 ± 0.1
4.0 ± 0.1
4.0 ± 0.1
3.3 ± 0.2
3.9 ± 0.1
4.0 ± 0.2
4.0 ± 0.2
4.0 ± 0.1
3.2 ± 0.1
2.7 ± 0.1
<0.0001
Yes

a
a
a
c
ab
a
a
a
c
d

100 ± 0.0 a
100 ± 0.0 a
90.0 ± 7.1 abc
82.5 ± 4.3 bc
95.0 ± 8.7 ab
90.0 ± 7.1 abc
82.5 ± 4.3 bc
100 ± 0.0 a
80.0 ± 7.1 c
80.0 ± 0.0 c
<0.0001
Yes

39.0 ±
43.1 ±
39.5 ±
39.0 ±
42.8 ±
43.3 ±
37.4 ±
42.5 ±
35.1 ±
28.5 ±
0.000
Yes

2.8 a
2.1 a
5.8 a
3.3 a
1.6 a
1.4 a
4.2 ab
1.4 a
4.0 ab
2.5 b

4.6 ± 0.6
4.6 ± 0.6
4.5 ± 0.6
4.4 ± 0.4
5.2 ± 1.0
4.4 ± 0.2
4.4 ± 0.2
4.1 ± 0.5
5.0 ± 0.3
4.4 ± 0.3
0.293
No

a
a
a
a
a
a
a
a
a
a

increasing the fraction of reduced S species considerably. Organic
matter is required by sulfate reducing bacteria that use it as an energy
source (Thiel et al., 2019). Hence, the anoxic samples had a larger
concentration of both inorganic sulfide and thiolated organic com
pounds, with which spiked Cu could react.
Sequential extractions suggested that, in the absence of OM, Cu was
present mainly in the reducible fraction in the Spring Creek and Maple
Lake sediments, which shows that Cu was relatively soluble and to a
significant extent surface-bound in e.g., OM complexes. The relatively
low TOC and AVS levels at both sites may have been limiting factors for
substantial sulfate reduction and Cu sulfide mineral formation, as indi
cated by the BCR-701 analysis. Moreover, Spring Creek sediment is
comprised by medium to coarse particles. Compared to sandy sediments,
silt and clay particles have larger specific surface areas (Rojas and Silva,
2005; Álvarez-Iglesias and Rubio, 2012), and the surfaces of
fine-grained sediments are more often coated by an OM layer (Mirlean
et al., 2020). Hence, fine-grained sediments often have more associated
OM than coarser sediments (Quintana et al., 2020). Organic coatings on
fine sediments provide an important substrate for bacterial activity and
stimulate oxygen and sulfate consumption, which favors a decrease in
redox potential and enhances dissolved sulfide production (Jørgensen
and Kasten, 2005; Bianchi, 2007).
Although TOC levels did not increase significantly after OM
amendments, it favored oxygen depletion (DO concentration < 1 μM)
and substantially affected Cu partitioning in the microcosms. Under
anoxic conditions, Cu from the exchangeable/acid soluble and reducible
fractions (F1 + F2) was repartitioned into the more recalcitrant
oxidizable Cu fraction. The transformations and fluxes of Cu between
various compartments in the aquatic environment are associated with
Cu’s strong tendency to bind to various dissolved ligands and solid
phases (Rader et al., 2019). The reduction of Cu(II) to Cu(I) may have
been proceeded by microbial reduction or abiotic processes, such as Cu
(II) reduction by dissolved Fe2+ (Matocha et al., 2005) or natural OM
(Pham et al., 2012). For example, Simpson et al. (2000) emphasized the
importance of FeS as the most reactive phase in anoxic sulfidic sedi
ments that results in reduction of Cu(II) by Fe(II) and subsequent for
mation of Cu2S.
The results of X-ray absorption spectroscopy clearly showed

reduction of Cu(II) within the 28 days of incubation for all systems, both
suboxic and anoxic. However, the extent of Cu(II) reduction was more
complete in the OM-amended systems. At the end, Cu was predomi
nantly present as Cu(I) bound to sulfide, with the exception of the
suboxic Spring Creek sediments, where about half of the Cu remained as
Cu(II) complexed to OM. The exact nature of the Cu-sulfide phases is not
completely clear, because the XANES and EXAFS results are not fully
consistent; the XANES suggests important roles of CuS and organically
complexed Cu(I) (Cu(I)-thiol), whereas the EXAFS results are in better
agreement with an important role of Cu2S. There might be different
explanations for this discrepancy. First, it is possible that the samples
contained a mix of poorly defined amorphous CuxSy phases, which may
partly have crystallized to CuS, and of Cu(I) bound to thiols. Second,
there may also be other Cu–S phases present, for example chalcopyrite,
for which the XAS spectra were not available to us. The XANES spectrum
of chalcopyrite has some similarities to some of our samples (particu
larly some of the anoxic ones), and it is not very different from the CuS
standard, as judged from spectra presented by Pattrick et al. (1997) and
Yang et al. (2013). Therefore, the exact composition of the Cu sulfides
formed remains uncertain.
Without significant quantities of biogenic sulfide, Cu(I) may have
been stabilized against disproportionation with complexation by
reduced organic S groups of bacterial cell surfaces, extracellular poly
meric substances (EPS) or OM. Many studies have shown that thiolcontaining compounds (e.g., glutathione) have an important role in
the stabilization of Cu(I) in estuarine systems (Jeppe et al., 2017). The
fact that there is considerable variation in the XANES spectra further
suggests that the exact composition of the Cu(I)–S phases was not the
same in the samples.
The initial formation of amorphous CuxSy, and the slow crystalliza
tion to CuS (covellite) or to chalcopyrite is also in agreement with other
recent studies in which the fate of Cu nanoparticles have been studied
(Gogos et al. 2017, 2018). One may hypothesize, therefore, that with
increasing time under anaerobic conditions the Cu speciation will be
more clearly dominated by CuS or chalcopyrite – and that consequently
the EXAFS spectra will gradually become increasingly consistent with
one or both Cu sulfides.
Small amounts of Cu oxides were observed in River Raisin and Spring
11

E.C. Cervi et al.

Chemosphere 282 (2021) 131063

Creek sediments under suboxic conditions, as indicated by Raman
spectroscopy. During laboratory manipulations for Raman analysis, the
sediment samples were placed in a stub and allowed to dry for a few
minutes, possibly causing some oxidation. Under anoxic conditions, Cu
had been reduced in part to Cu(I) and was coordinated to S and Fe.
Raman peaks typically indicated the formation of Fe sulfides (FeS and
FeS2) and copper sulfides (covellite and chalcopyrite). This suggests that
with the addition of OM, Cu sulfides precipitated following sulfate
reduction, leading to desorption of Cu(I) from OM, and following the
reduction of organically complexed Cu(II). Prior studies by McNeil et al.
(1991) identified covellite (CuS) as the primary solid phase that results
from biogenic Cu-sulfide formation in conditions with excess sulfide
(Bilgin and Jaffé, 2019).
Sulfide precipitation greatly reduced Cu toxicity. H. azteca and
D. magna survival in anoxic treatments were significantly higher (p =
0.001), with mean amphipod survival increasing by 17.5% relative to
suboxic conditions in Spring Creek sediments amended with 60 mg kg− 1
Cu. D. magna had lower survival in Spring Creek sediments spiked with
30 and 60 mg kg− 1 compared to the control (p < 0.05). This may have
been due to higher bioavailable Cu in the coarse sediments with low AVS
availability.
There was also a significant increase in H. azteca growth (p < 0.0001)
in all unamended sediments compared to non-amended treatments.
Most organisms – including H. azteca – live in oxic surface sediments or
in oxygenated microenvironments that form in suboxic and anoxic
sediments (e.g., by irrigation with oxygen-containing waters). The CuS
formation in these environments is key to mitigating Cu bioavailability
and toxicity (Di Toro et al., 2001b; Rader et al., 2019). It is possible that
benthic invertebrates may also ingest large amounts of sediment while
foraging for food, and some species may have exposure to ingested labile
metals with toxic effects (Casado-Martinez et al., 2010).
Studies of caged H. azteca and indigenous colonies of benthic mac
roinvertebrates showed no toxic effects in metal-spiked sediments as
metals were partitioned out quickly, unless concentrations exceeded
AVS and Fe oxide binding thresholds (Burton et al., 2005; Costello and
Burton, 2014; Mendonca et al., 2017). Besser et al. (2003) conducted a
study to evaluate effects of OM on the bioavailability and acute toxicity
of Cd and Cu to H. azteca in two spiked sediments – one with purified
cellulose and one with natural humus. The cellulose sediment had
minimal effect on metal bioavailability and toxicity, likely due to the
lack of chemical structures in cellulose for metal binding, such as car
boxylic groups (Chapman et al., 1998). In contrast, natural humus
reduced toxicity. Sediments with high levels of humus increased survival
between 35 and 90% for both metals.
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