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Abstract
A geographically constrained chronosequence of peatlands divided into three age classes (young, intermediate and old) was
used to explore the role of biogeochemical inﬂuences, including electron donors and acceptors as well as chemical speciation
of inorganic mercury (Hg(II)), on net formation of methylmercury (MeHg) as approximated by the fraction of MeHg to total
mercury (THg) in the peat soil. We hypothesized that removing vascular plants would reduce availability of electron donors
and thus net MeHg formation. However, we found no eﬀect of the vascular plant removal. The sum of the potential electron
donors (acetate, lactate, propionate and oxalate), the electron donation proxy organic C/Organic N, and the potential electron acceptors (Fe(III), Mn and sulfate) in porewater all showed signiﬁcant correlations with the net MeHg formation proxies
in peat soil (MeHg concentration and %MeHg of THg). Thus diﬀerences in both electron donor and acceptor availability may
be contributing to the pattern of net MeHg formation along the chronosequence. In contrast, Hg(II) concentrations in peat
porewater showed small diﬀerences along the gradient. A chemical speciation model successfully predicted the solubility of Hg
and MeHg in the porewater. The modeling pointed to an enhanced concentration of Hg-polysulﬁde species in the younger
peatlands as a potential factor behind increased Hg(II) solubility and methylation in the more nutrient-rich peatlands. This
work contributes to the understanding of Hg and MeHg cycling in peatlands which can help guide mitigation measures to
reduce aquatic MeHg biomagniﬁcation in peatland dominated landscapes.
Ó 2021 The Authors. Published by Elsevier Ltd. This is an open access article under the CC BY-NC-ND license (http://
creativecommons.org/licenses/by-nc-nd/4.0/).
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1. INTRODUCTION
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Bioaccumulation of methylmercury (MeHg) is a major
concern in northern aquatic ecosystems, especially those
with peatlands in their catchments (Loseto et al., 2004;
Macdonald et al., 2005; AMAP, 2011). MeHg in these
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systems mainly originates from biological methylation of
inorganic mercury, Hg(II), a process that predominantly
occurs under anoxic conditions (Compeau and Bartha,
1985; Benoit et al., 2003; Gilmour et al., 2013). Peatlands,
which accumulate total mercury (THg) deposited from
the atmosphere, are also sources of MeHg to downstream
aquatic ecosystems (Mitchell et al., 2008b; St. Louis et al.,
1996; Tjerngren et al., 2012b) and thereby contribute to
MeHg bioaccumulation in ﬁsh. The consumption of these
ﬁsh by humans and wildlife increases the risks for reaching
harmful levels of Hg exposure in these higher trophic level
consumers (Driscoll et al., 1994; Ratcliﬀe et al., 1996;
Munthe et al., 2007). In addition to the direct hazards from
Hg exposure, restrictions on the consumption of ﬁsh are in
themselves a threat to human health and nutrition, since
ﬁsh is an important source of proteins and contains fatty
acids and other compounds that can beneﬁt human health
(Strandberg et al., 2016; Jing et al., 2020). Improved knowledge of the factors inﬂuencing net formation of MeHg in
peatlands can thus advance the development of management strategies to more eﬀectively mitigate the threat from
Hg while promoting beneﬁts from ﬁsh consumption.
The concentration of MeHg occurring in soils and
waters is the net of Hg methylation (largely biotic) and
MeHg demethylation reactions (which can be both biotic
and abiotic) (Jensen and Jernelöv, 1969; Spangler et al.,
1973). The former generally appears to be the more variable
process (Drott et al., 2008; Tjerngren et al., 2012a; Hu et al.,
2020), but changes in demethylation rates also contribute to
diﬀerences in net MeHg formation (Kronberg et al., 2012).
Manipulation experiments have emphasized the dependence of net MeHg formation on three categories of geochemical factors aﬀecting biotic Hg methylation in the
presence of suitable microbial communities: the availability
of 1) electron donors (i.e. organic carbon with appropriate
qualities) (Windham-Myers et al., 2009; Bravo et al., 2017;
Zhu et al., 2018), 2) electron acceptors such as sulfate
(Branﬁreun et al., 2001; Jeremiason et al., 2006; Mitchell
et al., 2008a; Bergman et al., 2012) and 3) bioavailable
Hg (Jonsson et al., 2014; Zhu et al., 2018). While there is
a considerable body of research looking at these three factors, fewer studies look at all three factors together. Manipulation experiments also face challenges in generalizing to
natural environments because of artefacts, such as unintended disturbance eﬀects or the generally limited time periods for manipulations.
Exploration of the factors determined to inﬂuence net
Hg methylation in manipulation experiments, such as sulfur
and other nutrients, have been complemented by studies of
peatlands along natural environmental gradients (Tjerngren

et al., 2012a; Poulin et al., 2019; Akerblom
et al., 2020). A
ﬁnding from such studies is that Hg methylation seems to
increase along wetland trophic gradients that provide an
increase in pH, nutrients and electron acceptor availability
(particularly sulfate), as well as the nutrient demand of the
plant community composition. The net MeHg formation
appears to increase to a certain threshold, beyond which
a further increase in the nutrient/trophic level of wetlands
will result in a decreased net MeHg formation (Tjerngren
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et al., 2012a; Tjerngren et al., 2012b). Along many natural
gradients though, independently varying diﬀerences in climate and management history complicate interpretations
of causality.
Along the Baltic Sea’s Bothnian Bay in northern Scandinavia, post-glacial land uplift has created a chronosequence of peatlands within the space of a few
kilometers, all subjected to similar atmospheric deposition, underlying geology and climate patterns. Newly
formed peat at the top of the soil proﬁles in these peatlands is progressively isolated from the underlying mineral substrates along a chronosequence from ‘‘younger”
to ‘‘older” peatlands, creating gradients in peatland biogeochemistry (Tuittila et al., 2013). This means that with
increasing age from a century to several millennia (deﬁned by when peat development initiated), the concentrations of major mineral-derived elements (e.g. Ca, Mg, Fe
and S) decline in the upper peat soil, resulting in a major
change in vegetation and microbiological community
composition along the chronosequence. This gradient
provides an opportunity to investigate the eﬀect of
long-term biogeochemical inﬂuences, such as electron
donors and acceptors, availability of Hg and nutrient status, on net MeHg formation without the need for longterm experimental manipulations.
In previous work inﬂuences of nutrients and other geochemical parameters on THg and MeHg concentrations in
solid peat along a peatland chronosequence were investigated (Wang et al., 2020). The microbial metabolism (e.g.
sulfate reduction, iron reduction, methanogenesis and fermentation) responsible for Hg methylation has also been
studied in samples taken along the chronosequence (Hu
et al., 2020). The inputs of root exudates from vascular
plants have been shown to limit net MeHg production in
salt marshes (Windham-Myers et al., 2009). Thus the
removal of vascular plants can be used to test the hypothesis that net MeHg formation would decrease with declining
availability of electron donors in vascular plant root
exudates.
In this study, we use the concentration of MeHg and its
fraction of total Hg (%MeHg) in the soil as proxies for net
MeHg formation, which have been proven to be positively
related to rates of net MeHg formation in experiments conducted in a range of diﬀerent types of freshwater sediments
(Drott et al., 2008). We go beyond previous work on a peatland chronosequence (Hu et al., 2020; Wang et al., 2020) to
experimentally explore the inﬂuence of potential electron
donors on net MeHg formation along the chronosequence
by removing the vascular plants from the peatlands during
two consecutive growing seasons. We also investigate how
measured concentrations of potential electron acceptors in
porewater, as well as the solubility of Hg and its chemical
speciation co-varied with the net MeHg formation proxies
along the chronosequence. Furthermore, geochemical modeling of Hg solubility and its chemical speciation facilitate a
more thorough analysis of inﬂuences related to Hg
bioavailability than has been possible before on this
chronosequence and many other in situ studies of methylation in peatlands.
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2. MATERIALS AND METHODS
2.1. Site description
A chronosequence of ﬁfteen open boreal peatlands created by post-glacial land uplift along the Gulf of Bothnia
was studied (Fig. 1a). Brieﬂy, these ﬁfteen peatlands are
divided into three age classes, young (<1000 years,
n = 5), intermediate (1000 ~ 2000 years, n = 5) and old

(>2000 years, n = 5). The age of the peatlands was determined with the shoreline displacement curves developed
from age determination based on varved lake sediment
counting (Renberg and Segerström, 1981). The peatlands
cover a natural gradient of trophic status and hydrogeochemistry. The older peatlands along this peatland
chronosequence are more oligotrophic, indicated by
decreasing pH, vascular plant cover and concentrations of
major minerogenic elements (e.g. Fe, Ca, Mn, Mg, K,

Fig. 1. (a) The ﬁfteen peatland sites divided into three age classes along the chronosequence created by post-glacial uplift on the northeast
coast of Sweden. (b) The ﬁve replicate experimental plots within each peatland site. Within each replicate plot there are control and vascular
plant removal (VPR) subplots divided by a buﬀer. The four colored squares within each subplot represent the peat cores taken during the
sampling campaigns in June and August of both 2016 and 2017. Since the vascular plants were removed for the ﬁrst time in June 2016, the
VPR subplots were only sampled three times, starting in August 2016. This ﬁgure is adapted from Wang et al. (2020).
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Na) in superﬁcial peat soil, as well as increasing total
amount of carbon, peat depth and peatland area
(Table S1 in the Supplementary information (SI)). Bulk
density and C/N ratio of the peat did not diﬀer signiﬁcantly
among the three peatland classes. This is, to some extent, an
indication of similar peat decomposition rates. The ﬁeldlayer plant community composition changes systematically
with the peatland age and nutrient status. The vascular
plants were dominated by forbs (e.g. Epilobium palustre
and Pedicularis palustris) and tall sedges (e.g. Carex rostrata and Carex limosa) in the younger mesotrophic,
minerogenic peatlands, while dwarf shrubs (Andromeda
polifolia and Vaccinium oxycoccus) and low growing sedges
(Eriophorum vaginatum, Trichophorum spp. and Carex
limosa) were more common in the older and more oligotrophic peatlands. The intermediate peatlands were characterized by a vegetation transition between the young
and old peatlands (Table S2). More details can be found
in Wang et al. (2020) and Laine et al. (2021).
2.2. Vascular plant removal and sampling of peat soil and
porewater
In June 2016, ﬁve 70  210 cm plots were established at
least 5 m apart along a line across the center of each of the
ﬁfteen peatlands. Then each of the ﬁve 70  210 cm plots
was divided into three 70  70 cm subplots: one subplot
with all vascular plants removed and one control subplot
as well as one buﬀer subplot between them (Fig. 1b). On
the vascular plant removal (VPR) subplots, the biomass
of all the vascular plants, forbs and shrubs, including their
roots, was removed by hand, while mosses and lichens were
left in the bottom layer. The VPR subplots were revisited to
maintain the absence of vascular plants during the growing
seasons of 2016 and 2017.
Peat soils were sampled from both control and VPR
subplots on peat lawns according to the protocols of
Wang et al. (2020). Data collected in August (growing season) 2016, June (beginning of growing season) 2017 and
August 2017 were used in the current study, since these
are the ones inﬂuenced by the removal of the vascular
plants. Brieﬂy, an individual cube-shaped core of peat soil
(10  10  10 cm) was extracted immediately below the
average growing season ground water table (GWT) from
each control and VPR subplot within each peatland using
a custom-made knife. The peat core was cut into upper
and lower layers (0–5 and 5–10 cm below the GWT, respectively) that were sealed in separate zip-lock bags and kept
cool and dark during transport to the lab. The peat samples
from the same layers (upper or lower) and subplots (VPR
or control subplot) of each peatland were homogenized into
an individual sample with a 4 mm cutting sieve, after the
removal of bulky roots, sticks and living plant material.
The homogenized peat soil was then subsampled for chemical analyses including the total concentrations of elements
(e.g. C, S and Fe) as well as concentrations of MeHg and
THg.
Porewaters were sampled in June and August of 2017
from all the VPR and control subplots within each peatland. The porewater sampling employed the same method

191

as described elsewhere (Branﬁreun et al., 2001; LiemNguyen et al., 2017). Brieﬂy, porewater was sucked up into
a 250 mL high-density polyethylene (HDPE) bottle from
the speciﬁc soil depths where the corresponding peat core
was extracted, using a custom-made probe consisting of a
vacuum pump connected to a stiﬀ Teﬂon tube where the
last 10 cm were perforated and a pointed cap closed the
end of the tube. Nitrogen gas was ﬂushed through the tubing and sample bottle to keep the system deoxygenated during sampling. Porewater subsamples for the determination
of sulﬁde and iron species were immediately collected from
the HDPE bottle with a syringe, ﬁltered through a 0.45 mm
membrane ﬁlter in the ﬁeld and then injected, through a
rubber septum, into a pre-evacuated glass vial, leaving no
headspace. In the glass vials for the determination of iron
species, 15 lL of 2 M NaOH was added in advance. After
porewater subsamples were taken for the determination of
sulﬁde and iron species, the rest of the porewater in the
HDPE bottle was discarded and the bottle was reﬁlled without headspace. All the porewater samples in HDPE bottles
or glass vials were kept dark and cool during transport to
the lab and stored in a refrigerator at 4 °C until further processing. The next day, the ﬁve HDPE bottles with porewater samples from the same subplots (VPR or control) were
ﬁltered through a funnel ﬁlter (Restek) with a pore size of
0.22 lm using a vacuum pump in a glovebox with nitrogen
gas atmosphere. A 50 mL aliquot of porewater was taken
from each of the ﬁve ﬁltered porewater samples and mixed
into a 250 mL bulk sample for that subplot. Porewater subsamples were then collected from the homogenized bulk
sample for porewater chemical analyses such as dissolved
organic carbon (DOC) and concentrations of major ions.
2.3. Chemical analyses
In the peat soil samples, total concentrations of elements such as C, N, S, P, Mn, Mg and Fe, as well as
concentrations of total Hg and MeHg were determined
according to Wang et al. (2020). In porewater, pH was
determined in the ﬁltered porewaters in 2017, while in
2016 the pH was determined in the ﬁeld in porewater
that immediately reﬁlled the sample hole. The dissolved
organic carbon (DOC) and nitrogen (DON) were measured with a Shimadzu analyzer (TOC-VCPH and
TNM-1 units for DOC and DON, respectively; Shimadzu, Japan). The porewater absorbance of light at
254 nm (/cm), subtracted by the light absorbance of Fe
(calculated as, Fe254nm (/cm) = 0.085  [FeTOT] (mg/
L) + 0.0007, Weishaar et al. (2003)), was divided by
DOC (mg/L) and multiplied by 100 to yield the speciﬁc
UV absorbance (SUVA, L/mg(C)/m). Concentrations of
total dissolved inorganic sulﬁde, S( II), were determined
by the method of Cline (1969), after sample preservation
with ZnAc (Liem-Nguyen et al., 2017). Concentrations of
major anions (e.g. Cl and SO24 ) and low molecular
mass organic acids (LMM OA:s) (i.e. acetate, lactate,
propionate, oxalate) were quantiﬁed on a Metrohm IC
system (883 Basic IC Plus and 919 Autosampler Plus)
with detailed analytical information listed in Table S3.
Concentrations of major cations (e.g. Na, K, Ca, Mg,
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Mn, Al, Fe) were determined by inductively coupled
plasma atomic emission spectroscopy. Concentrations of
Fe(II) and Fe(III) were determined by UV absorption
spectrophotometry according to the method of Viollier
et al. (2000). Concentrations of THg in porewaters were
measured by isotope dilution analysis (IDA) using mercury cold vapor generation coupled to inductively coupled plasma mass spectrometry after digestion with
BrCl. Concentrations of MeHg in porewater were conducted by IDA using purge and trap thermal desorption
coupled to gas chromatography ICP-MS (Lambertsson
and Björn, 2004). Concentrations of inorganic Hg(II) in
soils and porewaters were calculated by subtracting
MeHg from THg. The percentage of MeHg to THg (%
MeHg) in peat soil was calculated as a proxy for net
MeHg formation (Drott et al., 2008). The certiﬁed reference materials MESS-3 (0.091 ± 0.009 mg Hg/kg) and
ERM-CC580 (0.075 ± 0.004 mg MeHg/kg) were used
for quality control of the THg and MeHg in soil measurements, respectively. Replicate samples and reference
materials were analyzed regularly for all the measurements in this study and the accuracy (deﬁned as measured divided by certiﬁed concentrations) was 95 ± 5
and 105 ± 8% for MESS-3 and ERM-CC580, respectively while the precision was better than 10% relative
standard deviation. The detection limits for concentrations of MeHg and THg in porewater were ~ 0.004 and
0.06 ng/L, respectively.
2.4. Chemical speciation modeling
The chemical speciation modeling of Hg(II) and MeHg
in the peatland soils and porewaters along this peatland
chronosequence was built on the model of Liem-Nguyen
et al. (2017) applied to data collected in four diﬀerent types
of wetland soils, and was reﬁned by adjusting the log K for
the formation of HgS(s) to either of the two experimentally
determined constants reported by Drott et al. (2013) and
Schwarzenbach and Widmer (1963).
Brieﬂy, thermodynamic calculations were made in the
Microsoft Excel program using an iterative procedure
where either the adsorbed/solid (ads) phases Hg
(NOM RS)2 (ads) or metacinnabar, b-HgS(s), were in control of the aqueous concentration of the Hg2+ ion, which in
turn was a component in all chemical reactions. Input data
were soil water contents and total soil concentrations of Hg
(II), MeHg, sulfur (STOT), and organic carbon (CTOT), concentrations of thiol groups associated to NOM
(NOM RSH, including adsorbed/solid and aqueous (aq)
phases: NOM RSH(ads) and NOM RSH(aq), respectively) and aqueous phase concentrations of DOC, Cl ,
HS , Fe(II) as well as pH (Table S4). The chemical reactions and their thermodynamic constants used in the modeling are listed in Table S5. The solubility of Hg(II) and
MeHg was determined as the solid-solution partition coefﬁcient, log Kd (Hg) = log([peat Hg]/[porewater Hg]) (L/Kg)
and log Kd (MeHg) = log([peat MeHg]/[porewater MeHg])
(L/Kg). The model ﬁt (merit-of-ﬁt) was evaluated by comparing modeled and measured data on log Kd and absolute
concentrations of Hg and MeHg calculated by the

following equation: merit-of-ﬁt RP% = R(datamodeled
datameasured)2/Rdata2measured.
While most of these input data were measured in the
porewater and soil, the concentration of NOM RSTOT
(the sum of protonated, dissociated and metal complexed
NOM-RS functionalities) was calculated based on measurements from the study of Liem-Nguyen et al. (2017).
They used Hg LIII-edge extended X-ray absorption ﬁne
structure spectroscopy (EXAFS) to determine the concentration of NOM RSTOT. The concentration corresponded to 15% of the reduced organic S (Org-SRED)
in the peat soils at site ‘‘SKM”, a site that can be considered representative for the ‘‘old peatlands” in the
chronosequence (it was taken from the same region from
a peatland having similar age, biogeochemistry and
trophic status as our old peatlands). At this site, OrgSRED comprised 65% of STOT as determined by sulfur
K-edge X-ray absorption near-edge structure (XANES)
spectroscopy. Thus, the total concentration of
NOM RSTOT in percentage of STOT is calculated as 0.
15  0.65  100 = 9.8%. Even though this value is
expected to reﬂect the old peatlands better than the
young and intermediate peatlands, we used this value of
9.8% of STOT as an estimate of the concentration of
NOM RSTOT(ads) in all peat soils along the chronosequence. The concentration of NOM RSTOT(aq) in speciﬁc samples was calculated from the DOC/SOC ratio,
assuming the same concentration of NOM RSTOT functional groups per organic C in aqueous and solid/adsorbed phases of the peat.
Elemental S was present in all peatland soils of the study
by Liem-Nguyen et al. (2017), including soils having similar
properties as the old peatlands in this study. Therefore, Hgpolysulﬁde formation was considered in our model, by
including the HgSnHS and Hg(Sn)22 species (Skyllberg,
2012). Notably, complexes with Cl (<0.8 mM) did not
contribute signiﬁcantly to the solubility of Hg(II) in the
porewaters of the chronosequence peatlands. Ionic strength
eﬀects were also low (I < 1.5 mM in all samples) and considered negligible in relation to uncertainties in thermodynamic constants. Thus, no ionic strength corrections were
made for constants used in the calculations (I = 0 M).
The possible presence of the mineral mackinawite (FeSm)
in the peatlands was examined by calculation of the ion
activity product (IAP = [Fe2+][HS ]/[H+]) for the reaction:
FeSm + H+ = Fe2+ + HS . The HS concentrations were
recalculated from S( II) using a pKa of 7.0 for H2S(aq)
(Millero et al., 1988).
2.5. Statistics
All the data were tested for normality and homogeneity
prior to statistical analyses using the Shapiro-Wilk and
Levene tests, respectively. Log transformation was applied
when the original data were not normally distributed. A
non-parametric Kruskal-Wallis test was conducted for
non-normally distributed data even after log transformation
and followed by a pairwise Wilcoxon rank sum test if there
was any signiﬁcant diﬀerence. Signiﬁcant diﬀerences in geochemical parameters in both peat soil and porewater between

B. Wang et al. / Geochimica et Cosmochimica Acta 308 (2021) 188–203

the three peatland age classes (young, intermediate and old
peatlands) were tested for using univariate Analyses of Variance (ANOVA), followed by Tukey’s multiple comparison
test. The eﬀects of vascular plant removal were tested by
two-way ANOVA, followed by Tukey’s multiple comparison test. As the porewater sampler is 10 cm in length, the
average values were applied for peat soil geochemical parameters in both 0–5 and 5–10 cm layers corresponding to the
10 cm proﬁle where the porewater was sampled, when testing
for the eﬀects of vascular plant removal and the relationships
between the geochemical parameters in peat soil and in porewater. Pearson correlations were applied to test relationships
between geochemical parameters. All the statistical tests in
this study were carried out using R program (Version
3.6.3) at the signiﬁcance level of 0.05.
3. RESULTS
3.1. Diﬀerences in MeHg, Hg(II) and general geochemical
parameters along the peatland chronosequence
There was a signiﬁcant diﬀerence in Hg(II) concentrations in peat soil along the chronosequence, with the lowest
concentrations in the young and highest concentrations in
the older peatlands, while porewater concentrations did
not diﬀer among the three peatland age classes (Fig. 2,
Table S1, Table S6). Peatlands of young and intermediate
age had signiﬁcantly higher concentrations of MeHg and
%MeHg in both peat soil and porewater as compared to
old peatlands (Fig. 2, Table S1, Table S6, Table S7). When
it comes to the general geochemistry, there was signiﬁcantly
lower pH, as well as lower concentrations of some of the
major metal cations (Ca, Mg, K, Fe) in the old peatlands
as compared to the other two age classes. This reﬂects the
gradual isolation of the top peat layers from the underlying
mineral soils with increasing age of the peatlands, resulting
in higher acidity and more oligotrophic conditions at the
older end of the chronosequence (Fig. 3, Table S6).
3.2. The importance of potential electron donors on net
MeHg formation
3.2.1. Eﬀects of removing vascular plants along the peatland
chronosequence
Our hypothesis was that the VPR would reduce inputs
of high-quality organic carbon sources (i.e. root exudates)
for Hg methylating microorganisms in the rhizosphere
and subsequently reduce microbial net MeHg formation.
However, there were no diﬀerences in net MeHg formation
proxies (MeHg concentration and %MeHg) in solid peat or
porewater between the control subplots and those where
the vascular plants had been removed in young, intermediate or old peatlands (Fig. 2, Table S6, Table S7). The VPR
also did not create any detectable changes in major biogeochemical parameters in either peat soil (e.g. C/N, element
concentrations; Table S1) or porewater (e.g. pH, DOC,
anion or metal cation concentrations, or LMM OA:s;
Fig. 4, Table S6). Samples collected from the VPR subplots
were therefore treated as replicates of control samples for
subsequent data analyses.
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3.2.2. Diﬀerences in potential electron donors along the
chronosequence and correlations with net MeHg formation
proxies
The concentration of LMM OA:s in the porewater differed signiﬁcantly among the three age classes of peatlands,
with the youngest peatlands showing the highest concentrations of the sum of all LMM OA:s, as well as of the individual components acetate, lactate and propionate (Fig. 3d,
Fig. 4, Table S6). Neither the DOC concentration (26.4 ~ 1
00.0 mg/L) nor its aromatic character, as indicated by
SUVA, showed any signiﬁcant diﬀerences among the three
peatland age classes (Fig. 3b, f, Table S6). The sum of
LMM OA:s also demonstrated a positive, signiﬁcant relationship with the net MeHg formation proxies MeHg and
%MeHg in peat soil (Fig. 5a, b), with the exception for
MeHg in peat soil (Fig. 5a). A positive relationship was also
observed with the same parameters in the porewater
(Fig. S1a, b).
The DOC/DON ratio in the porewater showed signiﬁcant diﬀerences between the young (55 ± 14 g/g,
mean ± standard deviation) and old (77 ± 11 g/g) peatlands (Fig. 3e). In the population of all data, the DOC/
DON ratio was signiﬁcantly, negatively correlated with
MeHg and %MeHg in peat soil (Fig. 5c, d) and porewaters
(Fig. S1c, d), with the exception for MeHg in peat soil
(Fig. 5c; p = 0.11). The DOC did not show any signiﬁcant
correlation with net MeHg formation proxies (data not
shown), while SUVA was signiﬁcantly, positively correlated
with %MeHg in peat soil (p < 0.001, r = 0.42) and with
MeHg in porewater (p = 0.04, r = 0.27).
3.3. Diﬀerences in concentrations of potential electron
acceptors along the chronosequence and correlations with net
MeHg formation proxies
Although porewater sulfate concentrations (0.3 ~ 2.5 m
g/L) did not diﬀer signiﬁcantly among the three peatland
age classes (Fig. 3i, Table S6), there were signiﬁcant and
positive correlations between sulfate concentrations and
MeHg as well as %MeHg in both peat soil (Fig. 6a, b)
and porewater (Fig. S2a, b), with the exception that sulfate
concentrations did not correlate signiﬁcantly to %MeHg in
peat soil (Fig. 6b). Inorganic S( II), the result of dissimilatory sulfate reduction, was present in the porewaters of all
the peatlands, but the concentrations (0.3 ~ 1.2 mmol/L)
were in many cases close to the detection limit of
0.2 mmol/L and did not diﬀer between the three peatland
age classes (Fig. 3c, Table S6). Porewater concentrations
of S( II) were not signiﬁcantly correlated with either concentrations of sulfate (n = 30), MeHg (n = 60) or % MeHg
(n = 60) in porewater. Porewater S( II) was not correlated
with MeHg concentration in solid peat, but it correlated
negatively with %MeHg in soil (n = 60, r =
0.27,
p = 0.04).
Porewater concentrations of Fe(III) (0.5 ~ 47.1 mmol/L)
were signiﬁcantly higher in young peatlands compared to
old peatlands (Fig. 3h, Table S6) and positively correlated
with MeHg and %MeHg in both peat soil (Fig. 6c, d) and
porewater (Fig. S2c, d) across the peatland chronosequence. Ferrous iron, Fe(II), (0.7 ~ 95.1 mmol/L), the pro-
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Fig. 2. Eﬀects of vascular plant removal (VPR) on (a, d) Hg(II), (b, e) MeHg concentrations and (c, f) %MeHg in peat soil (left panel) and
porewater (right panel) in the three age classes of peatlands along the chronosequence. Concentrations of MeHg and %MeHg in peat soil are
average values of 0–5 and 5–10 cm layers at the three sampling occasions in 2016 and 2017 (n = 90). Concentrations of MeHg and %MeHg in
porewaters are for 0–10 cm layers sampled in 2017 (n = 60). Diﬀerent lowercase letters above the boxes indicate signiﬁcant diﬀerences between
control and VPR subplots. Diﬀerent uppercase letters below the boxes indicate signiﬁcant diﬀerences between the three peatland age classes.
The same letters indicate no signiﬁcant diﬀerence.

duct of dissimilatory Fe(III) reduction, was predominant in
porewaters of most peatlands studied and exhibited a positive correlation with Fe(III) concentrations (Fig. S3,

Table S6) as well as with MeHg concentrations and %
MeHg in peat soil and porewater along the peatland
chronosequence.
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Fig. 3. Porewater chemistry in peatlands of the three age classes along the chronosequence. Because removing the vascular plants had no
signiﬁcant eﬀect on the geochemistry (Table S7), the values from subplots with and without vascular plants are grouped together by age class
for each of the two sampling occasions in 2017. Diﬀerent letters above the boxes indicate signiﬁcant diﬀerences between the three peatland age
classes. Boxes with the same letters indicate no signiﬁcant diﬀerence.

The mineral FeSm (mackinawite) did not appear to be
present in any of our soil samples, even though it is
formed by a reaction between HS and Fe(II) ions.
The calculated log IAP averaged
10.1,
10.6 and
11.5 in young, intermediate and old peatlands, respectively (Table S4). These values are all much lower than
the theoretical value in the presence of FeSm of 3.5,
which indicates that the porewater was highly undersaturated relative to what would be expected if the mineral
were present (Rickard, 2006).

3.4. Solubility and chemical speciation of mercury and
methylmercury
The aqueous phase concentration and chemical speciation of Hg(II) and MeHg is a factor that is known to be
of importance for net MeHg formation and the uptake of
MeHg in aquatic organisms, respectively. Although the
Hg(II) concentrations in the peat soils decreased signiﬁcantly
along
the
chronosequence
(old > intermediate > young), the concentration of Hg(II)
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Fig. 4. Eﬀects of vascular plant removal (VPR) on the formation of (a) acetate, (b) lactate, (c) propionate, and (d) oxalate in peatlands of the
three age classes along the chronosequence. The lowercase letters above the boxes indicate signiﬁcant diﬀerences (p < 0.05) between control
and vascular plant removal plots of each age class. The uppercase letters below the boxes indicate signiﬁcant diﬀerences between the three
peatland age classes. The same letters indicate no signiﬁcant diﬀerence (n = 30).

in porewater did not diﬀer (Fig. 2). There were also no signiﬁcant correlations between porewater Hg(II) concentrations and the net MeHg formation proxies (MeHg and %
MeHg) in either solid peat (Fig. S4a, b) or porewater (data
not shown). To further investigate if the chemical speciation
of Hg in porewater diﬀered among the age classes of peatlands, we applied a thermodynamic model.
In a ﬁrst approach we applied a pure organic model in
which the formation of both HgS(s) and Hg-polysulﬁde
were excluded. This very simple model A worked out
slightly better for the old peatlands (data more centered
around the 1:1 line) than for the young and intermediate
peatlands (Fig. 7a, b). The overall model ﬁt was however
greatly improved by the inclusion of HgS(s) and Hgpolysulﬁde formation (Table S8), with the best merit-of-ﬁt
of 0.10 obtained for model E, having a log K value of
36.8 for the formation of HgS(s) (Table S8, Fig. 7c, d). This
value was experimentally determined for a crystalline form
of metacinnabar, b-HgS(s), by Drott et al. (2013). Interestingly, also in the study of Liem-Nguyen et al. (2017) this log
K value provided the best ﬁt to data in organic soils with S
( II) concentrations less than 1 mM, very similar to most of
the samples in our study. Overall, the model showed a generally better ﬁt to the old peatland data, with a tendency to
underestimate the solubility in young and intermediate

peatlands (data points above the 1:1 line in Fig. 7c and
below the line in Fig. 7d).
The solubility of MeHg was higher in the young and
intermediate peatlands than in the old peatlands (i.e. lower
log Kd MeHg; Table S4). When modeling the solubility
and chemical speciation of MeHg, the log K value of 17.5
used for the reaction MeHg+ + NOMRS
=
MeHgNOM RS (aq, ads) by Liem-Nguyen et al. (2017)
resulted in a reasonably good ﬁt for aqueous MeHg concentrations (Fig. S5a). An adjustment of the constant to a lower
value improved the model ﬁt for the solubility of MeHg (i.e.
the log Kd), but not for the aqueous MeHg concentrations
(data not shown). Similar to Hg(II), the solubility of MeHg
in the young and intermediate peatlands was underestimated by the chemical speciation modeling, while the solubility of MeHg in the old peatlands was slightly
overestimated (Fig. S5b).
4. DISCUSSION
4.1. General trends in net MeHg formation along the
chronosequence
With peatland age along the chronosequence, there was
a clear decrease in the net MeHg formation proxies (MeHg
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Fig. 5. Relationships between proxies for net MeHg formation (MeHg and % MeHg in peat soil) and (a, b) porewater concentrations of
potential electron donors: total LMM OA:s (n = 30) as well as (c, d) the proxy for electron donors: DOC/DON ratio (n = 60).

and %MeHg) in peat, as well as the same measures in porewater (Fig. 2). Similar ﬁndings were reported for MeHg and
%MeHg based on peat soils from this chronosequence
(Wang et al., 2020), and the current study incorporates
those data. This pattern of increased net MeHg formation
from old to young peatlands along the chronosequence
was further corroborated by experimentally determined
rates of Hg(II) methylation (km) and demethylation (kd),
as well as their ratio (km/kd), in soils along the same gradient (Hu et al., 2020). Because the age classes reﬂect a
trophic and nutrient gradient (Fig. 3, Table S1) with the
older peatlands being more oligotrophic/ombrotrophic
(having deeper peat layers, lower pH, less vascular plant
cover and lower concentrations of major minerogenic elements), the net MeHg formation clearly increases with
increased nutrient availability and trophic level (Hu et al.,
2020; Wang et al., 2020). Thus, we can conclude that both
short-term (24 h) experimental determinations (km/kd ratio)
and the longer-term proxy (%MeHg in peat) demonstrate a
clear increase in net MeHg formation with increasing nutrient and trophic status of the peatlands along the
chronosequence.
Similar positive relationships between nutrient/trophic
status and net MeHg formation proxies have been observed

in other boreal peatlands (Tjerngren et al., 2012b; Gordon
et al., 2016; Poulin et al., 2019). It should be noted that the
range of peatlands studied here represents the nutrient-poor
half of the conceptual model for MeHg net production as a
function of trophic status, launched by Tjerngren et al.
(2012a; 2012b). Thus, considering the biogeochemical properties and %MeHg in the peat, the young peatlands in the
present study would correspond to peatlands with an intermediate trophic level having a relatively high methylation
to demethylation ratio, as illustrated in Fig. S6 (Tjerngren
et al., 2012a; Tjerngren et al., 2012b).
4.2. The vascular plant removal experiment
Vascular plants are a major driver of microbial community composition in peatlands through the labile C released
as root exudates (Bragazza et al., 2015). However, the lack
of any eﬀect from VPR on either of the two net MeHg formation proxies MeHg and %MeHg in solid peat, or on the
same parameters measured in porewater in this study
(Fig. 2, Table S7), is diﬀerent from other reports where
the removal of plants decreased net MeHg formation in
wetlands (Windham-Myers et al., 2009). Nevertheless, in
a study of tidal freshwater wetlands, there was no
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Fig. 6. Relationships between proxies for net MeHg formation (MeHg and % MeHg in peat soil) and potential electron acceptors in
porewater: (a, b) sulfate (n = 30) and (c, d) Fe(III) (n = 60).

discernible eﬀect of plant removal on methanogenesis
(Keller et al., 2013), a key metabolic process of potentially
high importance for Hg methylation (Hamelin et al., 2011).
So why did our VPR experiment not aﬀect net MeHg
formation as we had hypothesized? One obvious explanation would be that the VPR did not change the concentration of potential electron donors. Indeed, there were no
signiﬁcant diﬀerences in the porewater concentrations of
any single LMM OA (acetate, lactate, propionate and oxalate, Fig. 4), or consequently the sum of LMM OA:s (data
not shown), between the control and VPR subplots in any
of the three age classes. Notably, there were also no detectable changes in any of the other measured parameters
either, such as MeHg, Hg(II), other major element concentrations in peat soil, DOC or major ion concentrations in
porewater (Fig. 2, Table S1, Table S6). Thus, from our
VPR experiment it may be concluded that processes besides
plant C exudation per se during the two-year study period
are controlling concentrations (and possibly ﬂuxes) of
LMM OA:s in these peatlands. Those other processes could
include microbial metabolism and degradation of organic
matter. Of course, degradation of vascular plant biomass
would still be expected to serve as a substrate for
microorganisms responsible for organic matter degradation

processes in these types of peatlands dominated by less
degradable organic matter from Sphagnum mosses.
4.3. The potential impact of electron donors and acceptors on
net MeHg proxies along the chronosequence
It is well-established that LMM OA:s and labile organic
matter provide energy substrate for syntrophic microbial
interactions between Hg methylating methanogens and
SRB (Liu and Conrad, 2017; Yu et al., 2018). Even though
there were no signiﬁcant diﬀerences in the porewater concentrations of LMM OA:s between the control and VPR
subplots, the concentrations of acetate, lactate, propionate
and oxalate, as well as the sum of LMM OA:s were significantly higher in the younger peatlands (Fig. 3, Fig. 4). The
electron-donor proxy DOC/DON (inversely related to the
lability of DOM for microbial degradation) was also significantly lower in the young peatlands, as compared to the
old peatlands (Fig. 3e; Table S6). This suggests that electron donation is an important factor behind the patterns
in net MeHg formation proxies MeHg and %MeHg
observed along the peatland chronosequence. In line with
this, the data from all sites plotted together revealed significant relationships between both net MeHg formation prox-
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Fig. 7. Evaluation of a thermodynamic model for Hg(II) solubility in porewater along the peatland chronosequence without (a, b) and with
(c, d) inclusion of HgS(s) and polysulﬁde formation. The left panels (a, c) are for log aqueous phase concentrations of Hg(II) and the right
panels (b, d) are the corresponding data for log Kd.

ies and LMM OA:s as well as the DOC/DON ratio, respectively (Fig. 5).
There were generally higher concentrations of potential
electron acceptors (e.g. Fe and Mn) in the younger peatlands along this chronosequence, although the concentration of sulfate did not show any signiﬁcant diﬀerence
among the age classes (Fig. 3). Moreover, The parallel patterns of Fe(III) and Mn, and to some extent sulfate, covaried positively with net MeHg formation proxies MeHg
and %MeHg in peat soil as well as the same measures in
porewater (Fig. 6, Fig. S2). All these results suggest that
these potential electron acceptors may be of importance
for the diﬀerences observed in the net MeHg formation
along the peatland gradient. The relationship with Mn
may indicate Mn reducing microorganisms are involved
in net MeHg formation but also abiotic reduction of Mn
oxides by Fe(II) (Villinski et al., 2001) may explain the similar patterns of Fe(III) and Mn (Fig. 3).
The positive relationship observed between sulfate and
MeHg concentration in peat along the peatland chronosequence in the present study is in agreement with the reports
from other wetland gradients (Mitchell et al., 2008b;

Tjerngren et al., 2012a; Li et al., 2019; Akerblom
et al.,
2020), where sulfate has been suggested to limit Hg

methylation across wide gradients in sulfate supply. This
is in agreement with a theoretical model by Langer et al.
(2001). However, negative relationships between sulfate
and MeHg net formation proxies can also be expected if
studies are restricted to areas having similar supplies of sulfate and the activity of anaerobic microorganisms depleting
sulfate to produce sulﬁde in the process of MeHg formation
(Gilmour et al., 1998; Mitchell et al., 2008b; Skyllberg et al.,
2009; Hoggarth et al., 2015; Li et al., 2019). The same can
hold true for negative relationships between net MeHg formation proxies and Fe(III), and positive relationships with
Fe(II), if the activity of iron-reducing bacteria parallels net
MeHg formation (Skyllberg et al., 2009; Si et al., 2015).
It is interesting to note that in short-term (24 h) incubation experiments conducted with peat soils taken from the
young, intermediate and old peatlands along this chronosequence, neither additions of the potential electron donors
(LMM OA:s lactate + propionate + butyrate) nor additions of the potential electron acceptors sulfate or Fe(III)
had stimulatory eﬀects on the rates of MeHg formation
(Hu et al., 2020). In these experiments it was demonstrated
that SRB dominated MeHg formation in the young
peatlands and methanogens and syntrophs involving SRB
were more important in the older peatlands. Thus, for both
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electron donors and acceptors, no short-term limitation of
MeHg formation was discovered in the soil incubation
experiments. Nonetheless, both types of components differed signiﬁcantly in their porewater concentrations along
the peatland chronosequence and showed positive correlations with the net MeHg formation proxies MeHg and %
MeHg in the peat. This could be explained by the dual
impacts of speciﬁc electron donors/acceptors on both the
composition and activity of the peatland microbial community. This means that the changes in composition and
amounts of electron donors/acceptors along this peatland
chronosequence can have long term eﬀects on the microbial
structure and function and consequently net MeHg
formation.
4.4. the potential inﬂuences of Hg solubility and chemical
speciation on net MeHg formation proxies
Our previous work along the chronosequence and several other studies along natural and experimental gradients
in Swedish peatlands have reported a negative relation
between MeHg and THg concentrations in solid phase peat

et al., 2013; Wang et al., 2020). In this study,
(Akerblom
there was no diﬀerence in porewater Hg(II) concentrations
between the three peatland age classes along the chronosequence (Fig. 2b, Table S6), even though the older peatlands
had higher Hg(II) concentrations in the solid peat (Fig. 2a,
Table S1). Also, concentrations of Hg(II) in porewater were
not correlated with either MeHg or %MeHg in the peat soil
(Fig. S4a, b). This suggests that Hg(II) concentrations,
whether in the soil or its porewater, were not limiting net
MeHg formation along the gradient.
It is, however, the bioavailable fraction of Hg(II), and
not the total porewater Hg pool, that is expected to be of
importance for bacterial uptake and thus for Hg methylation (Jonsson et al., 2014; Zhu et al., 2018). Studies have
suggested that the complexation of Hg(II) by sulﬁde and
polysulﬁdes may alter the bioavailability of Hg(II) (Benoit
et al., 1999; Ravichandran et al., 1999; Jay et al., 2000;
Graham et al., 2017).
Thermodynamic modeling of the chemical speciation
indicated that Hg(II) had slightly higher solubility in young
peatlands (p = 0.07; which was also observed in measurements, Table S4) and that Hg-polysulﬁdes were of importance for the overall Hg(II) solubility (Fig. 7, Table S8).
This modeling result is explained by the relatively higher
pH in the young peatlands, which facilitates the formation
of polysulﬁdes that complex with Hg(II), increasing the solubility of HgS(s) and possibly the bioavailability for methylating microorganisms (Jay et al., 2000). In the older
peatlands the concentration of Hg-polysulﬁdes was insignificant due to the slightly lower pH. Furthermore, the significant correlations between the modeled concentrations of
Hg-polysulﬁdes and the net MeHg formation proxies
MeHg and %MeHg in peat soil (Fig. S4c, d) also suggest
an important role for polysulﬁdes in net MeHg formation
along the peatland chronosequence.
It should be noted that the formation of polysulﬁdes
requires the presence of elemental S in soils (Table S5). In
a previous study that included a peatland similar to the

older class of peatlands in the present study, elemental S
was found at all sampled depths down to 25 cm (LiemNguyen et al., 2017). Thus, we expect S0(s) to be present
in the older peats of the chronosequence, but also in the
younger peatlands where the S content is higher.
The Hg(II) speciation modeling also suggested less HgS
(s) formation in the young peatland samples where the concentration of NOM RSTOT (ads, aq) functional groups
was higher (Table S4), favoring these groups over HS in
the competition for Hg(II) complexation in both aqueous
and solid phases of the soil. As a consequence, HgS(s)
was less prone to precipitate in the young peatlands (on
average, around 6% of the total Hg(II) pool in soil, as compared to 20% in the old and 28% in the intermediate peatlands, Table S4). Together with Hg-polysulﬁde formation,
this explains the relatively high solubility of Hg(II) in the
young peatlands, despite having a smaller Hg(II) pool than
the old peatlands (Fig. 2), possibly contributing to making
more of the Hg(II) bioavailable in the young peatlands.
The performance of the thermodynamic chemical speciation model was improved, especially for the intermediate
and young peatland samples, by the inclusion of HgS(s)
precipitation and Hg(II)-polysulﬁde formation, but there
was still a tendency to underpredict the concentration of
Hg(II) in porewater (Fig. 7). One possible reason for a
slightly less good ﬁt for the intermediate and young peatland samples is that the concentration of NOM RSTOT
functional groups was estimated using a ﬁxed percentage
of total S content. Thus, as a consequence of the 25%
higher soil S content in the young peatland samples, the
concentrations of NOM RSTOT were enhanced by 25%
(0.015 mmol/g C for the young peatland samples compared
to 0.012 mmol/g C for the old peatland samples; Table S4).
This estimate was derived from data on soil samples from
the SKM site studied by Liem-Nguyen et al. (2017), which
can be considered to best reﬂect the old peatlands of the
chronosequence. The assumption of a ﬁxed ratio of
NOM RSTOT to STOT along the peatland gradient may
be an oversimpliﬁcation though. In previous studies of forest organic soils and humic waters (Qian et al., 2002;
Skyllberg et al., 2006) from the region, the NOM RSTOT
was determined using the same method (Hg EXAFS) as
in this study. This form corresponded to 20–30% of OrgSRED, and 13–20 % of STOT. This is somewhat higher than
our estimate of NOM RSTOT contributing to 15% of OrgSRED and 9.8 % of STOT. Apart from variability in the
redox potential, inﬂuencing the proportion of reduced
and oxidized organic S, the formation of iron sulﬁde minerals (mainly FeS2 and FeS) would inﬂuence the ratio
between NOM RSTOT and STOT. In a lake sediment from
the old peatland part of the chronosequence in which FeS2
and FeS were both present, NOM RSTOT made up 22% of
Org-SRED, but only 6.8 % of STOT (Skyllberg et al., 2021).
From porewater data we can say that mackinawite, FeSm,
was not present in our soils, but we cannot say anything
about the presence or absence of pyrite, FeS2(s), which
may have varied along the chronosequence, and thus biased
our assumption of a constant NOM RSTOT to STOT ratio.
An interesting ﬁnding is that, similar to the study of
Liem-Nguyen et al. (2017), a log K of 36.8 (Drott et al.,
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2013) for the formation reaction of HgS(s) improved the ﬁt
of the model to low inorganic sulﬁde (S(-II) < 1 mM) samples signiﬁcantly, as compared to when using the constant
of 37.6 (Schwarzenbach and Widmer, 1963). In contrast,
the latter value showed a much better ﬁt to data in lake sediments from the same region as this study (Skyllberg et al.,
2021). As discussed by Skyllberg et al. (2021), the FeSm may
act as a precursor and increase the crystallinity of b-HgS(s)
phases, which in turn may lower the availability of Hg to
methylating bacteria. Thus, the absence of FeSm in the
peatland soils of this study, as well as in the study of
Liem-Nguyen et al. (2017), may therefore result in a less
crystalline and more bioavailable form of HgS(s) than in
lake sediments.
The MeHg, like Hg(II), was more soluble in the young
and intermediate peatlands, as indicated by the higher
MeHg log Kd, than in the old peatlands. Thus, similar to
Hg(II) being more bioavailable for methylating bacteria
in the young peatlands, relatively more of the peatland’s
MeHg may be available for uptake in the aquatic food
web downstream of young (mesotrophic) peatlands, as
compared to the older (oligotrophic) peatlands.
5. CONCLUSIONS
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(II)-polysulﬁdes in the young peatlands may have increased
the bioavailability of Hg at this end of the gradient.
A possibility is emerging from recent studies, including
the incubation experiments on soils from this chronosequence (Hu et al., 2020), that the concept of a single limiting factor will not suﬃce to represent the complex
community structures where multiple factors interact to
mediate net MeHg formation. Our study has also revealed
that even though it was diﬃcult to alter this property by
short term (days to months) additions of e-donors or acceptors, the longer term availability of these resources inﬂuences net MeHg formation as evidenced by the consistent
patterns along the chronosequence. This suggests there
can be time-lags in microbial community response to
changes in resource supplies before net MeHg formation
changes.
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