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sponse to climate-driven shifts in
groundwater level
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0.2 m can enhance mobilization by
200–1000%.
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Heavymetal andmetalloid contamination of topsoils from atmospheric deposition and release from landfills, ag-
riculture, and industries is awidespreadproblem that is estimated to affect N50% of the EU's land surface. Influx of
contaminants from soil to groundwater and their further downstreamspread and impact ondrinkingwater qual-
ity constitute a main exposure risk to humans. There is increasing concern that the present contaminant loading
of groundwater and surface water systems may be altered, and potentially aggravated, by ongoing climate
change, through large-scale impacts on recharge and groundwater levels. We investigated this issue by
performing hydrogeological-geochemical model projections of changes in metal(loid) (As and Pb) mobilization
in response to possible (climate-driven) future shifts in groundwater level and fluctuation amplitudes. We used
observed initial conditions and boundary conditions for contaminated soils in the temperate climate zone. The
results showed that relatively modest increases (0.2 m) in average levels of shallow groundwater systems,
whichmay occur in Northern Europewithin the coming two decades, can increase mass flows of metals through
groundwater by a factor of 2–10. There is a similar risk of increased metal mobilization in regions subject to in-
creased (seasonal or event-scale) amplitude of groundwater levels fluctuations. Neglecting groundwater level
dynamics in predictive models can thus lead to considerable and systematic underestimation of metal mobiliza-
tion and future changes.More generally, our results suggest that the key to quantifying impacts of climate change
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onmetal mobilization is to understand how the contact between groundwater and the highly water-conducting
and geochemically heterogeneous topsoil layers will change in the future.

© 201 The Authors. Published by Elsevier B.V. This is an open access article under the CC BY-NC-ND license
(http://creativecommons.org/licenses/by-nc-nd/4.0/).
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1. Introduction

Contaminated soil is a recognized problemworldwide. For example,
in Europe alone, N340,000 sites have been identified as contaminated
according to data collection criteria of the 2011 European Environment
Information and Observation Network (EIONET), comprising 11 EU
member states (van Liedekerke et al., 2014). For an additional
2.5 million sites, unacceptable soil contamination is suspected, but not
yet verified. The impact was recently emphasized in an assessment of
soil heavy metals using the LUCAS topsoil database of almost 22,000
samples, which spatially cover all EU member states with a density of
1 sampling point per 200 km2. The assessment showed that more
than in 50% of samples, one or more heavy metals exceeded mean
threshold levels used in Finnish legislation, which approximately re-
flects an average of the value range adopted by EU member states
(Tóth et al., 2016).

Main sources of soil contamination by heavy metals and metalloids
include atmospheric deposition of traffic emissions and other exhaust
emissions, release from landfills, agriculture, mining, and other indus-
trial activities, and accidental spills from transport and handling of var-
ious substances (Scott et al., 2005; Barth et al., 2009; Jarsjö et al., 2017a;
Tóth et al., 2016). The typical outcome in all these cases is a vertical con-
centration gradient of metals in soil, with the highest concentrations in
the topsoil. In addition to direct contactwith contaminated soil, humans
may be exposed via metal uptake in crops and edible plants (Nagajyoti
et al., 2010; Raguž et al., 2013) or via water-borne spreading through
e.g., coupled groundwater-surface water systems impacting drinking
water wells (Mulligan et al., 2001; Hashim et al., 2011; Törnqvist
et al., 2011).

Since previous industrial activities and current population densities
are generally high near rivers and in coastal areas, many contaminated
sites are located adjacent to water courses (e.g., Anderssson-Sköld
et al., 2007), which profoundly increases both the contamination risks
and exposure risks (Destouni et al., 2010; Persson et al., 2011;
Andersson et al., 2014). In addition, severe impacts of toxic long-lived
substances such as heavy metals have been observed in coastal zones
and at river mouths (Newton et al., 2012), where heavy metals may ac-
cumulate in sediments (e.g., Abrahim and Parker, 2008; Jaishankar et al.,
2014;Naser, 2013; Pietroń et al., 2018). To reduce exposure risks, the in-
flux of contaminants from soil to groundwater and their further down-
stream spread need to be reduced. Therefore, there is a critical need to
identify and assess the sources and develop holistic and comprehensive
regional andnational abatement strategies (Schiedek et al., 2007; Naser,
2013; Karthe et al., 2017; Thorslund et al., 2017).

However, there is increasing concern that the present contaminant
loading of groundwater and the subsequent transport to drinking
waterwells and surfacewaters, and the associated risks, may be altered,
and potentially severely aggravated, by ongoing hydroclimatic change
(Schiedek et al., 2007; Brandon, 2013; Colombani et al., 2016; Jarsjö
et al., 2017b;Wijngaard et al., 2017). The global surface temperature in-
crease by the end of this century is projected to be between 2 °C (based
on the 2015 United Nations Climate Change Conference, COP 21 or CMP
11, Paris agreement) and 4 °C (if no strongmeasures are taken to reduce
greenhouse gas emissions) (Barros et al., 2014; IPCC, 2014). This will
impact the physical and geochemical properties of the soil-
contaminant-groundwater system (e.g., Augustsson et al., 2011) and
change the ice and snow patterns in high-latitude regions. Mean annual
precipitation is also projected to increase in many temperate regions
and the Arctic, including northern Europe and North America (Olsson
and Foster, 2014). Moreover, the frequency and intensity of rainfall
events are likely to change, which may impact groundwater recharge
patterns (Eckhardt andUlbrich, 2003; Jyrkama and Sykes, 2007) and as-
sociated contaminant leaching and waterborne transport (Barth et al.,
2009; Bonten et al., 2012). This is in addition to the impacts of
climate-driven changes in frequency of catastrophic events, such as
landslides, involving contaminated soil (e.g., Ströberg et al., 2017) or
bark beetle outbreaks involving forest die-off and substance mobiliza-
tion (e.g., Su et al., 2017).

Many of these climate-related changes will alter groundwater levels
and groundwater flows, both annually and seasonally (Rodhe et al.,
2009; Sundén et al., 2010; Vikberg et al., 2015). For instance, warmer
winters in cold, snow-dominated regions will mean longer periods
with unfrozen ground, earlier snowmelt, and precipitation in the form
of rain instead of snow, which will increase groundwater recharge
and, in turn, the average groundwater level (Eckhardt and Ulbrich,
2003; Sutinen et al., 2007; Okkonen and Kløve, 2011). This is consistent
with predictions by Jyrkama and Sykes (2007) and Vikberg et al. (2015)
that groundwater recharge and annual average groundwater levels in
Sweden and Canada will, if anything, increase in the future as a result
of climate change. On the other hand, in a warmer climate with higher
evapotranspiration, spring and summer recharge and groundwater
levels may be reduced (Eckhardt and Ulbrich, 2003; Okkonen and
Kløve, 2011), which would mean increased seasonal variation (fluctua-
tions) in groundwater levels.

On the time scale of hydrological events, shifting groundwater levels
near streams can largely explain temporal changes in stream water
quality (e.g., Seibert et al., 2009). In particular, when groundwater levels
are high during hydrological events, there is preferential release of sub-
stances in parts of the topsoil temporarily influenced by the elevated
groundwater level. This applies, for instance, for diffuse leaching of
iron and carbon from topsoils, butmay also apply formajor and trace el-
ements (Eklöf et al., 2015; Lidman et al., 2017). Based on three years of
high-resolution measurements, Musolff et al. (2016) concluded that
catchment-scale export of nitrate from a lowland agricultural region
in Germany could be accurately predicted based on groundwater level
data only.

However, several open questions remain regarding the extent to
which climate-driven shifts in groundwater levels could lead to large-
scale net changes in metal mobilization from contaminated topsoils.
For instance, the patchy nature and complex hydrogeochemistry of
metal-contaminated topsoils make large-scale systematic observations
of their net loads quite challenging (Schiedek et al., 2007; Augustsson
et al., 2011). To increase current understanding and aid future investiga-
tions, there appears to be a need for systematic model quantifications of
potential impacts of shifting groundwater levels on such metal loads,
which consider observed (‘realistic’) initial conditions and boundary
conditions for contaminated sites subject to hydroclimate change.

In this study, we used 40-year series of groundwater level measure-
ments, representing discharge areas in typical Northern European
catchments with till soil, together with typical geochemical partitioning
data for arsenic (As) and lead (Pb), in numerical modeling of future sce-
narios, in order to:

- determine the extent to which conceivable climate-driven changes
in groundwater levels and fluctuation amplitudes can impact release
of heavy metals (Pb and As) from contaminated topsoil

- identify factors leading to high climate sensitivity of metal release
into groundwater (e.g., hydrogeological conditions, including

http://creativecommons.org/licenses/by-nc-nd/4.0/
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shallow-depth increases in hydraulic conductivity and heterogene-
ity in geochemical properties of topsoils).
Fig. 1.Model set-up of the contaminated site, including the monitored section where the
water flux and contaminant flows were monitored through the simulation.
2. Methods

2.1. Modeling approach

We focused our analysis on the upper parts of the soil profile, since
anthropogenic pollution sources are generallymore prevalent in topsoil
than in deeper aquifer layers (e.g., Bonten et al., 2012). We considered
pollution sources located in relatively low-lying groundwater discharge
areas near or within the riparian zones of streams. Such sources have
relatively high impacts on stream water quality, as mentioned above.
In discharge areas, the depth to the groundwater is usually shallow. In
addition, regional flow of groundwater, imported from higher parts of
the catchment, usually dominates over local, vertical fluxes from infil-
tration of precipitation surpluses. The latter may be governed by quite
different processes than the regional, near-horizontal groundwater
flows considered here. Therefore these flow components need to be
assessed using quite different approaches. The main focus in this study
was on the contributions from the volumetrically dominating horizon-
tal groundwater flow component.

We considered a model domain where metal(loid)s were
partitioned into groundwater from a ‘source zone’ of contaminated top-
soil, with subsequent metal(loid) release from this area with the
flowing groundwater. From an environmental-societal perspective, sur-
face water bodies (streams, rivers, wetlands and lakes), together with
aquifers used for water supply, constitute recipients that should be
protected from such groundwater-borne contaminants. Since potential
natural attenuation of metal(oids) downstream of the source zone
should not be relied upon (e.g., in environmental impact assessments)
unless there is very thorough site-specific evidence of on-going and ir-
reversible retention processes, the focus herewas on the source zone re-
lease. The scenario analyses performed covered climate-induced effects
of increased GWL and increased and decreased groundwater fluctua-
tions on release of metal(loid)s from the source zone. The input data
to the model were taken from an analysis of long-term monitoring
data of groundwater levels made by the Geological Survey of Sweden
(Sveriges Geologiska Undersökning; SGU, 2017). Lead and arsenic
were chosen as model contaminants because their mobility is very dif-
ferent (see Section 2.6).

Themodel domainwas configured to exemplify hydrogeological and
geochemical conditions found for forested till soils in Northern Europe
andNorthAmerica. Such soils normally have gradients in hydraulic con-
ductivity, which is highest close to the surface. Many man-made soil
constructions, including various fillingmaterials, also have highhydrau-
lic conductivity in the upper part of the profile, as a result of use of sand-
gravel fractions close to the ground surface (Löv et al., 2018).
2.2. Analysis tools and the modeling domain

A two-dimensional groundwater and solute transport model
(Modflow NWT and MT3DMS using GMS 10.3.4), honoring Darcy's
law and the continuity equation, was used to examine metal(loid) re-
lease and groundwater transport in our model domain. The total length
of the modeled aquifer was 80 m (Fig. 1), and the depth of the active
part of themodel domain was 3.5 m. Themodel properties perpendicu-
lar to the slope and flow direction were assumed to be constant. There-
fore, the results are scalable per unit width, which was arbitrarily set to
0.1m. To account for the assumed importance of varyingmatrix proper-
ties with depth, the soil was divided into eight horizontal layers, which
were assigned different values of hydraulic conductivity and different
geochemical properties (Section 2.3).
Each of the layers consisted of 111 modeling cells, of width varying
between 0.1 and 1 m. The ground surface was assigned a constant
slope of 5% and the soil a constant porosity of 30%. The metal-
contaminated areawas representedwith a uniform concentration of se-
lectedmetal(loid)s in the top 1.5m (layers 1–6) in a 20m long zone, ap-
proximately 10 m from the upper boundary of the model (red area in
Fig. 1).

The input water fluxes to themodel are driven by groundwater fluc-
tuations applied as a time-variant specified head at the upper (left) and
lower (right) boundaries and at the bottom layer (layer 8). The base sce-
nario was chosen to reflect field-observed groundwater level fluctua-
tions on a daily time scale from a 41-year observational series, as
described below.

Themain output of themodel consisted of time-series of metal con-
centrations CL and groundwater flows QL in all eight layers (L) at a ver-
tical, monitored section (Fig. 1), fromwhich the totalmetalmass loadM
at time t was estimated as:

M tð Þ ¼ ∑LCL tð Þ � QL tð Þ=R ð1Þ

where R is a contaminant-specific retardation factor that can be related
to the contaminant's partition coefficient (Kd, m3 kg−1) as R = 1 + Kd

(ρ/n) in linear isotherm sorptionmodels,whereρ is the soil bulk density
(kgm−3) and n is the soil porosity [−]. Themonitored section is located
just downstream of the source and reflects the net contaminant loads
released into the coupled groundwater-surface water system from the
contaminated source.

2.3. Geochemical characteristics of the soil profile

To study metal(loid) mobilization at contaminated sites, Pb and As
were used as model metal(loid)s. Contamination sources for Pb are
e.g., mining activities, shooting ranges, glassworks, and oil residuals,
while As contamination may originate from the use of wood preserva-
tives, pesticides, and additives in alloys and glass raw materials
(Swedish EPA, 2017). Lead and As can be considered two ‘extremes’ re-
garding contaminant mobility in soils and groundwater systems, where
As is themoremobile of the two. However, enhanced transport of Pb by
binding to particles, colloids, and dissolved organic ligands can be sub-
stantial in the upper part of the soil profile (Pédrot et al., 2008; Löv
et al., 2018). For As, redox is a key variable, because the reduced form,
arsenite (As(III)), is generally sorbed less strongly than the oxidized
form, arsenate (As(V)) (Wilkie and Hering, 1996; Smedley and
Kinniburgh, 2002). Thus, a low redox potential will favor mobilization
of As.

The soil chemical data and contaminant concentration data were
taken from a former wood impregnation site at Åsbro, central Sweden
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(green star in Fig. 2), which is a particularly well-investigated site
among N25,000 contaminated sites in Sweden (Swedish EPA, 2017).
The total concentration of Pb and As in the topsoil (0–0.3 m) is
780 mg/kg and 2300 mg/kg, respectively. To account for the differing
mobility of Pb and As, the contaminant transport modeling routine con-
sidered a linear isotherm, i.e., a partition coefficient (Kd, m3 kg−1), ap-
proach. The geochemical input data to the model were taken from an
irrigation experiment conducted on intact soil profiles extracted from
the topsoil (0–0.3 m) at the Åsbro site (Löv et al., 2018). Four replicated
soil columns were subjected to an irrigation intensity of 2 mm h−1 for
10 days. The Kd values of Pb and As(V) used in simulations were ob-
tained from total soil concentrations and time-integrated average leach-
ate concentrations (4 sampling occasions), representing the average
values of all four soil columns. The experiment was conducted under
unsaturated conditions, but it was assumed in the present study that
the concentrations in leachate were representative of those under satu-
rated flow conditions, because equilibrium conditions were achieved
and the contribution of preferential water flow was negligible during
the experiment (Löv et al., 2018). For Pb, therewas amajor contribution
of particulate transport in this soil (92%) (Löv et al., 2018). In the simu-
lations, we assumed that particle-facilitated transport of Pb was possi-
ble in the upper 50 cm of the soil profile, giving 11-fold lower Kd

values in layers 1–4 compared with layers 5 and 6 (Table 1). In this re-
spect, Pb represents an elementwith higher mobility in the topsoil than
in the subsoil. Since the irrigation experiment was run under
Fig. 2. Map showing sampling locations for geochemical and hydrological input datasets, inclu
hydraulic conductivity (K) (Boelter, 1968; Mehuys and De Kimpe, 1976; Lundin, 1982; McKa
2017). The colors indicate projected future precipitation changes (multimodel ensemble m
Representative Concentration Pathway (RCP) 4.5 trajectory; WorldClim, 2018) (increases in bl
unsaturated flow conditions, i.e., oxic conditions, the As in leachate
was mainly present as As(V). Accordingly, the Kd value of As
(V) adopted in the simulations was based on the experimental data. In
order to obtain a realistic Kd value for As(III), we assumed a value that
was 23-fold lower than the measured value for As(V). Based on infor-
mation obtained for ferrihydrite systems, this value seems to be reason-
able (Wilkie and Hering, 1996), although the relative binding strength
can vary substantially with e.g., presence of different types of iron (Fe)
and aluminum(Al) (hydr)oxides, pHvalue, and solute-sorbent relation-
ship (Smedley and Kinniburgh, 2002). As shown in Table 2, the Kd data
on Pb and As(V) for Åsbro are quite similar to the median values found
for a large number of contaminated sites in Sweden.

2.4. Hydraulic conductivity in the soil profile

Data on the relative change in saturated hydraulic conductivity K
with soil depth were based on measurements at a number of sites
(Boelter, 1968; Mehuys and De Kimpe, 1976; Lundin, 1982; McKay
et al., 1993; Nyberg, 1995; Bergvall et al., 2011), the positions of
which are indicated by pink diamonds in Fig. 2. The absolute (reference)
hydraulic conductivity was taken from the Gårdsjön catchment in
Sweden (pink star in Fig. 2). Northern forested glacial till soils are com-
monly characterized by significantly decreasing saturated hydraulic
conductivity (KS, m s−1) with increasing depth according to a power
law relationship (Lind and Lundin, 1990; Nyberg, 1995; Lundmark and
ding partition coefficient (Kd) and metal concentration (C) in soil at contaminated sites,
y et al., 1993; Nyberg, 1995; Bergvall et al., 2011), and groundwater level (GWL) (SGU,
ean of the Coupled Model Intercomparison Project, Phase 5 (CMIP5) output for IPCC's
ue and decreases in red).



Table 1
Model input: Groundwater concentrations (C, g m−3), of Pb, As(V), and As(III) within the contaminated area (red area in Fig. 1) and partition coefficient, Kd (m3 kg−1). Soil concentration
was set at 780 mg/kg and 2300 mg/kg for Pb and As, respectively, in all modeling layers 1–8.

Layer Depth, h
(m)

Lead (Pb) Arsenate (As(V)) Arsenite (As(III))

Concentration in water,
C (g m−3)

Partition coefficient, Kd

(m3 kg−1)
Concentration in water,
C (g m−3)

Partition coefficient, Kd

(m3 kg−1)
Concentration in water,
C (g m−3)

Partition Coefficient, Kd

(m3 kg−1)

1 0.0–0.1 0.078 10 3.4 0.68 77 0.03
2 0.1–0.2 0.078 10 3.4 0.68 77 0.03
3 0.2–0.3 0.078 10 3.4 0.68 77 0.03
4 0.3–05 0.078 10 3.4 0.68 77 0.03
5 0.5–0.8 0.0071 110 3.4 0.68 77 0.03
6 0.8–1.5 0.0071 110 3.4 0.68 77 0.03
7 1.5–2.5 0 110 0 0.68 0 0.03
8 2.5–5.0 0 110 0 0.68 0 0.03
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Jansson, 2009; Bishop et al., 2011). Following Bishop et al. (2011), we
expressed this relationship as:

KS zð Þ ¼ KS
� � z=z�ð Þ−1:22 ð2Þ

where z (m) is the depth below the soil surface and KS
⁎ (m s−1) is a ref-

erence hydraulic conductivity for a given reference depth z* (m). We

used KS
� ¼ 9:0� 10−6 m s−1 for depth z* = 0.78 m as reported by

Nyberg (1995) for the Gårdsjön basin, which yielded an estimated KS

value ranging from about 2.6·10−4 in model layer 1 to 2.9·10−6 in
model layer 7 (Fig. 3a).

2.5. Historical groundwater level dynamics (base scenario)

To represent the historical groundwater level dynamics, we
screened the dataset of the Geological Survey of Sweden (SGU, 2017)
for wells located in the so-called critical zone of groundwater-surface
water exchanges that can have large impact on downstream conditions
(e.g., Clark et al., 2015). The specific selection criteriawere that thewells
should have shallow average groundwater level (≤1 m from the ground
surface) and be located in discharge areas 150 m or less from surface
waters. In total, 10 wells spread across Sweden (Fig. 2; yellow symbols)
matched these criteria (Table 3). For these 10 wells, the median of the
long-term average depth from the ground surface to the groundwater
level was 0.73 m, and the median of the standard deviation was
0.34 m (Table 3).

In our numerical modeling, such long-term historical conditions
were considered in a base scenario (S0), taken as the full time series
data of well 71_1, from 15 November 1976 to 31 October 2017 (black
curves in Fig. 3b and c; Table 3). In this well, the groundwater level dy-
namics were most similar to the median of the 10 wells considered in
Table 2
Comparison of partition coefficient (Kd) values obtained for the Åsbro soil with results
from a compilation by Fanger et al. (2006) for contaminated sites in Sweden. Kd-unfiltered
values are based on total concentrations in soil leachate,Kd-filtered values on filtered (0.45
μm) solutions. Fanger et al. (2006) obtained their data in leaching tests using a leachate-
to-solid ratio (L/S) of 2. The data for Åsbro were obtained in an irrigation experiment on
intact soils (Löv et al., 2018). n = number of samples, sd = standard deviation.

Site/data Lead (Pb) Arsenic (As)

Kd-unfiltered
(m3 kg−1)

Kd-filtered
(m3 kg−1)

Kd-unfiltered
(m3 kg−1)

Kd-filtered
(m3 kg−1)

Åsbro 10 110 0.6 0.68
Meana – 370 – 8.8
Mediana – 36 – 0.89
na – 48 – 60
sda – 824 – 23

a Compilation by Fanger et al. (2006) of contaminted sites in Sweden
terms of both the long-term average groundwater level (0.75 m) and
the fluctuations (standard deviation of 0.39 m).

2.6. Formulation of future scenarios for groundwater level dynamics

With climate change, some areas in the northern hemisphere are ex-
pected to experience higher groundwater levels, as summarized in the
introduction to this paper. Fig. 2 shows areas where the average future
precipitation in Northern Europe and North America is expected to in-
crease (blue areas), potentially with average groundwater level in-
creases as a result. In addition to a change in mean groundwater level,
the amplitude of the groundwater fluctuations may decrease in some
regions, e.g., since infiltration may become more uniform throughout
the year as a result of shorter periods with ground frost. On the other
hand, the amplitude of the groundwater fluctuationsmay increase if ex-
treme precipitation or drought events becomemore common.Overall, it
is highly uncertain whether, and to what extent, there will be such
intra-annual (e.g., seasonal) shifts in mean groundwater level
(e.g., Kløve et al., 2014; Vikberg et al., 2015). Because of these uncer-
tainties, effects of increases and decreases in the amplitude of ground-
water fluctuations were tested in this study, in addition to effects of
increased mean groundwater level.

In our numerical modeling, we formulated and explored four differ-
entmain scenarios (S1 to S4) of possible future, climate-driven changes
from the historical conditions of the Base Scenario S0 (Section 2.5). The
scenarios accounted for plausible groundwater level increases and
changes in groundwater level fluctuations, as listed in Table 4 and illus-
trated in Fig. 4. In order to examine the impacts of neglecting groundwa-
ter level fluctuations in numerical simulations, we also formulated two
hypothetical time-invariant scenarios where all groundwater level fluc-
tuations were removed and the groundwater level was kept at a con-
stant value (scenarios S0* and S1* in Table 4).

Regarding the magnitude of assumed groundwater level increase in
the coming two decades,we departed from the historical compilation of
Swedish groundwater wells within the critical groundwater-surface
water interaction zone (Table 3), which showed an increasing ground-
water level trendwith time formost of the 10wells, e.g., the level during
the recent timeperiod 2007–2016wasup to 0.21m closer to the ground
surface than in the time period 1987–1996 (Table 3). In our future sce-
narios S1, S3, and S4 (Table 4), we assumed a further mean increase in
groundwater level of the same magnitude (0.2 m) during the coming
two decades. In scenario S1 (blue curves in Fig. 3a and b), the input
groundwater levels were simply obtained by adding a constant of
0.2 m to the readings in the base case scenario groundwater level series
(S0; black curves in Fig. 3, obtained from well 71_1). In scenario S2
(green curves in Fig. 3), the average groundwater level was assumed
to remain unchanged, but the amplitude of the base case (S0) ground-
water level fluctuations was increased by multiplying all deviations
from the mean by a factor of 1.5. By definition, this operation led to an
increase in the standard deviation around the mean of 1.5 (Table 4).



c) Groundwater level depths 1977-2016 - model input data

Hydraulic conduc�vity
2012-2016 (close-up)
Groundwater level depthsa) b)

model input data

Fig. 3. Summary of hydrogeological input data to the model. (a) Estimated saturated hydraulic conductivity (KS) for natural Northern European till soil applied in the modeled soil layers
1–7. (b) Five-year (2012–2016) close-up and (c) whole series of the groundwater level data used. Well 71_1 observations, which constitute the historical base scenario (Section 2.5), are
shown inblack and formulated future scenarios S1-S4 (see Section 2.6), obtained by displacing and/or stretching thewell 71_1 data, are shown indifferent colors. The thick horizontal lines
in (c) illustrate the changed mean groundwater level (black line) and standard deviation (dashed line) of the black curve (well 71_1 data) between the 10-year periods around 1990 and
2010.
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For S3 (red curves in Fig. 3), the same amplifying multiplication using a
factor of 1.5 was performed, however modifying the S1 data (green
curve) representing elevated groundwater level, instead of the base
case S0 data. In scenario S4 (yellow curves in Fig. 3), the amplitude of
the S1 data was decreased by multiplying by a factor of 0.67. The
resulting wide range of fluctuations considered in the future scenarios
(S2, S3, and S4), from a decrease in standard deviation by a factor of
0.67 to an increase by a factor of 1.5 (Table 4 and Fig. 4), fully covered
the smaller range of observed standard deviation difference (Δσ) in
the 10 wells considered (Table 3).
3. Results

3.1. Current and projected future groundwater flows

The simulated groundwater flow through different topsoil layers
(numbered according to Fig. 1) and the total groundwaterflow are illus-
trated for different model scenarios (black and colored bars) in Fig. 5. In
the base scenario S0 (black bars), representing observed historical
groundwater levels, most of the total simulated groundwater flow oc-
curred below 0.8 m depth, in layers 6 (39%) and 7 (34%). The total



Table 3
Summary of the data series from the considered wells.

SGU codea for well Well coordinates Measurement period GWLb (m) Δ GWLc (m) σ GWL
d (m) Δσ GWL

e (m) Δσ GWL
e (%)

North East

71_1 59.1723 12.1190 1977–2016 0.75 -0.12 0.39 −0.15 −32%
5_4 56.6065 15.5500 1963–2014 0.59 0.23 0.46 −0.04 −8.9%
89_7 59.6227 15.4336 1985–2016 0.73 -0.10 0.18 −0.06 −29%
50_13 60.8802 14.3624 1974–2015 0.5 -0.08 0.15 −0.05 −38%
68_4 61.9375 14.2071 1977–2010 0.52 -0.01 0.27 −0.05 −17%
33_202 64.1866 19.5738 1983–2016 0.81 -0.21 0.49 −0.07 −14%
16_94 58.7839 14.3541 1983–2016 0.92 -0.01 0.35 −0.07 −18%
33_104 64.2551 19.7792 1983–2016 0.99 -0.21 0.26 −0.06 −24%
60_46 58.4967 15.1906 1975–2015 0.73 -0.08 0.63 −0.22 −29%
72_103 56.3146 15.3590 1974–2013 0.57 -0.07 0.33 −0.03 −8.8%

Median: 0.73 0.34

Bold: Well data used as base scenario.
a SGU (2017).
b Mean groundwater level (m below ground surface), 1987–2016.
c Difference in mean GWL (m below ground surface), 2007–2016 compared with 1987–1996.
d Fluctuation, expressed as standard deviation σ around the mean GWL, 1987–2016.
e Difference Δσ in GWL fluctuation, 2007–2016 compared with 1987–1996.

7J. Jarsjö et al. / Science of the Total Environment 712 (2020) 135560
flowwas 13.4m3 year−1m−1 (Fig. 5). Under these historical conditions,
the groundwater level repeatedly fell below 1mdepth (Fig. 3c). This re-
duced the amount of water passing through the top 0.8 m (layers 1–4)
of the till soil profile, despite the fact that the topsoil (0–0.3 m) has
higher hydraulic conductivity than the deeper layers (Fig. 3).

However, the relatively modest future increase in average ground-
water level considered, of 0.20 m (from 0.75 m depth (base scenario
S0; Fig. 5)) to 0.55 m depth (scenarios S1, S3, and S4; Fig. 5), meant
that the top 0.30 m (layer 1–3) of the soil profile wasmuchmore active
in conveying groundwater. A similar effect was observed on increasing
the amplitude of groundwater level fluctuations while keeping the av-
erage groundwater level at 0.75 m (scenario S2; Fig. 5). In particular,
the flow through the topsoil was estimated to increase by up to 60-
fold in the top 0.30 m. In the whole soil domain considered, the net im-
pact of increased groundwater level fluctuations around the average
level was considerable (scenario S2; 26% higher total flow compared
with S0), although somewhat smaller than the net impact of increased
average groundwater level (scenario S1; 48% higher total flow).
Hence, if both fluctuations and average levels increase in the future,
the flow of the domain will increase considerably (scenario S3; 89%
higher flow compared with S0). Notably, the combined impact of in-
creased groundwater level and decreasedfluctuation amplitude (S4) re-
sulted in similar groundwater flow as in the scenario with just
increasing amplitude (S2), although the contribution from the top
0.30 m in the former scenario (S4) was smaller (Fig. 5).
Table 4
Scenario formulation summary, including base scenario S0 (historical conditions; see also Sec
scenarios S0* and S1* (Section 2.6).

Scenario name and
figure
reference

Represented condition

S0 (Fig. 4a) Base scenario with historical data from reference well 71_1
S0* (not illustrated) Same mean GWL as in scenario S0, all fluctuations removed
S1 (Fig. 4b) Increased annual average GWL compared with S0

S1* (not illustrated) Same mean GWL as in scenario S1, all fluctuations removed

S2 (Fig. 4c) Increased GWL fluctuations around the mean compared with
S0

S3 (Fig. 4d) Increased GWL as well as increased fluctuations compared
with S0

S4 (Fig. 4d) Increased GWL but decreased fluctuations compared with S0

Bold: Scenarios that account for GWL fluctuations. Italics: Scenarios that neglect GWL fluctuati
3.2. Current and projected future mass flows of As and Pb

The largest proportion of the annual average mass flows of As
(V) and As(III) (MAs(V) andMAs(III), respectively) released from contam-
inated soil in the source zone (Fig. 1) during the 41-year historical sim-
ulation period 1977–2016 (scenario S0) occurred around and below
1mdepth from the soil surface, i.e., in layers 5 and 6 (Fig. 5). This is con-
sistent with the fact that these layers convey a higher water flow, QL,
than the surrounding domain (Section 3.1).

The total mass flow of As(V) and As(III) in all future scenarios S1 to
S4 increased more than the accompanying increase in water flow
(Section 3.1), in total by around 82% (scenario S1), 46% (scenario S2),
150% (scenario S3), and 44% (scenario S4), compared with the base sce-
nario (S0). Furthermore, analogously to the pattern of flow increases,
the highest mass flow increases compared with the historical simula-
tion period (scenario S0) were seen in the top 30 cm of the soil profile
for scenario S3, with 730% higher mass flow of As(III) and 1440% higher
mass flow of As (V). A general trend for all scenarios S1 to S4 was that
the upper part of the soil profile actively released and conveyed a con-
siderable fraction of the total metal transport, whereas the contribution
from the upper soil profile was negligible in the base scenario S0.

Interestingly, the absolute mass flow of As(III) was approximately
1000-fold higher than the mass flow of As(V) (Fig. 5), for the base sce-
nario S0 and for the future scenarios S1-S4. Thus, the simulations illus-
trate the large effect of the lower binding strength of As(III) compared
tion 2.5 and Fig. 4), future scenarios S1–S4 (Section 2.6), and hypothetical time-invariant

Mean groundwater level (m
below
ground surface)

Fluctuation, expressed as the standard
deviation
around the mean (m)

0.75; observation data (Fig. 3) 0.39; observation data (Fig. 3)
0.75; observation data (Fig. 3) 0; no fluctuations (time-invariant)
0.55; 0.2 m closer to surface than
S0

0.39; same as S0

0.55; 0.2 m closer to surface than
S0

0; no fluctuations (time-invariant)

0.75; same as S0 0.58; S1 amplified by 1.5

0.55; 0.2 m closer to surface than
S0

0.58; S1 amplified by 1.5

0.55; 0.2 m closer to surface than
S0

0.26; S1 reduced by 1/1.5 = 0.67

ons.
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Recipient

Recipient

Recipient

Fig. 4. Schematic illustrations of themean groundwater level (GWL) and fluctuation around themean level at a metal-contaminated site, considering (a) current conditions, and possible
scenarios for future conditions: (b) increasedmean GWL, (c) increased amplitude of GWL fluctuations around themean level, and (d) combinations involving both increasedmean GWL
and changed amplitude of GWL fluctuations. The scenarios are summarized in Table 4 and the corresponding GWL input data series are plotted in Fig. 3b and c.
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with As(V), since all other conditions were the same (Table 1). The Kd

value for As(III) is about 1/20 of the Kd value for As(V), i.e., for a given
soil concentration of As in the source zone, the concentration of As(III)
partitioned into the aqueous phase will be around 20-fold higher than
the As(V) concentration. In addition, the groundwater transport of As
(V) will be much more retarded due to the high Kd value of As, which
can explain a large part of the multi-fold difference between the As
(III) and As(V) mass flows.

The Kd value for Pb was 160-fold higher than that for As(V) in the
lower part of the modeled domain (Table 1). The concentration in the
aqueous phase was therefore correspondingly lower. Since, for the
same reason, Pb is heavily retarded during its transport, the total mass
flows of Pb were very low (Fig. 5) in comparison with e.g., the mass
flows of As(III) and As(V). On the other hand, the simulation of Pb trans-
port illustrated the general behavior of a fairly immobile element with
higher solubility in the upper part of the soil profile. In our example,
the higher solubility in the upper 50 cm was due to the transport of
Pb with particles that occur in this domain only, which lowered the Kd

value by a factor of 11. As a result, the major Pb mass flow occurred in
the upper 50 cm in the base scenario (Fig. 5; layers 4 and above),
which also made the Pb mass flow strongly responsive to future in-
creases in mean groundwater levels (Fig. 5; scenarios S1, S2, and S3)
and changes in the amplitude of groundwater level fluctuations
(Fig. 5; scenario S2).

3.3. Consequences of neglecting groundwater level dynamics on projected
contaminant loads

Modeled cumulative contaminant mass flows in the whole soil pro-
file in the monitored section (Fig. 1), downstream from the ‘source
zone’, after 41 years (under historical conditions) differed considerably
depending on whether or not the model accounted for groundwater
level dynamics (Fig. 6). For As(V), which was assumed to have the
same Kd value throughout the soil profile, neglecting groundwater
level fluctuations (scenario S0* in Fig. 6a) yielded 20% lower cumulative
mass flow at the end of the 41-year simulation period compared with
when groundwater level fluctuations were accounted for in S0. For Pb,
whichwas assumed to have a depth-dependent Kd value, the estimated
mass loads were completely different when groundwater level fluctua-
tionswere neglected (dotted line), and constituted only 0.3% of the end-
of-simulation value when the fluctuations were accounted for (solid
line), an underestimation of 99.7%.

Similar differences in predicted loads were seen in the modeling re-
sults for the future scenarios (Fig. 6b). Neglecting groundwater level
fluctuations (S1*) led to systematic underestimation of the future cu-
mulative mass loads for both As and Pb, by some orders of magnitude
in the case of Pb. When groundwater level fluctuations were not
neglected (S1), the results showed high sensitivity to the assumedmag-
nitude of fluctuations. In the scenario where the fluctuations increase in
the future (S3), the estimated cumulative mass flows at the end of the
41-year simulation period were predicted to be about 50% higher for
As(V), and 160% higher for Pb, than in the scenario where current ob-
served groundwater level fluctuations remained unchanged in the fu-
ture (S1).

The systematic errors seen as underpredictions of both current
(Fig. 6a) and future (Fig. 6b) mass flows when neglecting groundwa-
ter level fluctuations did not disappear when considering relative
mass flow changes between current and future conditions (Fig. 6c).
In all cases, the differences between future and current conditions
were underestimated when groundwater level fluctuations were
neglected, by 35–70% in the case of As(V) and by 95–98% in the
case of Pb. Even larger differences were seen for the first
5–10 years of the simulation. These derived from contaminant
plume evolution and differences in downstream breakthrough be-
tween the scenarios, which were much more pronounced at early
stages of plume development.

4. Discussion

Our simulations showed that groundwater-bornemetal(loid) trans-
port may increase considerably in regions subject to climate-driven in-
creases in mean groundwater level and/or increases in groundwater



Fig. 5. Total groundwater flow (Q), groundwater flow in eachmodel layer (QL) and corresponding mass flows of lead (Pb) (MPb), arsenate (As(V)) (MAS(V)), and arsenite (As(III)) (MAS(III))
just downstreamof the contaminated area, given as average values for the 41-year period of historical climate conditions (base scenario, S0, black bars) and average values for four possible
future 41-year periods reflecting different climate change scenarios (S1–S4, colored bars).
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level variations around themean. In both cases, themain explanation is
that the topsoil will convey a much higher fraction of the total subsur-
face flow when the groundwater level is shallow, since the hydraulic
conductivity of typical northern European and north American till
soils increases exponentiallywith decreasing distance to the soil surface
(Mehuys and De Kimpe, 1976; Lind and Lundin, 1990; Nyberg, 1995;
Lundmark and Jansson, 2009; Bishop et al., 2011). This finding can be
expected to apply also for regions that are not dominated by till soil,
as long as the soil is characterized by similar vertical hydraulic conduc-
tivity profiles. Considerably elevated saturated hydraulic conductivity in
the topsoil has been seen e.g., in peat soils (Boelter, 1968), gley soils
(e.g., Musolff et al., 2016), and clay soils (Bathke and Cassel, 1991;
McKay et al., 1993). Such conductivity contrasts may also be the result
of anthropogenic disturbances, such as an addition of coarse filling ma-
terial (contaminated) (Wysocka, 2015), which is common in contami-
nated areas (Löv et al., 2018).

The present study showed that a relatively modest average rise in
the groundwater level, of 0.2 m, can evoke total mass flows of As(III)
and Pb that are increased by a factor of 1.8 and 12, respectively. This re-
sult is consistent with the strong control exerted by groundwater head
on element mobilization and export, which is reported for instance re-
garding nitrate mobilization in a lowland catchment in central
Germany (Musolff et al., 2016), total mercury (Hg) in boreal regions of
Sweden (Eklöf et al., 2015), and diffusive cadmium (Cd) and zinc (Zn)
emissions in the Netherlands (Bonten et al., 2012).

In general, the simulations showed that the mass flow changes for
species with constant Kd values throughout the soil profile, such as As
(III) and As(V), were approximately proportional to the water flow
changes in the soil. For Pb, the varying geochemical properties along
the soil profile (including Kd variations) were the main explanation for
the fact that the mass flow of Pb increased more than the groundwater
flow. In our example, the total transport of Pb in the more water-
conducting topsoil layers was related to facilitated transport of Pb by
particles, as also found by Löv et al. (2018) for a contaminated sandy
loam. Other factors that can promote higher solubility of metals in
upper soil layers compared with deeper layers include higher concen-
trations of dissolved organic ligands and lower pH values (Gustafsson
et al., 2003; Groenenberg et al., 2012). The increase in mass flows of
As(III), by a factor of 1000 compared with As(V), illustrate the tremen-
dous impact of going from oxidizing to reducing conditions on mobility
of this element. According to Smedley and Kinniburgh (2002), Kd values
for As(III) of b0.01 m3 kg−1 have been reported for soils in the USA and
groundwater aquifers in Bangladesh, i.e., considerably lower values
than applied in the present study.



Fig. 6.Modeled cumulative mass flows of arsenate (As(V)) (left column) and lead (Pb) (right column) based on (a) current conditions, using observed long-term average groundwater
level (neglecting groundwater level (GWL) fluctuations altogether; dashed line) andusing bi-weekly data (accounting for GWLfluctuations; solid line), (b) three future projections that all
account for increased GWL, but have different GWL fluctuation assumptions as follows: (i) neglecting GWL fluctuations altogether (blue dashed line), (ii) assuming similar fluctuations in
the future as today (S1, blue solid line), and (iii) assuming increased fluctuations in the future (S2, red solid line), and (c) future changes for the same cases as in (b), but expressed as
relative change from current conditions by dividing future change scenario results in (b) with base scenario results in (a).
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In the context of climate change impacts, increases in heavy metal
loads, similar to those presented here for As, have for instance previ-
ously been predicted for Zn and Cd in a lowland region of the
Netherlands as a result of increased soil leaching and runoff
(Wijngaard et al., 2017). The groundwater quality in many regions of
the world may generally be sensitive to such climate-driven hydrologi-
cal changes, although the governing processes are often complex and
difficult to predict (Kløve et al., 2014). Our results show that climate-
driven changes in groundwater level alone (without accounting for pos-
sible additional changes in leaching) can have large impacts on metal
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mobilization. Such groundwater level impacts may be particularly pro-
nounced in downgradient regions, e.g., near surface water recipients,
where lateral (regional) groundwater fluxes dominate over (local) ver-
tical fluxes from infiltration and percolation of excess water in the un-
saturated zone.

Additional vertical water fluxes and associated downward contami-
nant fluxes through the unsaturated zone, which were not considered
here, may need more attention in future studies. This is particularly
true if larger modeling domains are considered (Bonten et al., 2012).
Climate-driven increases in effective precipitation (difference between
precipitation and evapotranspiration) will arguably exacerbate the im-
pacts of both elevated groundwater levels and increased groundwater
flows, and result in additional impacts of increased vertical water fluxes
over contaminated areas. This implies that the considerable groundwa-
ter level impacts demonstrated in our studymay still be underestimates
of actual impacts in regions where future effective precipitation will
increase.

Our results show that neglecting groundwater level dynamics
(e.g., fluctuations around the mean level; here we considered bi-
weekly data) can lead to considerable and systematic underestimation
of metal mobilization. In particular, order-of-magnitude differences in
predicted cumulative mass flows were seen when geochemical gradi-
ents were present in the topsoil, as is the case for Pb, depending on
whether or not the model accounted for groundwater level dynamics.
Previously, Bonten et al. (2012) presented an example where absolute
mass flowswere underestimated in models that did not account for dy-
namic effects. This common conclusion may hence apply for a range of
environmental conditions. In addition to the absolute mass flow esti-
mates, we demonstrated for the first time that relative changes (analo-
gous to so-called ‘delta changes’ in the climate change nomenclature)
are considerably underestimated when dynamic effects are neglected.
Such effects may arise from intensification of the hydrological cycle
and possibly also increased occurrence of extreme weather events
(e.g., Olsson and Foster, 2014). Additionally, seasonal changes in precip-
itation patterns, a shift fromprecipitation as snow towards precipitation
as rain, and earlier snowmelt are expected to impact both groundwater
levels and fluctuation amplitudes in Northern Europe (e.g., Vikberg
et al., 2015). Therefore, such dynamics, which are not captured by
e.g., simple 1Dmodel simulations typically based on theDomenico solu-
tion (Domenico, 1987), for example Bioscreen (Newell et al., 1996),
need to be considered in future projections for risk assessments and,
not least, in the design of risk management strategies.

Quantitative relationships between groundwater level changes and
changes in contaminant mobilization, such as those seen in this study
and by e.g. Seibert et al. (2009), Bonten et al. (2012), Eklöf et al.
(2015) andMusolff et al. (2016), have the potential to reproduce effects
of dominant mechanisms and processes, while being simple enough to
be applicable to entire catchments or river basins. Although this is a pre-
condition for understanding impacts of hydroclimatic change on
large-scale contaminant mobilization, several open questions re-
main. For instance, although we obtained conclusive results on in-
creased metal(loid) mobilization in regions where groundwater
levels or fluctuations will increase the future, it is not clear how
such regions can be robustly identified. A main reason is that current
models (e.g., coupled climate and hydrological models) appear to be
too uncertain to project future changes in groundwater level. This is
evidenced by the lack of reported success in reproducing observed,
systematic groundwater level changes using (historical) climate
model runs. A synthesis by Kløve et al. (2014) showed that the
main uncertainties in this regard relate to the predictive understand-
ing of (changes) in spatio-temporal recharge patterns, including po-
tential changes in the mechanisms themselves. This finding is
consistent with mounting observational evidence showing that pro-
nounced spatio-temporal differences in groundwater recharge pat-
terns exist in many regions and thus need to be accounted for in
predictive models (Jyrkama and Sykes, 2007; Bailey et al., 2016)
Systematic assessments have also shown that the climate models of
CMIP5 often fail to reproduce current trends in runoff change in catch-
ments across the northern hemisphere (Bring et al., 2015). Hence, a bet-
ter quantitative understanding of the related processes is needed to
support enhanced region-specific model simulations of hydroclimatic
change (Meixner et al., 2016) that can demonstrate the magnitudes
and seasonal patterns of future changes in groundwater levels and
their fluctuations. The absence of such projections necessitates the use
of historical trend analyses to reasonably constrain future scenarios of
groundwater level change in scientific assessments, as demonstrated
in the present work as well as in previous assessments (Cui et al.,
2018; Rodell et al., 2018).

Nevertheless, we note that our future scenarios of groundwater level
change, which were constrained by historical groundwater level trends
from low-lying groundwater discharge areas, are consistent with more
general, large-scale projections of future groundwater level changes.
For instance, a synthesis presenting the ensemble result of nine climate
model projections of future groundwater level changes in Sweden
based on IPCC's Representative Concentration Pathway (RCP) 4.5 trajec-
tory (Vikberg et al., 2015) shows that the whole country except for its
south-western part is expected to experience average groundwater
level increases of up to 0.2 m, comparing the periods 1961–1990 and
2021–2050. This coincides with our scenario assumption of 0 to 0.2 m.
Furthermore, the groundwater level variation around the average
value is expected to increase in some parts of Sweden (Vikberg et al.,
2015), whereas other parts can expect unchanged or even decreased
levels, in consistencywith our different scenario assumptions. However,
the low spatio-temporal resolution of the results presented in Vikberg
et al. (2015) need to be improved to adequately account for the prevail-
ing highly heterogeneous hydrogeological conditions that can have
large impact on metal mobilization and transport. If this could be
achieved in newmodel generations - a considerable scientific challenge
- their output would directly provide suitable boundary conditions for
projectingmetal mobilization and transport at individual contaminated
sites, using similar groundwater flow simulations as adopted here.

5. Conclusions

• Our simulation results suggest that, in order to understand impacts of
climate change on pollutant release from source zones, it is necessary
to understand how the contact between groundwater and the highly
conductive (and frequently polluted) topsoil layers will change in the
future.

• For regions where average groundwater levels are expected to in-
crease in the future, or where the amplitude of groundwater level
fluctuations may increase, there is a risk that (metal) contaminants
in topsoil will mobilize and spread through the groundwater system
to amuch larger extent than today. This is particularly true in soil pro-
files where the hydraulic conductivity increases towards the surface.

• Our results show that neglecting groundwater level dynamics
(e.g., fluctuations around the mean) in predictive models can lead to
systematic, order-of-magnitude underestimation of metal mobiliza-
tion and of future relative changes (increases) in metal mobilization.
The main reason is that such time-invariant models do not capture
the interplay between hydrological and geochemical characteristics
in horizontally layered soil profiles.

• For arsenic, the major factor determining the magnitude of climate
change effects on transport is the indirect effect of groundwater
level and fluctuations on the redox potential. Mass flows of As(III)
were shown to be approximately 1000-fold higher than mass flows
of As(V), although the Kd value for As(III) was only about 1/20 of
that for As(V). This illustrates the need for dynamic modeling ap-
proaches when predicting climate change effects on contaminant
transport.

• For lead, which is the relatively immobile in soil, the climate change
effects can be substantial because of high sensitivity to increased
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groundwater levels and fluctuations in these. This is due to the as-
sumed facilitated transport of Pb by particles in the highly conductive
topsoil. Thus elements for which solubility increases in the upper part
of the soil profile are more prone to climate change-induced changes
in groundwater level dynamics.

• This study focused on the role of climate-driven changes in ground-
water levels and associated changes in (near-horizontal) shallow
groundwater flow on transport of metal pollutants. Other factors not
quantified here may also need further attention in future studies.
These include climate-driven changes in (vertical) infiltration flux
through the unsaturated part of the soil profile and the impact of
changes in frequency of catastrophic events, such as landslides, in
contaminated areas.
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