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A B S T R A C T   

The environment contains a multitude of man-made chemicals, some of which can act as endocrine disruptors 
(EDCs), while others can be immunotoxic. We evaluated thyroid disruption and immunotoxic effects in wild 
female perch (Perca fluviatilis) collected from two contaminated areas in Sweden; one site contaminated with per- 
and polyfluoroalkyl substances (PFASs) and two sites contaminated with polychlorinated biphenyls (PCBs), with 
one reference site included for each area. The hepatic mRNA expression of thyroid receptors α and β, and the 
thyroid hormone metabolising iodothyronine deiodinases (dio1, dio2 and dio3) were measured using real-time 
PCR, while the levels of thyroid hormone T3 in plasma was analysed using a radioimmunoassay. In addition, 
lymphocytes, granulocytes, and thrombocytes were counted microscopically. Our results showed lower levels of 
T3 as well as lower amounts of lymphocytes and granulocytes in perch collected from the PFAS-contaminated 
site compared to reference sites. In addition, expressions of mRNA coding for thyroid hormone metabolising 
enzymes (dio2 and dio3) and thyroid receptor α (thra) were significantly different in these fish compared to their 
reference site. For perch collected at the two PCB-contaminated sites, there were no significant differences in T3 
levels or in expression levels of the thyroid-related genes, compared to the reference fish. Fish from one of the 
PCB-contaminated sites had higher levels of thrombocytes compared with both the second PCB lake and their 
reference lake; hence PCBs are unlikely to be the cause of this effect. The current study suggests that lifelong 
exposure to PFASs could affect both the thyroid hormone status and immune defence of perch in the wild.   

1. Introduction 

Numerous studies have shown widespread contamination by 
anthropogenic chemicals in the environment. Many of these chemicals 
can affect the endocrine status of humans and wildlife (Dia-
manti-Kandarakis et al., 2009) and are regarded as endocrine disrupting 
chemicals (EDCs), while others may affect the immune system. Both the 
endocrine and immune systems are especially sensitive to disruption by 
exogenous chemicals during early development and some EDCs can 
have immunotoxic effects (DeWitt and Patisaul, 2018). Aquatic envi-
ronments often act as sinks for pollutants and can contain mixtures of 
chemicals originating from agricultural runoff, industrial effluents, and 

household waste, which can bioaccumulate in biota and sediments (van 
der Oost et al., 2003). While EDCs may affect many different endocrine 
systems, chemicals acting as thyroid disruptors are of special concern 
because thyroid hormones (THs) are essential for normal vertebrate 
growth and development (Mullur et al., 2014; Williams, 2008). Even 
small changes in thyroid hormone homeostasis during early develop-
mental stages can have detrimental effects on several life stages of an 
organism (Korevaar et al., 2016). In fish, THs play a critical role in 
processes such as fish larval metamorphosis (Taillebois et al., 2011), 
smoltification (Björnsson et al., 2011), osmoregulation (Peter, 2011) 
and behaviour (e.g., Imbert et al., 2008) as well as growth, metabolism, 
and neurodevelopment (Blanton and Specker, 2007; Power et al., 2001; 
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Walpita et al., 2009). 
EDCs can disrupt the thyroid system at many different levels of the 

hypothalamic–pituitary–thyroid (HPT) axis, which regulates the syn-
thesis and activity of the thyroid hormones thyroxine (T4) and triiodo-
thyronine (T3). This includes disruption of the thyroid gland, thyroid 
receptors (Thra and Thrb), transport proteins, and regulatory enzymes, 
such as the deiodinases, which are involved in regulation of the avail-
ability and disposal of THs, including conversion of T4 to T3 (Brown 
et al., 2004; Zoeller, 2007). A range of compounds prevalent in the 
environment have documented effects on thyroid homeostasis, 
including emerging contaminants that have not yet or only recently been 
regulated, such as per- and polyfluoroalkyl substances (PFASs) as well as 
legacy contaminants like the many banned persistent organic chemicals 
such as dioxins and polychlorinated biphenyls (PCBs) (Boas et al., 2009; 
Mughal et al., 2018). 

PFASs are highly persistent, surface-active anthropogenic com-
pounds, which are able to bioaccumulate through food webs and can 
have severe effects on the health of aquatic organisms (Houde et al., 
2011). Due to their stability and surface-tension-lowering properties, 
PFASs have several industrial and commercial applications, for instance 
as surfactants in paper and textile products as well as in aqueous 
film-forming foams (AFFFs) for fire suppression (Kissa, 2001). PFASs are 
widely distributed throughout the environment and have been detected 
in both animals and humans (Lau et al., 2007). PFASs can disrupt 
TH-related mRNA expression and serum levels of THs and can have ef-
fects on behaviour and immunotoxicity in fish (Han et al., 2012; Shi 
et al., 2009). Elevated PFAS contamination of biota and water can be 
detected in areas close to airfields, where large quantities of 
PFAS-containing AFFFs have been used for firefighting training (Ahrens 
et al., 2015; Gewurtz et al., 2014). This is the case in Kallinge, a town 
located in south-eastern Sweden, where a fire training facility at an 
airfield was identified as a point source for PFASs in nearby ground-
water, streams, and lakes that caused elevated serum levels of PFASs in 
the local human population (Andersson et al., 2019; Li et al., 2018, 
2020). 

PCBs are lipophilic, highly stable anthropogenic chemicals, which 
are still pervasive in the environment due to their resistance to degra-
dation. PCBs were used in industrial products including hydraulic fluids, 
heat transfer fluids, and lubricants, and due to their high levels of 
persistence they are still widespread in the environment and in living 
organisms decades after being banned (Henry, 2015; Maisano et al., 
2016). PCBs have well-documented effects on TH levels and animal 
studies suggest a link between PCB exposure and reduced TH levels in 
the serum of birds and mammals (Ahmed, 2013; Katarzyńska et al., 
2015; Smits et al., 2002). As PCBs are structurally similar to T4, they 
may act as TH analogues, disrupting the TH system by acting on or 
binding to the thyroid receptor (Boas et al., 2012; Zoeller, 2007). In 
addition, exposure to PCBs is known to have adverse effects on the im-
mune system in mammals (Lyche et al., 2004), including marine mam-
mals (Desforges et al., 2016; Sørmo et al., 2009). In fish, most studies of 
PCB exposure and its negative effects on the immune system have been 
performed in laboratory settings (reviewed by Henry, 2015). In 2013, a 
regional survey revealed high levels of PCBs in perch from the lake 
Oxundasjön, north of the town of Upplands Väsby, Sweden (Karlsson 
and Viktor, 2014). Later, large amounts of PCBs were found in the 
sediment of the lake, estimated to be as much as five tonnes and 
therefore unique of its kind in Sweden (Hållén et al., 2017). Further 
studies also detected high levels of PCBs in the downstream Lake 
Mälaren at the bay of Rosersbergsviken (Karlsson, 2014; Karlsson et al., 
2014). The source of the contamination has been localised to the town of 
Upplands Väsby, where industries in the area have most likely used and 
released PCBs into the environment for a long period of time, predom-
inantly during the 1960–80s based on chemical analysis of sediment 
cores in the lake Oxundasjön (Hållén et al., 2017). 

While it is known that PFASs and PCBs have adverse effects on living 
organisms, as shown in laboratory studies, there are still knowledge gaps 

regarding their potential effects on wild fish that have been chronically 
exposed to pollutants in their natural environment. The aim of our study 
was to examine the effects of PFASs and PCBs on thyroid- and immune- 
related parameters in perch that have been living in contaminated en-
vironments for their entire lives. Female European perch (Perca fluvia-
tilis) were caught in two contaminated areas in Sweden that have been 
polluted for decades: one PFAS-polluted site close to Kallinge, and two 
sites polluted with PCBs. While there is existing data on PCB levels in 
perch muscle from monitoring surveys for the PCB area, no previous 
studies have been conducted on fish from the PFAS-contaminated site. 
Effects on the thyroid system were assessed by measuring thyroid hor-
mone levels in plasma as well as levels of mRNA coding for thyroid- 
related genes. In addition, the levels of immune-relevant blood cells in 
the fish were analysed to determine whether the immune system had 
been affected by long-term exposure to the contaminants. In addition, 
we evaluated deiodinase expression as markers for exposure to thyroid 
disrupting chemicals in fish. 

2. Material and methods 

2.1. Sampling sites and chemical data 

Female perch were sampled at five sites from two main areas in 
Sweden during the autumn of 2016: one area including a PFAS- 
contaminated lake and a reference lake, and one area including two 
PCB-contaminated sites and a reference lake (Fig. 1). The studied areas 
were selected based on existing chemical data. The lake Sänksjön near 
Kallinge has been contaminated for decades by PFASs (i.e., 

Fig. 1. Map showing the five sampling sites in Sweden where perch were 
caught during autumn 2016. Sänksjön has been contaminated with PFASs from 
Ronneby airport, whereas Oxundasjön and Rosersbergsviken have been 
contaminated with PCBs. Skärsjön was used as a reference site for Sänksjön and 
Fysingen was used as a reference site for Oxundasjön and Rosersbergsviken. 
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perfluorooctane sulfonate (PFOS), perfluorohexane sulfonate (PFHxS), 
and to a lesser extent perfluorooctanoate (PFOA)) (Andersson et al., 
2019; Li et al., 2018) and was selected based on PFAS content in the 
water (Niras Sweden, 2016). The PFASs originated from a fire training 
facility at the nearby airfield. The lake Oxundasjön and the bay Rose-
rsbergsviken were selected based on the elevated levels of PCBs in the 
water and biota, including perch, from these sites (Karlsson, 2014; 
Karlsson et al., 2014; Karlsson and Viktor, 2014), originating from 
several surrounding industries that have been active for the last century. 
Since PCB content in perch from Oxundasjön and Rosersbergsviken had 
already been determined, we did not measure this in the current study. 
In contrast, chemical analysis for the levels of PFASs in perch from the 
lakes Sänksjön and Skärsjön was not previously available, therefore 
PFAS levels in muscle samples were measured for these perch samples 
(see Section 2.7. Chemical analysis). Lake Skärsjön was included as a 
reference site for the PFAS area as this lake is part of a separate catch-
ment area, which is not connected to the PFAS-contaminated lake. Lake 
Fysingen was included as a reference site for the PCB area since this site 
is known to be pristine, and previous measurements have shown low 
PCB levels in perch muscle from this site (Hållén, 2016). 

2.2. Fish sampling 

Sexually mature female perch were sampled from the five sites in 
October 2016 (n = 11–22 per lake). Reproductive status was based on 
gonadal size. In Sänksjön and its reference lake Skärsjön, fish were 
caught by fishing rod and then kept in corves at the sampling location for 
one day prior to sampling. Temperatures in Sänksjön and Skärsjön were 
10.8 and 10.5 ◦C, respectively. In Oxundasjön, Rosersbergsviken and the 
reference lake Fysingen, fish were caught with gill nets and then kept in 
corves at the sampling location for three days prior to sampling. Tem-
peratures in Oxundasjön, Rosersbergsviken and Fysingen were 9.8, 9.6 
and 10.2 ◦C, respectively. Before sampling, the fish were killed by a 
sharp blow to the head. All fish were then weighed (g) and measured 
(mm). Blood was drawn from the caudal vein with a heparinised syringe 
(Bojarski et al., 2018). Fresh blood was immediately used to produce 
smears for blood cell counts, and to measure the erythrocyte volume 
fraction (haematocrit), glucose concentration, and haemoglobin con-
centration. The rest of the blood was centrifuged at 6000 rpm for two 
min, the plasma was then collected, aliquoted and stored at − 80 ◦C 
until analysis. The liver was rapidly dissected, and the bile was collected 
with a syringe. The liver was weighed and cut into smaller pieces that 
were flash frozen and stored in liquid nitrogen until sample preparation. 
Eight to nine perch samples were analysed from each site for 
thyroid-related hepatic mRNA expression and thyroid hormone mea-
surement in plasma. Four individuals from Skärsjön and five from 
Sänksjön were randomly selected for PFASs analysis in fish muscle tis-
sue. Fish were treated and sampled according to animal ethics regulation 
in Sweden and as outlined in the ethical permit (274–2011). 

2.3. Morphometric indices and age 

Condition factor (CF), and liver somatic index (LSI) were calculated 
as follows: CF = total weight (g) × 100/length3 (cm) and LSI = total 
liver weight (g) x 100/total weight (g). The age of the fish was deter-
mined by the otolith structures, as previously described (Svedäng et al., 
1998). 

2.4. Blood parameters 

Haematocrit was measured using haematocrit capillary tubes that 
were centrifuged in a haematocrit capillary centrifuge for 2 min and 
then read with a microhematocrit reader (n = 10–20). The haemoglobin 
and glucose concentrations in blood were measured using a cuvette 
system from Hemocue, with assayed haemoglobin (HemoTrol; Eurotrol) 
and glucose (GlucoTrol-AQ; EuroTrol) as quality controls. To determine 

the amounts of blood cells, blood smears were prepared on glass slides 
and stained as previously described (Asker et al., 2015). The number of 
lymphocytes, granulocytes, and thrombocytes were counted micro-
scopically and are presented as a percentage of the total number of 
counted blood cells. The total percentage of white blood cells (WBCs) 
was calculated as the sum of the lymphocytes, granulocytes, and 
thrombocytes (Asker et al., 2015). 

2.5. RNA isolation and real time RT-PCR 

For the mRNA expression analysis of selected thyroid-related mRNA 
transcript levels, RNA was isolated from the liver of eight or nine indi-
vidual perch females from each site. Samples were homogenised using a 
TissueLyser (Qiagen) and total RNA was isolated from homogenised 
liver samples using the RNeasy® Plus Mini Kit (Qiagen) according to the 
manufacturer’s instructions. The RNA concentration of each sample was 
assessed using spectrophotometry (NanoDrop, Thermo Fisher Scienti-
fic). Complementary DNA was synthesised from 1 μg total RNA using the 
iScript cDNA synthesis kit (BioRad). RT-qPCR was carried out in a total 
volume of 10 μL per reaction (4 μL cDNA diluted 1/20, and 5 μL 
SsoAdvanced Universal SYBR-Green Supermix (BioRad)). Target gene 
transcripts were normalised to the expression of the geometric mean of 
two housekeeping genes (ubiquitin and elongation factor 1α) to obtain 
delta Ct values (dCt). qPCR data is presented as (2^-dCt) x 1000 and 
statistical analysis was performed on delta Ct values. Primers were 
designed with NCBI primer-BLAST using sequenced perch transcriptome 
data (Förlin et al., 2019). Information regarding primer sequences and 
annealing temperatures is provided in Table S1. 

2.6. Thyroid hormone measurement 

The levels of total thyroid hormone triiodothyronine (T3) in the 
blood plasma of female perch (n = 8–9) were quantified using a radio-
immunoassay (RIA) protocol as described previously (Einarsdóttir et al., 
2006; Rotllant et al., 2003), but with 0.25% bovine serum albumin 
(BSA) in the RIA buffer. The T3 label was purchased from Perkin Elmer 
(Waltham, USA). A test of parallelism was carried out to validate the RIA 
method for perch prior to measurements of samples and showed that the 
standard and plasma slopes were parallel (Fig. S1). Each plasma sample 
was diluted 1:10 in the RIA buffer and kept in the refrigerator until the 
start of the assay. Levels of T4 in perch plasma were not measurable 
(signal not detected) with two applied methods, a T4-specific RIA 
developed in-house and a T4-specific ELISA method (Perkin Elmer). We 
were also unable to measure TSH in plasma. 

2.7. Chemical analysis 

2.7.1. Chemicals and standards 
All the analytical standards used for quantification were of high 

purity grade (>95%) and all were purchased from Sigma-Aldrich 
(Sweden). The mass-labelled internal standards for PFASs were pur-
chased from Wellington Laboratories (Canada). Working mixtures of 
native compounds (1 µg/mL) and internal standards (0.5 µg/mL) were 
prepared in methanol and stored at − 20 ◦C. C6 and C8 perfluoroalkyl 
sulfonates (PFSAs) (PFHxS, PFOS) and C4-C11 and C13 per-
fluorocarboxylates (PFCAs) (PFPeA, PFHxA, PFHpA, PFOA, PFNA, 
PFDA, PFUnDA, PFDoDA, PFTeDA), and perfluorooctane sulfonamide 
FOSA, were analysed in perch muscle tissue extracts. Detailed infor-
mation about internal and native standards can be found elsewhere 
(Rostvall et al., 2018). Ultrapure water was generated by a Milli-Q (MQ) 
Advantage Ultrapure Water purification system and filtered through a 
0.22 µm Millipak Express membrane and an LC-Pak polishing unit 
(Merck Millipore, Billercia, MA). Methanol, acetonitrile, ammonium 
acetate, and formic acid of high analytical grade were acquired from 
Sigma-Aldrich (Sweden). 
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2.7.2. Fish sample pre-treatment and extraction 
PFASs were analysed in perch muscle tissue from Sänksjön (n = 5) 

and Skärsjön (n = 4) as described in Grabicova et al. (2018). Briefly, 
0.5 g of fish muscle tissue spiked with internal standard mixture (5 ng 
per sample) was extracted and homogenised with 0.5 mL of acetonitrile 
acidified with 1% of formic acid at 5000 rpm 2 times for 40 s each, with 
a 20 s break (Precellys Evolution Homogenizer, Bertin Technologies, 
Paris, France). The extract was then centrifuged at 3900 rpm for 15 min 
in an Eppendorf Centrifuge 5810 R (Eppendorf AG, Hamburg, Ger-
many). The supernatant was filtered through a syringe filter (0.45 µm 
pore size, regenerated cellulose) and frozen for 24 h to ensure protein 
precipitation. The method for PFAS analysis in biota was validated for 
linearity, repeatability, quantification limit (LOQ), and recovery (Cer-
veny et al., 2016). The final extract was then centrifuged at 10,000 rpm 
for 3 min and an aliquot was taken and analysed using an 
ultra-high-pressure liquid chromatography (UPLC) system coupled to a 
triple quadrupole mass spectrometer (MS/MS) (UPLC-MS/MS). 

2.7.3. UPLC-MS/MS analysis 
The perch muscle tissue extracts were analysed using a DIONEX 

UltiMate 3000 UPLC system (Thermo Scientific, Waltham, MA, USA) 
coupled to an MS/MS (TSQ QUANTIVA, Thermo SCIENTIFIC, Waltham, 
MA, USA). An Acquity UPLC BEH-C18 column (Waters, 100 mm × 2.1 i. 
d., 1.7 µm particle size from Waters Corporation, Manchester, UK) was 
used as an analytical column. Injection volume was 10 μL for all sam-
ples. A heated electrospray ionisation (H-ESI) was used to ionise the 
target compounds. The spray voltage was set to positive ion with 
3500 V. Nitrogen (purity >99.999%) was used as a sheath gas (50 
arbitrary units), auxiliary gas (15 arbitrary units), and sweep gas (2 
arbitrary units). The vaporiser was heated to 400 ◦C and the capillary to 
325 ◦C. Two selected reaction monitoring (SRM) transitions were 
monitored for all analytes. The mobile phase consisted of ultrapure 
water with 5 mM ammonium acetate and acetonitrile. The flow rate was 
0.5 mL/min and run time was 15 min (negative electrospray ionisation 
mode). The obtained data were evaluated using TraceFinderTM 3.3. 
software (Thermo Fisher). 

2.8. Statistical analysis 

Statistical analyses were performed using GraphPad Prism 8 
(GraphPad Software, La Jolla, CA, USA). Results are presented as mean 
± SEM per group. The normality of the data was tested with the Shapiro- 
Wilk test. Due to the spatial distance between the two studied areas, the 
results from the two areas were statistically analysed separately. For the 
PFASs area, t-tests were used to determine significant differences be-
tween the two sites. For the PCB area, a one-way ANOVA was used to 
compare the means between the three sites, followed by Tukey’s post 
hoc test or Kruskal Wallis’ test. Differences were considered significant 
at p < 0.05. Where applicable, outliers were identified and removed 
from the data following a ROUT analysis (Q = 0.05). 

3. Results and discussion 

In this study, we used perch from two areas in Sweden known to be 
contaminated with specific groups of chemicals in order to see if the 
effects of the contaminants observed in laboratory studies could also be 
detected in wild fish from real environmental conditions. Laboratory 
studies have indicated that PFASs and PCBs have effects on both the 
thyroid and immune status of fish. However, very few studies have 
demonstrated this in naturally occurring fish populations in the field. In 
this study, we used long-term polluted lakes as experimental lakes in 
order to study the effects of PFASs and PCBs on natural fish populations. 
To our knowledge, this is one of the first studies to have examined these 
parameters in wild perch from sites contaminated with PFASs or PCBs. 

3.1. Effects of PFASs on the thyroid system 

The hepatic mRNA expression levels of five selected, thyroid-related 
genes: thra, thrb, dio1, dio2, and dio3, in nine individual females per site 
were measured to investigate effects on the thyroid system at the 
contaminated sites (Fig. 2). These genes were selected because they code 
for proteins that regulate the bioavailability and tissue responsiveness of 
the active form of thyroid hormone (T3). The expression of thra and dio2 
were significantly downregulated, while the expression of dio3 was 
upregulated in fish from the PFAS-contaminated lake Sänksjön 
compared with the reference lake Skärsjön. This suggests that chronic 
exposure to PFASs in perch may affect deiodinase mRNA expression, and 
possibly also be translated into altered deiodinase activity. The con-
centration of thyroid hormones is in part regulated through deiodinases, 
which adjust the bioavailability of the active form of thyroid hormone 
(T3). Activation and synthesis of T3 is stimulated by type 2 deiodinase 
(dio2) through increased biosynthesis of the prohormone T4. Inactiva-
tion of THs is catalysed by type 3 deiodinase (dio3) through deiodina-
tion, transforming T4 and T3 into inactive metabolites (Bianco and Kim, 
2006; Deal and Volkoff, 2020). 

Alterations in deiodinase activity might be one explanation for the 
observed effects on the plasma levels of T3 (Fig. 3), which were signif-
icantly lower in perch caught at the PFAS-contaminated lake Sänksjön 
compared to its reference site Skärsjön. The significantly lower levels of 
thyroid hormone (T3) in perch from Sänksjön (Fig. 3) are consistent with 
the decreased dio2 expression levels and increased dio3 expression levels 
(Fig. 2). Taken together, the low levels of T3, low expression of dio2 and 
high expression of dio3 in perch from the PFAS-contaminated site indi-
cate that chronic PFASs exposure may disrupt thyroid hormone ho-
meostasis through several mechanisms of action in wild perch. The 
findings for Sänksjön are consistent with a number of studies showing 
effects of PFASs on thyroid hormone levels in marine mammals (e.g., 
Desforges et al., 2016; Fair et al., 2013) and in fish (Shi et al., 2009), 
further supporting the hypothesis that PFASs can act as TH-disruptors. In 
addition, acute PFOS exposure changed mRNA expression in the HPT 
axis of zebrafish and altered whole-body levels of T3 (Shi et al., 2009). 
PFOA exposure (250 and 500 mg/L) in zebrafish has been shown to 
reduce the whole-body levels of both T3 and T4 after five days (Wang 
et al., 2020). Chronic PFOS exposure in zebrafish of 250 µg/L (Chen 
et al., 2018) led to altered whole-body content of T4, as well as an 
altered dio1 expression, but no changes in the levels of T3 (Shi et al., 
2009). PFAS exposure may also affect thyroid hormone levels in 
humans. For example, decreased levels of T4 (but not T3) have been 
shown after PFAS exposure in humans (Melzer et al., 2010; Olsen et al., 
2009). 

While there is a lack of studies on the effects of lifelong exposure to 
PFASs on TH levels or thyroid-hormone-related mRNA expression in 
fish, some previous short-term laboratory experiments also suggest the 
thyroid-disruptive effects of PFASs. Acute exposure to PFASs affected 
the expression of the thyroid-related genes thyroglobulin and thyroid- 
stimulating hormone, as well as corticotropin-releasing factor in 
zebrafish after 15 days (Shi et al., 2009) and genes related to early 
thyroid development (hhex and pax8) in zebrafish embryos (Shi et al., 
2008). A study using mixtures of EDCs containing PFASs, phthalates, 
and BPA or triclosan was shown to have thyroid-disruptive effects on 
TH-related mRNA expression (thra, thrb, dio1, and dio2) in zebrafish 
larvae after 48 h acute exposure to relatively low concentrations of a 
mixture of EDCs relevant to the environment. Similarly to the results in 
the present study, the expression of thra and dio2 was significantly 
altered by EDC exposure. These mixtures contained several PFASs and 
phthalates, both of which are compounds with suspected thyroid dis-
rupting properties (Birgersson et al., 2017). 

It remains to be elucidated whether the low T3 levels demonstrated 
here are caused by direct effects of PFASs on the transcription of dio2 
and dio3 and/or on other parts of the HPT axis. PFOS is also known to 
have high affinity for the TH transport protein Transthyretin (TTR) 
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Fig. 2. RT-qPCR results for relative mRNA expression levels of (A–D) thyroid receptors (thra and thrb), and (E–J) deiodinases (dio1, dio2 and dio3) in liver samples 
from female perch from the PFAS-contaminated lake Sänksjön (Sa) and the reference lake Skärsjön (Sk), and the PCB.contaminated lakes Oxundasjön (Ox) and 
Rosersbergsviken (Ro) and the reference lake Fysingen (Fy) (n = 8–9 per site) presented as (2^-dCt) x 1000. Results are presented as mean ± standard error and the 
statistical analysis was performed separately for the two different areas (PFASs vs PCBs). Asterisks (*) indicate statistical significance between the groups (p < 0.05). 

Fig. 3. Differences in (A and B) total triiodothyronine (T3) 
levels in plasma and (C and D) white blood cell (WBC) 
counts from the blood of perch (lymphocytes, granulocytes, 
and thrombocytes) from the PFAS-contaminated lake 
Sänksjön (Sa) and the reference lake Skärsjön (Sk), and the 
PCB-contaminated sites Oxundasjön (Ox) and Rose-
rsbergsviken (Ro) and the reference lake Fysingen (Fy). T3 
levels were measured using RIA in plasma samples 
(n = 8–9 per site) and white blood cell counts were per-
formed on blood smears from 6 to 20 individuals per site. 
Data are presented as mean ± S.E.M. and the statistical 
analysis was performed separately for the two different 
areas (PFASs vs PCBs). Asterisks (*) indicate statistical 
significance between the groups (p < 0.05).   
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(Weiss et al., 2009), which may affect TH-binding to this transporter, 
leading to altered TH levels. The issue of compensation is important to 
consider for thyroid disruption (Zoeller, 2010), because when levels of 
thyroid hormones decline, systematic responses are activated as a 
response to decreasing TH levels in order to restore TH homeostasis or 
ameliorate the effects caused by the decreased TH levels (Zoeller, 2010). 
However, there is still a risk of adverse effects if the exposure duration is 
long or if it occurs during sensitive windows of development, such as 
organogenesis. The perch in this study have been exposed for several 
generations to relatively high levels of PFASs (contamination started in 
the mid-1980 s) and do not seem to have adapted to these conditions in 
terms of thyroid endocrinology. In order to maintain TH homeostasis 
and compensate for decreased T3 levels, it might be expected that dio2 
would be upregulated and dio3 down-regulated, resulting in an increase 
in T3 levels, which is not the case here. Even though the results showed 
that the genes involved in thyroid hormone metabolism were signifi-
cantly different in the PFAS-contaminated lake, and that T3 levels were 
lower, no differences in size or morphology were observed in the studied 
fish. Fish caught at the PFAS-contaminated lake Sänksjön were smaller 
compared to the other sites due to the fact that they were younger. 
However, all the perch included in the study were adults and sexually 
mature, and the condition factor (CF) of the fish did not differ between 
any of the studied lakes (Table S2), indicating that the growth pattern 
and/or fat deposition was not affected by the PFAS or PCB exposure. 

3.2. Effects of PCBs on the thyroid system 

Little is known about baseline data for thyroid related parameters in 
perch, so the PCB-area provided an opportunity to gain another refer-
ence site to compare to the PFAS-area in the current study. The hepatic 
mRNA expression levels of thyroid related genes were also measured for 
perch from the PCB-area. Fish from the most heavily PCB-contaminated 
lake, Oxundasjön, showed a clear upregulation in hepatic dio3 expres-
sion compared with the less contaminated site at Rosersbergsviken, and 
to some extent also compared to the reference lake Fysingen (Fig. 2). 
There were no significant differences in levels of dio1, dio2, thra or thrb 
in fish from either of the PCB-contaminated sites compared to their 
reference lake. 

Furthermore, the total T3 levels did not differ between fish from the 
PCB-contaminated lakes compared with those from the reference site 
(Fig. 3). This is in contrast to the altered levels of both T3 and T4 that 
have been reported in previous studies of PCB-exposed humans (Dar-
nerud et al., 2010) and animals (Ahmed, 2013; Brar et al., 2010; 
Katarzyńska et al., 2015; Smits et al., 2002), including fish (Brown et al., 
2004). Effects of PCBs on the HPT axis have been shown in some studies 
of wild fish (e.g., Brar et al., 2010), while others have found that effects 
are within the compensatory scope of the thyroid system and may not be 
substantial enough to lead to negative effects on the physiology of the 
fish (Buckman et al., 2007; Henry, 2015). 

Unfortunately, levels of thyroxine (T4) or thyroid stimulating hor-
mone (TSH) could not be determined in perch plasma samples by RIA or 
ELISA, despite the fact that these methods have been successful for other 
species (such as eelpout (unpublished data) and Atlantic Halibut 
(Einarsdóttir et al., 2006)). The reason for this is not known and should 
be further investigated, since one of the most commonly reported 
adverse outcomes in humans exposed to PCBs is serum hypo-
thyroxinemia, i.e. reduced T4 levels (Mughal et al., 2018). 

3.3. Chemical analysis 

PFOS was found to be the most prevalent PFAS in Sänksjön, with 
72 ng/g ww in perch muscle (Table S3). The 

∑
PFAS concentration in 

surface water from Sänksjön has previously been determined to be 
155 ng/L (Niras Sweden, 2016). PFOS was the most prevalent PFAS in 
both Skärsjön and Sänksjön with a contribution of 90% and 97% of the 
ΣPFASs. Some minor contributions of PFDA (3.2% of ΣPFASs) and 

PFUnDA (3.8%) were also found. Thus, the discussion relating to the 
PFAS-contaminated area is mainly focused on PFOS. For Oxundasjön 
and Rosersbergsviken, the PCB content in perch had already been 
determined and was not measured in the current study (see Section 
2.1.). The PCB levels in perch muscle from Oxundasjön and Rose-
rsbergsviken were determined to be 490 ng 

∑
PCB7/g ww and 150 ng 

∑
PCB7/g ww, respectively, which is well above the threshold of 125 ng 

∑
PCB6/g ww in muscle set by the EU (Hållén, 2016; Karlsson, 2014; 

Karlsson et al., 2014; Karlsson and Viktor, 2014). PCB levels in the 
reference lake are considerably lower, for example 

∑
PCB7 levels have 

previously been determined as 3.1 ng/g ww in Lake Fysingen, Sweden 
(Hållén, 2016). 

3.4. Effects of PFASs and PCBs on blood cell counts 

Haematological parameters such as blood cell count are widely used 
to assess the effects of exposure to environmental stressors such as 
pollutants (Burgos-Aceves et al., 2019; Bojarski and Witeska, 2020). In 
the present study, the relative percentages of lymphocytes, gran-
ulocytes, and thrombocytes were determined in female perch from the 
PCB- and PFAS-contaminated areas (Table 1). The sum of WBCs (lym-
phocytes, granulocytes, and thrombocytes) (Fig. 3) was significantly 
lower in perch from the PFAS-contaminated lake Sänksjön than in perch 
collected from its reference lake Skärsjön, predominantly due to a 
significantly lower number of lymphocytes and granulocytes (Table 1). 
As granulocytes and lymphocytes are involved in the recognition and 
elimination of pathogens, the lower levels of these immune-related cells 
in perch found in the PFAS-contaminated areas may lead to a higher 
susceptibility to infection in these fish (Rieger and Barreda, 2011). 
Immunotoxic effects of PFAS exposure, such as changes in the number of 
immune cells and immune-related mRNA expression, have previously 
been demonstrated in fish in laboratory studies, particularly for short 
exposures (days up to weeks) at concentrations in the mg/L range (Fang 
et al., 2013; Han et al., 2012; Huang et al., 2015; Yang, 2010). 

In contrast to the PFAS-contaminated site, the total number of white 
blood cells did not differ significantly between fish collected in the PCB- 
contaminated sites and the reference lake (Fig. 3). However, the relative 
percentage of thrombocytes in perch from Rosersbergsviken was 
significantly higher in comparison to Oxundasjön as well as the refer-
ence site Fysingen (Table 1), suggesting a possible effect on the blood- 
clotting process in the examined fish (Tavares-Dias and Oliveira, 
2009). The phagocytic properties of thrombocytes in non-mammalian 
vertebrates such as fish (Nagasawa et al., 2014) also indicated a po-
tential effect on the innate immune system of fish collected in the 
PCB-contaminated Rosersbergsviken. PCB exposure in laboratory set-
tings has previously been shown to affect the immunocyte function, 
immune response, or disease resistance of mammals, birds, and fish 
(Arkoosh et al., 1994; Iwanowicz et al., 2009; Smits et al., 2002). In 
some cases, effects have also been seen on wild fish from 
PCB-contaminated ecosystems, while others did not observe effects on 
immune parameters (Barron et al., 2000). More evidence is needed in 
order to determine whether PCB contamination adversely affects the 
health of wild fish (Henry, 2015). 

4. Conclusions 

This study looked at the effects on thyroid- and immune-related 
parameters in wild perch that have been living in lakes contaminated 
with PFASs or PCBs for their entire lives. Although these chemicals have 
been shown to have TH-disruptive effects in laboratory studies, there is a 
lack of knowledge about the effects on thyroid and immune status in 
wild fish in their natural habitat. In summary, we observed that lifelong 
exposure to PFASs had effects on both the levels of T3 and the expression 
of TH-related genes (dio2, dio3, and thra). The numbers of immune- 
relevant blood cells were also significantly different from reference 
fish, and further studies are warranted to explore the potential effects on 
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immune function. To our knowledge, our study is the first to suggest that 
lifelong exposure to PFASs in the ng/L range may have adverse effects on 
thyroid status and the cellular immune defences of wild fish. We also 
found that lifelong exposure to PCBs might have a slight effect on dio3 
expression in wild perch. In addition, our results indicate that differ-
ences in the expression of deiodinase genes, especially dio2 and dio3, are 
biological effects that can potentially be used as markers for thyroid 
disrupting chemicals, such as PFASs, in environmental monitoring. 
Although the possibility of other contributing contaminants needs to be 
taken into consideration, we believe that it is still valuable to study ef-
fects not just in laboratory setups, but also under real environmental 
conditions, which can provide insight into the effects of these chemicals 
on wild fish. However, further studies of both PFASs and PCBs in both 
wild fish populations and in laboratory settings are needed to confirm 
the present findings. 
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