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Inland waters play an active role in the global carbon cycle and emit large volumes

siderable body of research has improved emissions estimates from lakes, reservoirs
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waterbodies as poorly quantified but potentially important emission hotspots. Of par-

waterbody types are prevalent in many landscapes and their cumulative surface areas
can be substantial. Furthermore, GHG emissions from constructed waterbodies are
anthropogenic in origin and form part of national emissions reporting, whereas emis-
sions from natural waterbodies do not (according to Intergovernmental Panel on
Climate Change guidelines). Here, we present GHG data from two complementary
studies covering a range of land uses. In the first, we measured emissions from nine
ponds and seven ditches over a full year. Annual emissions varied considerably: 0.1-
443 g CH, m2year!and -36-4421 g Co, m~2 year™. In the second, we measured
GHG concentrations in 96 ponds and 64 ditches across seven countries, covering sub-
tropical, temperate and sub-arctic biomes. When CH, emissions were converted to

CO, equivalents, 93% of waterbodies were GHG sources. In both studies, GHGs were
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1 | INTRODUCTION

There are miles and miles of ditches which have no
perceptible current [...] ditches in which vegetation
appears to run wild [...]. Add to these fish ponds, duck
ponds, horse ponds, ponds upon commons, moors,
heaths, or beside the village green. Wherever there
is an expanse of water, not even larger than could be
covered with a blanket, or a ditch no wider than can
be straddled over, if there is no perceptible flow or
current then we claim it for the definition of ‘still wa-

ters’, and extend over it our jurisdiction.

The introductory text, written ~130 years ago, to a
naturalist's guidebook titled ‘Ponds and Ditches’,
that covers plants, algae, protozoa and invertebrates
(Cooke, 1892).

Inland waters (lakes, rivers, reservoirs and streams) are active com-
ponents of the global carbon cycle; they transport and transform ter-
restrially derived organic and inorganic carbon, capture carbon dioxide
(CO,) through aquatic primary production, emit CO, via mineralization
and degassing, bury carbon in their sediments and have the potential
to emit large quantities of methane (CH,) produced in anaerobic sedi-
ments (Cole et al., 2007). The magnitude of CO, and CH, evasion from
inland waters on a global scale is uncertain, with recent estimates rang-
ing from 1.0 to 3.9 Pg C year* (Ciais et al., 2013; Drake et al., 2018).
Despite this uncertainty, these emissions are large enough to offset a
considerable proportion of the terrestrial carbon sink (Bastviken et al.,
2011; Raymond et al., 2013), and thus, there is continued interest in
identifying the sources and quantifying the magnitude of inland water
carbon evasion.

Small waterbodies and especially ‘still waters’ have historically
been excluded from GHG flux studies, but their global abundance
and high potential for biogeochemical cycling indicate that they could
be an important component of the global carbon budget (Downing,
2010; Verpoorter et al., 2014). In support of this idea, a synthesis
of data from 427 lakes and primarily natural ponds found inverse
relationships between waterbody size and both CH, and CO,, with

positively related to nutrient status (C, N, P), and pond GHG concentrations were
highest in smallest waterbodies. Ditch and pond emissions were larger per unit area
when compared to equivalent natural systems (streams, natural ponds). We show that
GHG emissions from natural systems should not be used as proxies for those from
artificial waterbodies, and that artificial waterbodies have the potential to make a
substantial but largely unquantified contribution to emissions from the Agriculture,

Forestry and Other Land Use sector, and the global carbon cycle.

ditch, drainage, greenhouse gas, inland waters, pond, stream

GHG concentrations greatest in ponds (Holgerson & Raymond,
2016). Although ponds are smaller than lakes, the distinction be-
tween ponds and lakes can be fuzzy, and definitions for what ex-
actly constitutes a pond are numerous and sometimes contradictory
(Biggs et al., 2005). Small waterbodies likely have higher GHG con-
centrations due to their physical characteristics: High edge effects
can lead to proportionally more terrestrial carbon inputs relative
to larger systems, frequent water mixing means sediment respira-
tion impacts more of the water column and shallow depth favours
emission pathways (e.g. ebullition) that limit the potential mitigation
by CH, oxidation (Holgerson & Raymond, 2016). Since Holgerson
and Raymond’s (2016) synthesis was published, additional studies
have found high GHG fluxes from vernal pools (Kifner et al., 2018),
thaw ponds (Kuhn et al., 2018) and artificial ponds (Gorsky et al.,
2019; Grinham et al., 2018; Martinez-Cruz et al., 2017; Ollivier et al.,
2019a; Peacock et al., 2019; Webb, Leavitt, et al., 2019). A new syn-
thesis further supports the inverse lake size-GHG flux relationship:
37% of total lentic CH, emissions (diffusive + ebullitive) came from
waterbodies <0.001 km? in size (Rosentreter et al., 2021). These re-
cent studies have also suggested that artificial ponds may have even
higher GHG emissions per m? than natural ones.

Recent studies on GHG flux from natural and artificial ponds
suggest that another small and artificial waterbody type may also
have high carbon emissions: ditches. Ditches share some of the same
physical characteristics that drive high GHG flux in ponds: They are
generally shallow, have high terrestrial inputs relative to aquatic
area, are common landscape features and their cumulative length
can be greater than that of streams and rivers (e.g. for Great Britain,
total ditch length is more than double that of streams and rivers;
Brown et al., 2006). Yet ditches are largely unexplored ecosystems
(Koschorreck et al., 2020), and recent evidence suggests that they
can have high CH, emissions, with implications for landscape to
global-scale CH, budgets (Evans et al., 2016; Koschorreck et al.,
2020; Peacock et al., 2021).

Variations in pond and ditch GHG emissions, when compared to
natural aquatic systems, may be largely attributed to human-induced
alterations to biogeochemical cycling. For instance, artificial water-
bodies are often subjected to extensive hydrological management
(regulated inflows and outflows, water abstraction, etc.), which af-
fects retention times and water sources, in turn affecting aquatic
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biogeochemistry (Clifford & Heffernan, 2018). Ongoing manage-
ments such as dredging or clearing (Nieminen et al., 2018), and his-
toric land uses such as industry or agriculture (Blaszczak et al., 2018)
will also have effects on biogeochemistry and carbon evasion (Singh
et al., 2000). The geographic distribution of natural and artificial wa-
terbodies also differs; notably many natural ponds occur in glaciated
terrain in areas of relatively low-intensity land use, and may be oligo-
trophic, whereas many artificial ponds are often eutrophic because
they are embedded within agricultural (e.g. farm ponds) and urban
environments (e.g. engineered storm water ponds which are de-
signed to receive high-nutrient run-off). Land use is highly relevant,
because a positive relationship between eutrophication, particularly
phosphorus concentration, and CH, emissions has been widely doc-
umented for aquatic ecosystems (Bastviken et al., 2004; Beaulieu
et al., 2019; Juutinen et al., 2009). Shallow water bodies with low
flows can also (in the absence of regular dredging and maintenance)
develop a high cover of emergent macrophytes, increasing CH,
transport from sediment to the atmosphere (Oliveira-Junior et al.,
2018), or dense floating mats of vegetation that can lead to anoxia
within the water column (Kosten et al., 2016).

Several recent studies have provided evidence for the impor-
tance of small, artificial waterbodies in the global carbon cycle.
Grinham et al. (2018) found that artificial ponds in the state of
Queensland emit the equivalent of 10% of the GHG emissions from
the state's land use, land use change and forestry (LULUCF) sector
emissions. For ditches, two syntheses (one of peatland studies, and
one of all studies) found that they act as hotspots for CH, emission
and, despite their limited areal extent, have the potential to offset
carbon uptake by the terrestrial portion of the ecosystem (Evans
et al., 2016; Peacock et al., 2021). Although other studies of car-
bon emissions from artificial ponds and ditches exist, they are often
limited with either no temporal replication (i.e. multiple waterbodies
are only sampled once; Ollivier et al., 2019a; Panneer Selvam et al.,
2014; Peacock et al., 2019; Webb, Leavitt, et al., 2019) or no spatial
replication (i.e. one waterbody is sampled repeatedly over time; Gao
et al., 2013; Liu et al., 2017; Natchimuthu et al., 2014; van Bergen
et al., 2019). Another shortcoming is that measurements of CH, are
often limited to diffusive fluxes, with ebullition being excluded (e.g.
Audet et al., 2020; Ollivier et al., 2019a; Peacock et al., 2019; Yu
et al., 2017). The recently published refinement to the 2006 IPCC
Guidelines (IPCC, 2019) explicitly addresses the potential impor-
tance of CH, (but not CO,) emissions from small, artificial waterbod-
ies and their possible role in climatic warming, whilst also pointing to
a lack of data, particularly from ditches on non-peat soils, and from
artificial ponds (excluding aquaculture, where emissions are better
documented; Yuan et al., 2019). The estimated emission factors were
18.3 g CH, m2 year* for artificial ponds and 41.6 g CH, m? year™
for ditches (IPCC, 2019). No disaggregation of emission factors by
climate zone, nutrient status or morphology was possible given the
limited data available.

Here, we address these knowledge gaps by measuring CH,
and CO, emissions from artificial ponds and ditches, using two
approaches:
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1. Intensive monitoring, whereby fluxes of CH, and CO, from
seven ditches and nine ponds under different land uses and
soil types were measured repeatedly over a 1 year period.

2. An extensive survey, whereby over the course of 1 year, 64
ditches and 96 ponds, spanning seven countries and a range of
ecoregions, were sampled on one occasion only.

For both approaches, we supplemented our CH, and CO, mea-
surements with analyses of water chemistry to determine whether
factors such as nutrient status were implicated in controlling GHG
evasion.

2 | METHODS

2.1 | Intensive monitoring

Fieldwork took place in April-December 2018 in Uppsala County,
Sweden, during the ice-free period. The region is hemiboreal, and for
2018, the mean annual temperature was 8.0°C and annual precipi-
tation was 510 mm (Figure S1). Seven ditches and nine ponds were
monitored in three areas (Figure S2), and individual waterbodies
spanned a range of land use (settlement, forest, cropland), nutrient
status (total phosphorus 8-2200 ug L', dissolved organic carbon
4-90 mg L'Y) and morphology (mean depth 4-78 cm, pond area 40-
4000 m?; Table 1, Table SI1). These waterbodies were chosen to
represent the broad diversity in soil type, land use, size and water
chemistry encountered in this region.

Measurements of GHG fluxes took place on 11 occasions, every
2-5 weeks, and were more frequent during the summer. Generally,
sampling took place over two consecutive days, the exception being
4 July 2018 when all sites were visited during one day. Sampling was
conducted during daylight hours, typically 9:00-15:00, and on each
occasion individual ditches and ponds were visited in a different
order so as to reduce any systematic bias due to time of day.

Fluxes of CH, and CO, were measured in the field using a float-
ing chamber design adapted from Bastviken et al. (2015). Chambers
had circular bases with a diameter of 31.5 cm, and a total volume of
9.56 L. Chambers were covered in aluminium foil to reflect sunlight
and minimize heating effects. Water flow rates in waterbodies were
minimal/absent, and chambers were not anchored and therefore
free to drift, as recommended by Lorke et al. (2015). The chamber
was connected in a closed loop via two plastic tubes to a Picarro
GasScouter G4301 which uses cavity ring-down spectroscopy to
measure concentrations of CH, and CO, in real time. The chamber
was deployed until a linear increase, or no change, was observed
in GHG concentrations, which was typically 1-5 min (Ollivier et al.,
2019a; Peacock et al., 2017). On a few occasions where flux data
were excessively noisy, the chamber was removed from the water,
air ventilated and the measurement repeated until a clear flux, or
no change, was observed. During the course of the year, some wa-
terbodies dried out; this occurred nine times at site 13 (a forest
ditch), and once each at sites 9 (pond) and 10 (ditch). For these 11
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TABLE 1

Information on the seven ditches and nine ponds (for the intensive monitoring) sampled across the three areas of Uppsala

showing waterbody type, pond area or ditch depth (D) and width (W) and annual GHG fluxes

Site Type Soil Land use
1 Pond Clay Settlement
2 Pond Clay Settlement
3 Pond Clay Settlement
4 Pond Clay Settlement
5 Pond Clay Settlement
6 Ditch Clay Settlement
7 Ditch Clay Settlement
8 Pond Clay Settlement
9 Pond Fen peat Felled forest

10 Ditch Fen peat Felled forest

11 Ditch Fen peat Forest

12 Ditch Clay Cropland

13 Ditch Sandy till Forest

14 Ditch Clay Cropland

15 Pond Fine sand Cropland

16 Pond Clay Cropland

Area (m?)

D x W (m) CH, (g CH, m? year™) CO, (g CO, m? year™)
139 0.11 15.3
1331 44.34 540.4
1297 1.8 1.0
2588 3.07 -36.4
4152 0.48 129.4
2.5x5 0.53 328.1
1.1x3.5 8.51 264.4
114 32.51 718.2
40 0.94 1138
0.7 x 1.6 0.1 1658
0.6x16 8.14 4420.5
0.8%29 25.59 1723
0.8x24 1.53 1465.6
11x2.6 3.56 795.6
240 1.91 549.3
252 2.79 628.4

Note: Soil types were derived from Geological Survey of Sweden maps. All sampling sites were located approximately 10-35 m above sea level.

occasions, a flux measurement was taken by carefully setting the
chamber onto the base of the ditch and proceeding as above. At site
13, the mean R? from linear regressions between CO, and chamber
deployment time was 0.71, which is relatively high and suggests a
good seal between sediment and chamber. Forest ditches in this re-
gion frequently dry out and, despite this drying period, site 13 did
not show anomalously low or high annual emissions (Table 1).
Fluxes were calculated by performing linear regression between
chamber deployment time and GHG concentration, and were cor-
rected to air temperature and pressure. We used the screening
process of Peacock et al. (2017) that assumes all non-significant
(p > 0.05) regressions are zero fluxes, but accepts significant fluxes
that have low R? values. This approach means that small, noisy, non-
zero fluxes are retained. Although these fluxes make little difference
to the annual flux, they are useful when evaluating the GHG source/
sink status of these water bodies. Across 16 sites and 11 sampling
occasions, 176 individual flux measurements were made. For CH,,
five flux measurements were not significant and therefore assumed
to be below detection limits and, for the accepted fluxes, the mean
R? was 0.80. For CO,, 17 fluxes were not significant and assumed to
be zero, and the mean R? was 0.77 for the accepted fluxes. Annual
diffusive fluxes were calculated using linear interpolation between
sampling dates. Although our experimental approach was designed
to measure diffusive fluxes, ebullition events were frequently ob-
served, particularly during summer. On some of these occasions,
the chamber captured ebullition events, visible as sudden increases
in CH, concentration. For these, it was possible to calculate ebulli-

tion fluxes by dividing the mass of CH, released during the bubble

event by the total deployment time of the chamber (Gogo et al.,
2011; Vermaat et al., 2011). Due to the short chamber deployment
time, these can be considered minimum ebullition fluxes. If ebullition
events were captured by the chamber, the chamber was ventilated
and replaced on the waterbody to measure a diffusive flux. In our
analysis, we mostly consider diffusive fluxes, and ebullitive fluxes
are presented and discussed separately.

Water depth was measured at each waterbody, and measure-
ments of pH, electrical conductivity (EC), dissolved O, and water
temperature were made using a Hanna Instruments Multiparameter
Meter Hi 9829. Additionally, from the second sampling trip on-
wards, water samples were collected (no samples were collected if
ditches were dry) for analyses of ammonium (NH,), nitrite + nitrate
(NO, + NO,, from herein abbreviated as NO,), total phosphorus (TP)
and dissolved organic carbon (DOC) at the SWEDAC-accredited
Geochemical Laboratory at the Swedish University of Agricultural
Sciences, Uppsala. Additional water samples were collected and
filtered at 0.45 um using pre-rinsed cellulose acetate filters.
Measurements of light absorbance were then made using a 1 cm
path length cuvette and an Avantes Avalight DH-S-BAL light
source. Proxies for dissolved organic matter (DOM) composition
were calculated, that is, specific ultraviolet absorbance (SUVA; ab-
sorbance at 254 nm normalized by DOC concentration; Weishaar
et al., 2003), the spectral slopes at 275-295 nm (S,,5_,,5) and 350~
400 nm (S;54_400) the ratio of these slopes (SR; Helms et al., 2008)
and the E2:E3 ratio (Peuravuori & Pihlaja, 1997). These metrics are
frequently used to provide information about the composition of the

bulk DOM pool (e.g. molecular weight, aromaticity).
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2.2 | Extensive survey

Between 10 May 2018 and 16 May 2019, 160 individual water-
bodies ditches (n = 64) and ponds (n = 96) were sampled in seven
countries covering subtropical, temperate and sub-arctic biomes:
Australia, the United Kingdom, Denmark, Poland, Belarus, Sweden
and Norway (Figures S3-S9). Our aim was to sample artificial wa-
terbodies. However, without knowing detailed histories of all sites,
there is the possibility that our analysis includes heavily modified
natural waterbodies. Each individual waterbody was only sampled
once. Collated by season, samples were collected during winter = 16,
spring = 31, summer = 73, autumn = 40. For this, we assumed north-
ern (N) and southern (S) hemisphere seasons were the following
months: winter, N = 12-2, S = 6-8; spring, N = 3-5,S = 9-11; summer,
N =6-8,S = 12-2; autumn, N = 9-11,S = 3-5.

Sampling methods were standardized for consistency. Field
measurements were made of water and air temperature, and the
surrounding land use was noted. Land use types included cropland
(n = 18), grassland (n = 31), unmanaged land and forest (n = 26) and
urban/settlement (n = 85). For ponds, area was estimated using
Google Earth. At each waterbody, a dissolved gas sample was taken
in a pre-evacuated 12 ml Labco Exetainer using the headspace
method (Hope et al., 2004) with a ratio of 1:1 of ambient air to water
samples. Headspace gas samples were extracted in the field and
shipped to SLU Uppsala for analysis of dissolved CH, and CO, using a
Picarro GasScouter equipped with a sampling loop (Wilkinson et al.,
2018) and CH, and CO, were converted to dissolved concentrations
according to Henry's law (Weiss, 1974; Wiesenburg & Guinasso,
1979). Fluxes were calculated using dissolved gas concentration,
water temperature and gas exchange velocities of 0.36 m day™ for
ditches and ponds <1000 m? (n = 39), 0.48 m day™* for ponds 1000-
10,000 m? (n = 50) and 0.57 m day'1 for waterbodies >10,000 m?
(n = 7, our largest sampled waterbody was 60,650 m%; Holgerson &
Raymond, 2016).

A water sample was collected from each ditch or pondina 12 ml
glass Labco Exetainer or 100 ml high-density polyethylene bottle.
Analyses of pH and EC were made using a Metrohm 691 and a WTW
Cond 3310 respectively. The sample was then filtered and analysed
for DOM composition as in Section 2.1. The calculated metrics were
S,75-205 S350-400r SR @and E2:E3. DOC concentration was calculated
using absorbance at 270 nm and 350 nm, according to a published
model (Carter et al., 2012; Tipping et al., 2009). All analyses were
performed at SLU Uppsala. In contrast to the intensive monitoring,
samples from the extensive survey were not analysed for TP, NH,
or NO,.

2.3 | Statistics

Linear mixed effect models were used to explore linkages in the
intensive data set between CH, and CO, fluxes and selected envi-
ronmental variables, as these models are particularly suitable to ex-
amine temporal patterns in data sets from different sites (Zuur et al.,

S i ey

2009). The aim of the analysis was to test the effect of selected po-
tential drivers of GHG fluxes. Waterbody type (pond or ditch), water
depth, water temperature, pH, EC, O,, NH,, NO,, TP, DOC, SUVA,
Sy75-205 Sa50-4000 SR and E2:E3 were added as fixed effects in the
models, and the sampling location was added as a random effect
(Table S12). Flux measurements with no associated water chemistry
sample were not included in the analysis.

To analyse the extensive data set, linear models were used to
explore potential correlations between CH, and CO, concentrations
and waterbody type (pond or ditch), land use, water depth, water
temperature, pH, EC, DOC, S,,5 505, S350-400- SR and E2:E3 (Table
SI3). Starting with a full model containing all the above-listed vari-
ables, we created a fully reduced model using AIC-based stepwise
regression (R; stepAlC package) to determine the most parsimonious
model explaining variation in CH, or CO, concentrations. We ran
models on the full extensive data set and also split the data by pond
or ditch and re-ran the models in order to see if the same drivers
were significant for both waterbody types.

All models were checked for normality and homogeneity of vari-
ance by visual inspection of plots of residuals against fitted values
(Zuur et al., 2009). The significance of the models was assessed by
comparison with a null model using the likelihood ratio. The poten-
tial predictor variables were checked for multicollinearity using the
variance inflation factor (VIF) values (VIF < 10 indicating low risk
of multicollinearity). The statistical analyses were performed using
the open source statistical software R version 3.4.4 for Windows
(R Development Core Team, 2020), with the package ‘nlme’ and the
function ‘Ime’ therein (Pinheiro et al., 2012) for the mixed models,
and function ‘Im’ and ‘stepAIC’ from the package MASS (Venables
& Ripley, 2002).

We used Mann-Whitney and Kruskal-Wallis tests to check for
differences in levels of GHGs and other biogeochemical determi-
nants between categories (e.g. season, pond vs. ditch, organic vs.
mineral soil, etc.). In order to adjust for multiple tests, we used the
false discovery rate (FDR) to adjust p values; this reduces the chance
of type | errors while retaining greater power when compared to a
Bonferroni adjustment (Benjamini & Hochberg, 1995). Where sig-
nificant (p < 0.05) differences were found, we also calculated effect

sizes (d) as:

d = (mean of treatment A — mean of treatment B) /standard deviation.

Effect sizes were: 0.1-0.19 = very small, 0.2-0.49 = small, 0.5-
0.79 = medium and >0.8 = large (Cohen, 1988; Sawilowsky, 2009).

Finally, we investigated potential differences in GHG emissions
from artificial and natural waterbodies. For this, we compared the
CO, and CH, concentrations from our extensive survey (artificial
waterbodies) with those synthesized by Holgerson and Raymond
(2016) (almost all natural ponds). For this comparison, we used
the pond area groupings from Holgerson and Raymond (2016) of
<1000 m?, 1000-10,000 m? and 10,000-100,000 m?. As a compar-
ison with ditches, we took the mean CH, concentration for streams
from a global synthesis (table 1 in Stanley et al., 2016).
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3 | RESULTS

3.1 | Intensive monitoring

Overall mean daily fluxes were 41.3 + 17.2 mg CH, m™ day™* and
3643 + 482 mg CO, m2 day™ from the 11 sampling campaigns.
Slight seasonal patterns were observed for both GHGs, and vari-
ation among sites within each month was frequently substantial.
For CH,, mean fluxes from ditches and ponds were greatest during
the summer months (June-August) and into September for ditches
(Figure 1a). Means were considerably larger than medians, show-
ing the skewness of the data set which is reasonable when ebulli-
tion constitutes a large share of the flux, but both mean and median
fluxes were lowest during April and October-December. In compari-
son, mean and median CO, fluxes were more similar, with higher
averages and greater variation in fluxes from ditches than ponds
(Figure 1b). Maximum mean and median CO, fluxes occurred during
summer. Negative fluxes (i.e. CO, uptake) were observed on occa-
sion, and this was particularly pronounced for ponds during the start
of August. Calculated mean annual fluxes for all waterbodies were
8.5gCH, m™2 year'1 and 900 g CO, m2 year'i. Fluxes were 0.1-
25.6 g CH, m™? year™ and 264-4421 g CO, m™ year™* for ditches
and 0.1-44.3 g CH, m™ year" and -36-1138 g CO, m2 year " for
ponds (Table 1).

Linear mixed effect models showed significant effects of water
temperature (positive effect), NH, (positive) and O, (negative) on
CH, fluxes (Figure 2a-c; Table SI2). Waterbody type was not a sig-
nificant driver in this model. Fluxes of CO, were inversely related

to pH and negligible when pH was above 8 (Figure 2d; presumably
due to carbonate equilibrium leading to a dominance of carbonates
over CO, at high pH) and were positively related to DOC (Figure 2e;
Table SI12). The models found no empirical relationship between TP
and GHG emissions but, when grouped by TP concentration, fluxes
were significantly greater in waterbodies with higher TP levels
(Figure 3a,b), and the same pattern was found for NH,, (Figure 3c,d).

On 33 occasions at 10 sites, bubble events were caught by the
static chamber, allowing ebullitive fluxes to be calculated. The mean
ebullition flux was 257 mg CH, m2day* (SE = 103 mg CH, m ?day™).
No ebullition events were captured during the final two sampling
campaigns (November and December), and only five events were
captured at water temperatures <12°C, despite 58 (approximately
one-third of all) chamber measurements taking place on ditches/
ponds below this temperature. Although there was no significant
correlation between water temperature and ebullition, there was a
strong, positive relationship (R? = 0.66) between the mean air tem-
perature during each individual sampling campaign and the per-
centage of sites where ebullition events occurred during chamber

deployments (Figure S12).

3.2 | Extensive survey

Considerable variation was evident in the chemistry and physical
characteristics of the sampled ponds and ditches (Figure 4). On aver-
age, ponds were significantly more alkaline (Figure 4e). Ditches had

higher EC although the effect size was small (Figure 4f), and ditches
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FIGURE 2 Scatter plots of GHG fluxes and environmental/biogeochemical variables (a-¢e) that were found to be significantly related to
fluxes in the linear mixed effect models for the intensive monitoring. For each plot, the significance level and value of the relationship are
shown. For graphical presentation of log-transformed data only (i.e. not for statistical testing), the following transformations were used:
A value of 1.5 was added to daily CH, fluxes so all fluxes were positive; a value of 1 was added to NH,-N concentrations to remove zero
values. Flux measurements with no associated water chemistry sample are not included in the analysis

had almost twice the DOC concentration of ponds (22 vs. 12 mg L%,
Figure 4g), but no difference in DOM quality as measured by S,c_,os,
S350-400- SR and E2:E3 was identified (Figure 4h-k).

For all 160 waterbodies, mean GHG concentrations were
160.1 + 62 pg C L™ and 3.68 + 0.4 mg C L™* for CH, and CO,, re-
spectively, and a weak, positive correlation was found between the
GHGs (Figure S13). These concentrations result in estimated mean
(£SE) fluxes of 91.7 (+48) mg CH, m™2 day™* and 3920 (+570) mg
Co, m2 dayt. When converted to partial pressures, 17 samples had
pCO, below atmospheric.

Mann-Whitney tests showed that there was no difference in
dissolved CH, between ditches and ponds (Figure 4b), but that CO,
was significantly higher in ditches (Figure 4a); this finding was also
reflected in the linear models, where no significant effect of water-
body type was found for CH, but was found for CO, (p < 0.001).
Mean concentrations of GHGs were significantly higher (by a factor
of 2.1 for both GHGs) in waterbodies situated on peat soils com-
pared to mineral soils (Table 2). There was no effect of season on
CH, concentration, but differences were found for CO, (Table S14),
where mean summer concentrations were 2.79 (+0.56) mg C Lt
compared to 4.43 (+0.55) mg C L' for all other seasons (p = 0.001,

d = 0.35, effect size = small). There was no significant difference be-
tween land uses for CH, but CO, concentrations were significantly
lower for waterbodies in settlements when compared to grasslands
and unmanaged land (Table 2).

The linear models found two significant relationships between
CH, and various environmental variables, although the explanatory
power was weak (adjusted R? < 0.15, Table SI3; Figure S14). CH, was
significantly positively related to DOC (both for the entire data set
and for the pond samples only) and negatively related to slope ratio
(SR). The strength of the models was slightly higher for CO, (adjusted
R? <0.31, Table SI3). For the full data set, a negative relationship was
found between pH and CO, concentrations, whilst a positive effect
of EC was found (Figure S14). A negative effect of water tempera-
ture was the only significant variable for the ditch data set, whilst
negative effects of pH and SR were found for the pond data set.

A comparison of our data with that synthesized from natural
ponds and streams (Figure 5) showed that concentrations of both
CH, and CO, were higher in artificial ponds for all pond sizes, ex-
cept for the largest size class (10,000-100,000 mz) where CO, con-
centrations were approximately the same. Concentrations of both

GHGs decreased with increasing pond size.
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4 | DISCUSSION

Our intensive monitoring and extensive survey give complemen-
tary evidence that small, artificial waterbodies are widespread
and persistent emitters of CH, and CO, to the atmosphere. We
find that nutrient concentrations (C, N and P) appear to exert a
stimulatory effect on the concentrations and fluxes of both GHGs.

Importantly, our results suggest that GHG emissions are consid-
erably higher from ditches and artificial ponds when compared
to their natural counterparts (streams and natural ponds re-
spectively). We also show how, even when occupying only small
total areas, ditches and artificial ponds can exert large effects on
landscape-scale GHG balances. Below, we discuss our findings and
their implications in detail.
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TABLE 2 Mean and standard errors (SE) of GHGs from the extensive survey grouped by soil type and surrounded land use

€O, (mgCL™?

CH,(ngCL™)

Soil type n Mean
Peat 30 6.39
Mineral 130 3.06
Land use n Mean
Unmanaged land and forest 26 4.72
Cropland 18 3.36
Grassland 31 6.45
Settlement 85 2.42

SE Mean SE
0.94 283 145
0.38 132 69.6
SE Mean SE
0.84 95.6 40.2
0.64 17.5 8.1
1.47 540 310
0.27 71.8 23.9

Note: Soil type had a significant effect on CO, concentrations (p < 0.001, d = 0.71, effect size = medium) and CH, concentrations (p=0.041,d =0.19,
effect size = very small). For land use, significant differences were found for CO, between settlement and unmanaged land and forest (p = 0.003,
d = 0.73, effect size = medium) and settlement and grassland (p = 0.003, d = 0.8, effect size = large). No significant effect of land use was found for

CH, (p = 0.054).
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FIGURE 5 Comparisons of mean (+ standard errors) dissolved
CH, (a) and CO, (b) concentrations between artificial waterbodies
(data from our extensive survey; green) and natural ponds (data
from Holgerson & Raymond, 2016; blue) and streams (data from
Stanley et al., 2016; blue). Pond GHGs are grouped by pond area.
Italic numbers are sample sizes

4.1 | Drivers of GHG concentrations and fluxes

For both the intensive monitoring and extensive survey, we found
significant relationships between GHG fluxes/concentrations and

other variables. Negative relationships were found between pH
and CO, fluxes/concentrations, and values of both were closer to
zero at pH > 8, demonstrating the importance of carbonate buff-
ering on CO, dynamics (Stets et al., 2017). Fluxes of CO, from the
intensive monitoring also correlated positively with DOC concen-
tration; such relationships have been observed previously for lakes
(Hope et al., 1996; Sobek et al., 2003). High DOC concentrations
can be considered a proxy for organic-rich soils such as peatlands,
where high concentrations of pore water CH,, CO, and DOC are
transferred laterally into drainage waters and will fuel aquatic CO,
evasion (Rasilo et al., 2017). An empirical relationship between DOC
and CO, was not found in the extensive survey, but mean CO, and
CH, concentrations in waterbodies on peat soils were double those
on mineral soils, and there was a significant positive effect of DOC
on CH, concentration.

For CH, flux, we observed a negative effect of O, concentration,
and a positive effect of water temperature, reflecting the role that
these factors play in regulating methanogenesis and methanotro-
phy (Segers, 1988). We also found a positive relationship between
CH, fluxes and NH,. We assume that NH, is essentially a signal of
agricultural/urban run-off, which will deliver high inputs of N, P and
labile organic matter into waterbodies thus fuelling CH, production.
There were significantly higher CH, fluxes in waterbodies with the
largest TP concentrations, in keeping with a wide body of literature
showing higher emissions in nutrient-rich waterbodies including
ditches and artificial ponds (Audet et al., 2020; Beaulieu et al., 2019;
Herrero Ortega et al., 2019; Ollivier et al., 2019a; Peacock et al.,
2017, 2019; Webb, Hayes, et al., 2019). However, high TP concen-
trations did not guarantee high fluxes, and this is in agreement with
a recent synthesis of ditch CH, emissions (Peacock et al., 2021). We
assume that high nutrient systems have the potential to emit large
quantities of CH, provided that other factors are not limiting; for ex-
ample, a eutrophic ditch in the boreal zone may have low fluxes, due
to low temperatures inhibiting methanogenesis. Interestingly, fluxes
of CO, were also smallest when concentrations of TP and NH, were
lowest. It is often the case that higher aquatic nutrient levels lead
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to lower CO, due to in situ primary production, but DelSontro et al.
(2018) showed that TP and CO, were positively correlated in small
waterbodies and suggested that this was due to TP being a proxy for
terrestrial inputs of CO, and organic carbon.

For the extensive survey, GHG concentrations did not necessar-
ily respond to the same drivers when the data set was split by wa-
terbody type. The aforementioned relationships between DOC and
CH,, and pH and CO, were evident in the combined data set and in
the pond data set but were not significant when ditches were con-
sidered in isolation. Indeed, we found no significant drivers of CH,
concentrations for the ditch data set. This suggests that the mecha-
nisms of GHG production and emission in ponds and ditches are not
the same. With a limited data set, it is difficult to draw further con-
clusions, but one plausible mechanism is the difference in hydrology.
Although rates are generally slow, ditches do often flow, in contrast
to ponds which are more stagnant, and this may have implications
for the delivery of nutrients or the addition of pollutants into water-
bodies. Water level fluctuations may also be greater in ditches, and
these have been implicated in controlling GHG dynamics previously
(Peacock et al., 2017). Interestingly, for the pond data set, we found
negative relationships between slope ratio (SR) and both CH, and
CO,, suggesting that GHG concentrations are related to DOM com-
position; a finding reported previously (Bodmer et al., 2016; Peacock
et al., 2017; Turner et al., 2016). Without detailed molecular char-
acterization, we cannot know the precise mechanistic link between
DOM and GHGs, but this warrants further investigation.

Finally, we note that all our measurements were conducted
during daytime. For the intensive monitoring, on each sampling date
waterbodies were sampled in a different order so as not to introduce
any systematic bias, and so comparisons between waterbodies are
therefore likely to be robust. However, the lack of night-time data
could introduce uncertainty into our annual flux calculations. For in-
stance, substantially larger night-time fluxes and concentrations of
CH, and CO, have been observed in arable ditches, urban ponds
and channelized streams (Deng et al., 2020; Harrison et al., 2005;
Natchimuthu et al., 2014) which are often attributed to variations
in photosynthesis and O, concentrations. However, some pond and
lake studies have found lower CH, fluxes during night-time due to
decreased wind speeds reducing gas exchange (Natchimuthu et al.,
2014; Sieczko et al., 2020) and others have found no clear diel pat-
ternin pond CH, or CO, (Miller et al., 2019), especially during winter
sampling (Ollivier et al., 2019b). No diel measurements were made
during our study and so we cannot be sure to what extent, if any,
our annual fluxes have been under- or overestimated, but night-time

measurements should be a priority for future work.

4.2 | Fluxes from intensive monitoring

Over the measured annual cycle, our results show that all ditches
and ponds were net emitters of CH, and, except one pond, all were
net emitters of CO,. Highest diffusive fluxes for both GHGs were
observed during the warmer summer months, in agreement with

other ditch (Peacock et al., 2017; Van den Pol-van Dasselaar et al.,
1999) and pond studies (e.g. Baker-Blocker et al., 1997; Natchimuthu
et al., 2014; Ollivier et al., 2019b). The mean daily diffusive flux
of CH, from all waterbodies (41.3 mg CH, m™ day™) was similar
to that from other artificial ditches and ponds in temperate zones
(20-90 mg CH, m™2 day™, Audet et al., 2020; McPhillips et al,,
2016; McPhillips & Walter, 2015; Peacock et al., 2019; Stadmark
& Leonardson, 2005; van Bergen et al., 2019). Considering that
diffusive fluxes from subtropical zones are generally higher (50-
350 mg CH, m2 day?, Gorsky et al., 2019; Ollivier et al., 2019a;
Panneer Selvam et al., 2014; Purvaja & Ramesh, 2001), and that
we found a positive relationship between water temperature and
CH, flux, it is likely that mean annual temperature is an impor-
tant controller on the magnitude of CH, evasion. Our mean daily
flux of CO, from ditches and ponds was 3640 mg CO, m2 day’l;
the same magnitude as fluxes from subtropical ponds (1070-
2950 mg CO, m2 day™, Gorsky et al., 2019; Ollivier et al., 2019a;
Panneer Selvam et al., 2014), grassed temperate urban ditches
(8600 mg CO, m2 day'l, McPhillips et al., 2016) and temperate
urban ponds (2300-3480 mg CO, m2 day_l, Audet et al., 2020; van
Bergen et al., 2019).

The lowest annual diffusive CH, flux (0.1 g CH, m2 year’l)
was from the peatland ditch in felled forest, and the pond in the
same felled forest also had a low flux (0.94 g CH, m™2 year ™). These
fluxes are low when compared to literature values for ditches
(mean = 69 g CH, m~2 year™, Evans et al., 2016). Both the pond
and ditch dried out for one sampling date, and mean water depths
were, respectively, 10 and 4 cm. Similarly low fluxes of 0.1 and 1.3 g
CH, m~2 year! have been reported elsewhere from peatland ditches
that dry out (Bravo et al., 2018; Jarveoja et al., 2016). Dry sediments
will allow the formation of oxidized potential electron acceptors and
some of the highest NO, concentrations were measured at these
sites. The presence of these alternate electron acceptors likely ham-
pers CH, production and promotes CH, oxidation.

Although limited in extent, our ebullition data suggest that
this is an important pathway of CH, release in both ponds
and ditches. The mean flux of all observed bubble events was
257 mg CH, m~2 day™*, which is higher than the mean diffusive flux,
although our ebullition data are limited to 33 observations from
10 sites. Our ebullition flux is similar to that from temperate ar-
tificial ponds (270-470 mg CH, m2 day™, Herrero Ortega et al,,
2019; van Bergen et al., 2019) and ditches (140 mg CH, m™ day™,
Vermaat et al., 2011), but smaller than that from subtropical ponds
(450 mg CH, m™2 day™, Grinham et al., 2018). Aben et al. (2017)
found that temperature exerted a strong positive effect on ebul-
lition, and thus, the contribution of bubbles to emissions is likely
to be greatest in summer, particularly in eutrophic waterbodies
(Davidson et al., 2018). Our data support this, with the occurrence
of ebullition events being strongly related to air temperature. Long-
term chamber deployments or bubble traps would be necessary to
quantify the annual bubble flux. This should be a priority consid-
ering that some authors have found that ebullition is a dominant
pathway for CH, release in ponds and ditches (Grinham et al,
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2018; Herrero Ortega et al., 2019; Panneer Selvam et al., 2014; van
Bergen et al., 2019; Vermaat et al., 2011), although there are ex-
ceptions; for example, zero/low ebullitive fluxes reported in boreal
peatland ditches (Minkkinen et al., 1997). Nevertheless, the exclu-
sion of ebullitive fluxes from our annual emissions means that they
may be significantly underestimated.

4.3 | Concentrations/fluxes from extensive survey
CO, concentrations were significantly higher in ditches than ponds,
but there was no significant difference in CH, concentrations.
When converted to fluxes, emissions were similar from the intensive
monitoring and the extensive survey: Respective mean fluxes + SEs
were 41 (£17) and 92 (+48) mg CH, m day™, and 3640 (+480) and
3920 (£570) mg CO, m2 day™. This suggests that our intensively
monitored sites may be reasonably representative of artificial wa-
terbodies across larger geographical scales. Here, we compare our
international data to that from other large-scale national/global
syntheses. Concentrations of CH,, in ditches were an order of mag-
nitude higher than concentrations in global streams (Stanley et al.,
2016) and, across the three size classes, CH, concentrations in our
artificial ponds were 3.5-4.5 times larger than those in global natu-
ral ponds (Holgerson & Raymond, 2016). Ditch CO, concentrations
were double those in Swedish streams (Wallin et al., 2018), and
artificial pond CO, concentrations were approximately 2.5 times
larger than those from natural ponds, except at the largest size class
(10,000-100,000 m?) where there was no difference (Holgerson &
Raymond, 2016). We therefore conclude that the processes leading
to GHG production tend to be intensified in artificial ponds when
compared to natural waterbodies. This can be due to a variety of
reasons; for example, hydrological management such as water ab-
straction has the potential to alter water retention times and dredg-
ing or clearing will disrupt natural processes. Ditches and ponds are
often situated in agricultural or urban environments, where they
may receive more diffuse or point source nutrients inputs, whereas a
higher proportion of streams and ponds are located in natural areas.
Although not measured here, GHG emissions from heavily modified
natural waterbodies (e.g. polluted ponds in agricultural landscapes)
are also likely to be large. However, regardless of the extent of an-
thropogenic eutrophication, emissions from these waterbodies are
not included in IPCC inventories. The exception is if a natural water-
body is dammed to increase its surface area; all emissions from such
a waterbody must be accounted for.

We acknowledge that because waterbodies were only sampled
once, our extensive survey results ignore the seasonal variation
found in our intensive monitoring (e.g. higher GHG flux in summer).
Because 45% of extensive survey samples were taken during sum-
mer, results may be skewed towards higher CH, concentrations due
to elevated temperatures. However, for the extensive survey, no
seasonal differences were found for CH,, and concentrations of CO,
were significantly lower in summer when compared to spring and
autumn (Table SI4).

S i ey

We found that 89% of our sampled waterbodies emitted CO,,.
In comparison, other surveys have reported that 52%-90% of artifi-
cial ponds studied emitted CO, (Ollivier et al., 2019a; Peacock et al.,
2019; Webb, Leavitt, et al., 2019). After converting CH, emissions
to CO, equivalents, using the sustained-flux global warming poten-
tial (SGWP) over 100 years (=45, Neubauer & Megonigal, 2015), the
percentage of waterbodies acting as a GHG source increased to 93%
(i.e. only 12 waterbodies were GHG sinks). Finally, the inclusion of
N,O (not measured here) could further change the source versus
sink behaviour of the studied waterbodies. N,O emissions are not
always large from ditches and ponds (McPhillips & Walter, 2015;
Ollivier et al., 2019b), and uptake is sometimes observed (Audet
etal., 2020; Webb et al., 2021; Webb, Hayes, et al., 2019), but N,O'is
a powerful GHG that can be fuelled by elevated nutrient concentra-
tions and emitted by ditches and ponds (Audet et al., 2017; Peacock
et al., 2017; Reay et al., 2003; Webb et al., 2021). Given the high
SGWP for N,O (=270), such emissions could outweigh the climatic
benefits of any CO, sink behaviour.

44 | Implications

Our findings show that small artificial waterbodies play an active role
in carbon cycling and are overwhelmingly net emitters of CO, and
CH, to the atmosphere. This finding holds true for ditches and ponds
across different climate zones and land uses; indeed, we found no
difference in CH, concentrations between different land uses, sug-
gesting that site-specific characteristics are more important than
generalized management regimes. A primary implication of this
finding is that these small waterbodies have the potential to influ-
ence field-scale, regional, national and even global carbon and GHG
budgets. At the field scale, and with the exception of mires (which
can emit CH, even when ditched), terrestrial soils are generally small
CH, sinks, with uptake by temperate grasslands, croplands and for-
ests in the region of 0.2-1.5 mg CH, m™ day™" (Dutaur & Verchot,
2007; Glatzel & Stahr, 2001; Saggar et al., 2008; Wang et al., 2014).
The mean CH, emission for forest and agricultural ditches and
ponds from our combined data sets is 82 mg m™2 day™*. Assuming
the aforementioned terrestrial soil uptake, the field ceases being a
net CH, sink when the fraction of it occupied by ditches (Frac g,
sensu Evans et al., 2016) or ponds is 0.002-0.018 (0.2%-1.8%); val-
ues well within real world examples (Peacock et al., 2021). In heavily
ditched landscapes, the cumulative effect of ditch emissions can be
large; for example, it has been estimated that ditches are responsible
for 16% of national CH, emissions in the Netherlands (Koschorreck
et al., 2020) and 9% in Finland (Peacock et al., 2021).

Ponds can also occupy cumulatively large areas, and in some
landscapes, their total surface area is approximately the same as
that of larger reservoirs (Ollivier et al., 2019a). The effect of this is
that GHG emissions from artificial ponds are non-trivial contribu-
tors to regional and national budgets (Grinham et al., 2018; Ollivier
et al.,, 2019a). Furthermore, in agreement with measurements from
natural ponds (Holgerson & Raymond, 2016), we found an inverse
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relationship between emissions of CH, and CO, and pond area.
Smaller ponds are difficult to accurately map (Sivanpillai & Miller,
2010), and therefore, uncertainty remains in upscaled estimates,
from the regional to the global scale. Similar uncertainty exists for
mapping ditches, rendering upscaled ditch GHG emissions uncertain
(Peacock et al., 2021), although recent developments in methods
appear promising (e.g. Connolly & Holden, 2017). Accurately up-
scaling GHG emissions from ponds and ditches are important be-
cause, unlike emissions from natural lakes and streams, fluxes from
artificial waterbodies must be considered anthropogenic in nature
(IPCC, 2019). A comparison of our data with literature values sug-
gests that emissions from artificial waterbodies are on average four
times larger than those from analogous natural waterbodies, and we
therefore argue that emissions from natural systems cannot be used
as proxies for those from artificial waterbodies. Current IPCC emis-
sion factors for ditches and ponds are uncertain, with respective
95% confidence intervals of 26-67 and 12-23 g CH, m™ year ™. At
present, there are insufficient data to disaggregate emission factors
by climate zone or land use, which makes GHG accounting for these
systems difficult. We therefore advocate that multi-year, multi-site
measurements from ditches and ponds are needed across a range of
climate zones and land uses to fully understand their role in climatic

warming.
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