AcTA UNIVERSITATIS AGRICULTURAE SUECIAE

S

SLU

DocTtoraL THEsIS NoO. 2021:75
Facurty oF NATURAL R ESOURCES AND AGRICULTURAL SCIENCES

Binding of per- and polyfluoroalkyl
substances (PFASSs) in soil

Effects of solution chemistry, soil properties,
and PFAS structure

Huco pe Campros PEREIRA




Binding of per- and polyfluoroalkyl
substances (PFASSs) in saill

Effects of solution chemistry, soil properties,
and PFAS structure

Hugo de Campos Pereira
Faculty of Natural Resources and Agricultural Sciences
Department of Soil and Environment
Uppsala

S

SLU

SWEDISH UNIVERSITY
OF AGRICULTURAL
SCIENCES

DOCTORAL THESIS
Uppsala 2021



Acta Universitatis Agriculturae Sueciae
2021:75

Cover: Ball-and-stick models of the PFASs perfluorooctane sulfonate (PFOS), perfluorooc-
tanoate (PFOA), 6:2 fluorotelomer sulfonate (6:2 FTSA), and perfluorooctane sulfonamide
(FOSA). Green represents fluorine, grey carbon, white hydrogen, yellow sulfur, red oxygen,
and blue nitrogen.

Creator: H. de Campos Pereira, modified from the PubChem computational tool (pub-
chem.ncbi.nlm.nih.gov/)

ISSN 1652-6880

ISBN (print version) 978-91-7760-827-1

ISBN (electronic version) 978-91-7760-828-8

© 2021 Hugo de Campos Pereira, Swedish University of Agricultural Sciences
Uppsala

Print: SLU Service/Repro, Uppsala 2021



Binding of per- and polyfluoroalkyl substances
(PFASS) in soil. Effects of solution chemistry,
soil properties, and PFAS structure

Abstract

The large environmental mobility and persistence of per- and polyfluoroalkyl substances
(PFASs) along with confirmed or suspected toxicities make the substances one of the
great challenges of our time in the fields of chemical management and environmental
risk assessment. In order to risk assess PFAS-contaminated sites, improved quantitative
and mechanistic understanding of the partitioning and retention in soil is crucial.

The overall aim of this thesis was to improve the understanding of how PFASs are
bound to soil and components therein, including soil organic matter (SOM) and iron
(hydr)oxides. The focus was on investigating the role of soil/sorbent net charge and so-
lution pH on binding, and the mechanisms that govern this partitioning behavior.

The effect of soil/sorbent net charge, solution pH, and solid-phase properties on bind-
ing was investigated in batch experiments. The surface net charge of sorbents was quan-
tified by geochemical modeling and {-potential measurements. Spectroscopic techniques
(X-ray absorption, *C nuclear magnetic resonance) were employed to increase mecha-
nistic understanding.

The driving force for the overall binding of a certain PFAS substance to mineral soils
and organic soil horizons was identified as hydrophobic interaction, whereas electrostatic
interaction was the main process responsible for the binding onto the positively charged
iron (hydr)oxide ferrihydrite. The quality of SOM influenced the binding of PFASs to
organic soil materials, in particular that of longer-chained PFASs. Binding of PFASs to
soil and to isolated SOM and ferrihydrite was inversely related to solution pH and
soil/sorbent net charge, in a manner that suggests that the electronegative fluorine atoms
by charge interaction contribute to the binding’s overall pH-/charge-dependency.

Extrapolation of organic carbon-normalized binding in organic soil materials to min-
eral soils underestimated the binding onto the latter, as did an equilibrium partitioning
approach based on the surface net charge of SOM. The possible presence of black carbon
or other high-affinity binding sites in the mineral soils could not be ruled out, why a
component additivity approach (SOM, ferrihydrite) could not be tested properly for these
materials. To conclude, this highlights the need for additional experimental binding data
that allow the development of more accurate geochemical models with the ability to sim-
ulate and predict the binding and leaching of PFASs in the terrestrial environment.

Keywords: PFOS, PFOA, sorption, leaching, XANES, *C NMR
Author’s address: Hugo de Campos Pereira, Swedish University of Agricultural Sci-
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Bindning av hogfluorerade amnen (PFAS) i mark.
Effekter av I6sningskemi, markegenskaper, och
PFAS-amnens struktur

Sammanfattning

PFAS-&dmnens stora rorlighet och bestiandighet i miljon tillsammans med bekréftade eller
misstdnkta negativa hélsoeffekter gor dem till en av var tids stora utmaningar inom ke-
mikalichantering och miljoriskbeddmning. For att battre kunna riskbedoma PFAS-f6ro-
renade omraden &r det avgorande med en béttre forstaelse av deras fordelning och fast-
laggningsmekanismer i mark.

Det 6vergripande syftet med denna avhandling var att ka forstaelsen for hur PFAS-
dgmnen binds i mark och till enskilda komponenter déri, sdsom till exempel organiskt
material (OM) och jérnoxidytor. Fokus lag pé att undersdka vilken roll som pH-virdet
samt jordars eller sorbenters nettoladdning har for fastliggningen av olika PFAS-4mnen,
samt vilka mekanismer som ligger bakom fastlaggningen.

Effekten av nettoladdning och 16snings-pH pa bindningen av PFAS undersoktes i
skakforsok, dér jordarnas/sorbenternas nettoladdning kvantifierades genom geokemisk
modellering samt métning av (—potentialen. '*C-kdrnmagnetisk resonansspektroskopi
anvindes for karakterisering av organiska jordar, och rontgenabsorption anvéndes for att
fa 6kad mekanistisk forstdelse for bindningsmekanismer till jdrnoxidytor.

Hydrofoba interaktioner identifierades som drivande for den &vergripande bind-
ningen av PFAS-dmnen i mark och till isolerat organiskt material, medan elektrostatiska
interaktioner var den huvudsakliga mekanism som drev bindningen till den positivt lad-
dade jarn(hydr)oxiden ferrihydrit. Kvaliteten hos det organiska materialet paverkade
bindningen av PFAS-dmnen till organiska jordmaterial, i synnerhet vad géiller mer lang-
kedjade PFAS. Fordndringar i pH och sorbentnettoladdning gav en storre effekt pa bind-
ningen av mera langkedjade PFAS-dmnen jamfort med mera kortkedjade &mnen. Detta
tyder pa att det finns ett bidrag fran de elektronegativa fluoratomerna i molekylens svans,
utdver bidraget fran den funktionella huvudgruppen, till bindningens dvergripande pH-
och laddningsberoende i mark samt till isolerat organiskt material och ferrihydrit.

Extrapolering av bindningsstyrka normaliserad mot innehallet av organiskt kol 1 iso-
lerat organiskt material till mineraljordar underskattade bindningen av PFAS-dmnen;
detsamma gjorde ett angreppssétt baserat pa det organiska materialets ytnettoladdning.
Nérvaro av bindningsstéllen av hogaffinitetstyp kunde inte uteslutas for mineraljords-
materialen, varfor ett komponent-additivt angreppssitt (OM, ferrihydrit) inte tillfreds-
stdllande kunde testas for dessa jordar. Sammanfattningsvis behdvs det mer experimen-
tell bindningsdata for PFAS-dmnen i mark som tillater utveckling av mer precisa geoke-
miska modeller med formagan att simulera och forutsdga dmnenas fastlaggning och ut-
lakning i markmiljon.

Nyckelord: PFOS, PFOA, sorption, utlakning, XANES, *C NMR

Forfattarens adress: Hugo de Campos Pereira, Sveriges lantbruksuniversitet, Inst. mark
och miljo, Box 7014, 750 07 Uppsala, Sverige. E-post: hugo.pereira@slu.se
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Abbreviations

Technical terms.

AFFF
Alhox
DOC
FA
FASAs
Fh
FTSAs
HA

IC

IS

LoQ
MS/MS
NMR
ocC
PFASs
PFCAs
PFSAs
PZC
SOM
Stdev
UPLC
XANES spectroscopy

Aqueous film-forming foam
Aluminum (hydr)oxide

Dissolved organic carbon

Fulvic acid

Fluoroalkyl sulfonamides
Ferrihydrite

Fluorotelomer sulfonates

Humic acid

Inorganic carbon

Internal standard

Limit of quantification

Tandem mass spectrometry
Nuclear magnetic resonance
Organic carbon

Per- and polyfluoroalkyl substances
Perfluorocarboxylates
Perfluorosulfonates

Point of zero charge

Soil organic matter

Standard deviation
Ultra-performance liquid chromatography
X-ray absorption near-edge structure spectroscopy
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Per- and polyfluoroalkyl substances (PFASs) included in this thesis.

Acronym

PFCAs Perfluorocarboxylates

PFBA Perfluorobutanoate

PFPeA Perfluoropentanoate

PFHxA Perfluorohexanoate

PFHpA Perfluoroheptanoate

PFOA Perfluorooctanoate

PFNA Perfluorononanoate

PFDA Perfluorodecanoate

PFUnDA Perfluoroundecanoate

PFDoDA Perfluorododecanoate

PFTeDA Perfluorotetradecanoate

PFSAs Perfluorosulfonates

PFBS Perfluorobutane sulfonate

PFHxS Perfluorohexane sulfonate

PFOS Perfluorooctane sulfonate

FASAs Fluoroalkyl sulfonamides

FOSA Perfluorooctane sulfonamide

EtFOSA N-ethyl perfluorooctane sul-
fonamide (Sulfluramid)

FTSAs Fluorotelomer sulfonates

6:2 FTSA  6:2 fluorotelomer sulfonate

8:2FTSA  8:2 fluorotelomer sulfonate

Molecular
formula

G3F,COO~
C4FyCOO™
CsF11COO™
CeF13:COO
C7F15COO0
CsF1,COO™
CoF19COO™
CioF21COO™
Ci1F»COO™
C13F2,CO0O™

C4FoSO5™
CeF 13503~
CsF17503™

CsF17SO.NH»

CgF17SO,NHC,Hss

CeF13C2H4SO5™
CsF17C2H4SO5™

CAS number

375-22-4°
2706-90-3%
307-24-4°
375-85-9°
335-67-1°
375-95-1°
335-76-2°
2058-94-8*
307-55-1°
376-06-7°

45187-15-3
108427-53-8
45298-90-6

754-91-6
4151-50-2

27619-97-2¢
39108-34-4°

*The CAS number is given for the undissociated species of the chemical.
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1. Introduction

Per- and polyfluoroalkyl substances (PFASs) constitute one of the great chal-
lenges of our time in the fields of chemical management and environmental
risk assessment. The organofluorine chemicals have quickly emerged as a
group of contaminants of serious environmental concern. Across the globe,
the occurrence of PFASs has caused authorities to restrict or shut down raw
water sources for drinking water production (Andersson et al. 2019; NC Pol-
icy Watch 2020; New York State Dept. of Environmental Conservation
2020). Exposure to certain PFASs have been linked to adverse health effects
in humans and other animals (Kim et al. 2021; Blake et al. 2018; Borg et al.
2013; Johansson et al. 2008), including various types of cancers (Steenland
& Winquist 2021; Bartell & Vieira 2021). However, their environmental risk
assessment is severely hampered by an incomplete understanding of the
mechanisms and processes that dictate their behavior in the soil medium, in
particular as regards their binding and leaching. Thus, up to date, no standard
protocol exists to assess leaching of PFASs from contaminated sites, and
consequently, assessment of their environmental transport, fate and risks re-
mains a great challenge. In this thesis, the binding behavior in soil and to
components therein was investigated for a range of different PFAS chemis-
tries, with the aim of contributing to an increased knowledge to improve their
environmental risk assessment.

1.1 Per- and polyfluoroalkyl substances

The use of organofluorine chemistry took pace in the 1940’s with the Teflon®
industry being an early important area for its applications (Kissa 2001). The
manmade chemicals poly- and perfluoroalkyl substances (Figure 1) have
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been produced since the 1950°s (3M Company, History of PFAS and 3M,
2021) and comprises a group of more than 4,700 different compounds (Kissa
2001; OECD 2018). Their excellent surface-active (surfactant) properties
and extreme persistence to degradation make them useful in a variety of ap-
plications that require durability and repellency to oil and water. PFASs are
used, or have been used, in applications such as aqueous film-forming foams
(AFFF) for fire extinction, medical devices, metal-plating, photo-resistors,
polymer production, anti-reflective coatings for semi-conductors, and addi-
tives in hydraulic fluids (Paul et al. 2009; Buck et al. 2011; Herzke et al.
2012; Goldenman et al. 2019). In addition, their application is widespread in
everyday consumer products such as cosmetics (Schultes et al. 2018), non-
stick pans, water-repellent textiles, food packaging and paper products
(Lindstrom et al. 2011).

Perfluoroalkyl substances Polyfluoroalkyl substances
FIF F(F H]
g | | | | |
3 F-C-C-R F-C~C—C-R
5 | | | | I
F
/N F o nt Um
O o o
C// I N JH 1l
@ o ﬁ TUNH _ﬁ —OH
Qo
3 O 9,
% Carboxylic acids Sulfonamides (n+1):m fluorotelomer sulfonic acids
=
(s}
k3] o /O\
> I I H
= —S—OH —s-N¢
y) 1] CH20H3
\rd O,
Sulfonic acids N-ethyl sulfonamides

Figure 1. Chemical structures of some important PFAS subclasses that are commonly
found in the terrestrial and aquatic environment. The carboxylic and (fluorotelomer) sul-
fonic acids are expected to be fully ionized at ambient pH values (Rayne & Forest 2009b,
2010; Barzen-Hanson et al. 2017b) and thus, in the environment, they are present as an-
ions.
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However, physicochemical properties that make PFASs useful for us hu-
mans, such as for example their extreme persistence to degradation, also con-
tribute to making them substances of environmental concern. The carbon—
fluorine bond is one of the strongest chemical bounds there are (O’Hagan
2008), and hence it is easy to understand why PFASs popularly are termed
“forever-chemicals”. As a rule, PFASs do not occur naturally, and yet, they
are found in the blood of nearly every human on earth (Lindstrom et al. 2011;
Ludwicki et al. 2015) and are ubiquitously detected in the living and nonliv-
ing environment, including in the most remote environments on earth (Muir
etal. 2019). Highly contaminated so-called hotspot areas are often associated
with fire-fighting training activities, i.e. grounds where PFASs-containing
AFFF historically has been released uncontrollably into the environment in
large quantities. These historical uncontrolled emissions now constitute a se-
vere contamination of soil and groundwater resources worldwide. Perfluo-
rooctane sulfonate (PFOS) and perfluorooctane carboxylate (PFOA), for
which at present the largest body of environmental fate and toxicological
data exists, are together with their derivatives, salts and related compounds
identified as PBT chemicals (i.e. persistent bioaccumulative and toxic) ac-
cording to the REACH legislation of the European Union (ECHA, 2021),
and as POPs (i.e., persistent organic pollutants) under the Stockholm Con-
vention (2009 and 2020, respectively). As such, there is an ongoing global
elimination of their use. In addition, perfluorohexane sulfonate (PFHxS)), its
salts and related compounds are under consideration for inclusion in the
Stockholm Convention (2019).

1.2 Risk assessment of PFASs

The challenge of managing the environmental occurrence of PFASs is closed
linked to the human right of having access to clean and safe drinking water
(UN 2010). Drinking water is, for the general population, one of the principal
routes of PFAS exposure (Sunderland et al. 2019), as conceptualized in Fig-
ure 2. The Swedish Food Agency has listed 11 PFASs (Table 1) for which
the summed concentration should not exceed a guideline value of 90 ng L™!
in the finished drinking water (Ankarberg & Lindberg 2016). The Swedish
government has given as a task to the authority of the Swedish Geotechnical
Institute to derive guideline values for PFASs in soil and groundwater, a
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work that is currently ongoing (Pettersson et al., 2015). While such environ-
mental guideline values are not legally binding (Swedish EPA, 2009), they
play an important role in environmental risk assessment methodology, both
in Sweden and in an international context.

AN

- AFFF

%,
Groundwater| K4 = C(soil) /
table W C(dissolved)

:> — Surface

Figure 2. A schematic conceptual model describing human PFAS exposure via the drink-
ing water pathway from an AFFF-impacted site. Drinking water is, for the general public,
one of the principal routes of PFAS exposure. Credit subfigures: Openmoji (CC BY-SA
4.0 license): https://emojipedia.org/openmoji/.

Table 1. The so-called PFAS,; substances that are included in the current guidelines of
the Swedish Food Agency. The guidelines state that the sum of these 11 PFASs should
not exceed a concentration of 90 ng L' in the finished drinking water (Ankarberg &
Lindberg 2016).

Acronym Molecular formula CAS number
PFBA Perfluorobutanoate C;F,COO 375-22-4*
PFPeA Perfluoropentanoate C4FoCOO™ 2706-90-3*
PFHxA Perfluorohexanoate CsF1i,COO™ 307-24-4*
PFHpA Perfluoroheptanoate CeF13CO0™ 375-85-9*
PFOA Perfluorooctanoate C,F15CO0~ 335-67-17
PFNA Perfluorononanoate CsF,COO™ 375-95-17
PFDA Perfluorodecanoate CoF19COO™ 335-76-2%
PFBS Perfluorobutane sulfonate C4FoSO5™ 45187-15-3
PFHxS Perfluorohexane sulfonate ~ C¢F3SO5~ 108427-53-8
PFOS Perfluorooctane sulfonate CgF17S05™ 45298-90-6
6:2 FTSA 6:2 fluorotelomer sulfonate  CeF13C,H4SO5™ 27619-97-2*

*The CAS number is given for the undissociated species of the chemical.
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The sorption coefficient (Brusseau & Chorover 2019) is central in environ-
mental risk assessment methodology (Leeuwen & Hermens 2012; Jensen &
Mesman 2006; Swedish EPA 2009). Not only does it in a direct way describe
the partitioning of a substance between the solid phase and the dissolved (so-
lution) phase, but this partitioning also has important implications on several
other fate and transport processes. For example, it is mainly the dissolved
species of a substance that is available for biological uptake. Furthermore,
with the exception of any colloidal association, a substance needs to be dis-
solved in the soil solution to be leached, i.e. to be available for transport in
the soil profile and onwards to ground- and surface waters. In other words,
usually, it is not the total soil concentration of a harmful substance that re-
lates in a direct way to the posed risk, but rather it is the dissolved fraction
that is more closely related to the risk. Moreover, robust long-term risk as-
sessment requires understanding of how this dissolved fraction may change
with geochemical conditions (e.g. the pH value) and over time, why it is cru-
cial to have knowledge on the underlying mechanisms and processes that
control the soil solubility of the substance in question.

For PFASSs, the retention mechanisms in soil are still far from fully un-
derstood, and thus, there is to date no standard tool or protocol available for
authorities, consultants or problem owners to use when risk assessing a site
contaminated with PFASs. Previous research on PFAS environmental be-
havior and the uniqueness of their chemistry indicates that their binding be-
havior in soil is of a complex nature and may involve several mecha-
nisms/contributions, such as hydrophobic and electrostatic interactions, ion
exchange mechanisms (Guelfo et al., 2021; Nguyen et al. 2020; Guelfo &
Higgins 2013), formation of inner- and outer-sphere surface complexes (Gao
& Chorover 2012), and air—water interfacial adsorption in the unsaturated
zone (Lyu et al. 2018; Lyu & Brusseau 2020). The large environmental mo-
bility of PFASs relates to their charged (often anionic) molecular features
and unique organofluorine chemistry: the van der Waals forces exerted by
PFAS molecules towards their environment are much weaker as compared
to other substances of similar size (Goss & Bronner 2006). Thus, an accurate
prediction of the binding behavior of PFASs in soil across a wider range of
geochemical conditions cannot likely be achieved through a simple normal-
ization against soil organic carbon, as commonly has been done for other
legacy hydrophobic organic contaminants (Swedish EPA, 2009).
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2. Aim, objectives and hypotheses

2.1 Overall aim

The overall aim of this thesis was to advance the knowledge on how poly-
and perfluoroalkyl substances (PFASs) are bound in soil and to soil compo-
nents.

2.2 Specific objectives

The specific objectives were to:

O1) Determine the pH-, charge- and concentration-dependent binding
behavior of PFASs onto soil organic matter of different quality.

02) Determine the pH-, charge- and concentration-dependent binding
behavior of PFASs onto poorly crystalline iron (hydr)oxide (ferrihy-
drite).

03) Determine the pH-dependent binding of PFASs in a wide range of

soils of varying characteristics, and relate the findings to the results ob-
tained from the experiments associated with objective O1) and O2).

2.3 Hypotheses
Connected to the objectives O1-03 were the following hypotheses:
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H1) Binding of PFASs to soil organic matter occurs primarily through
hydrophobic interactions. The binding of PFASs to organic matter is
therefore related to its net charge, i.e., the lower the net charge, the
stronger the PFAS binding.

H2) The interaction between PFASs and Fe (hydr)oxide surfaces in-
volves mainly electrostatic contributions, and the binding is related to

the charge of the surface as affected by solution chemistry (i.e. pH,
[PO437], .. )

H3) The overall binding of PFASs to soil and soil components in-
creases with the perfluorocarbon chain length within each PFAS sub-
class, and the sorption is further influenced by the functional group of
the respective subclass.

H4) PFASs are bound to soils primarily by hydrophobic interactions
with organic matter, although electrostatic interactions and surface
complexation, involving also metal (hydr)oxides, could be important in
some mineral soils at low pH.

HS5) A component additivity approach, building on the findings on the
binding to isolated phases of soil organic matter and mineral surfaces,
is able to predict the binding of PFASs in a wide range of soils of dif-
ferent characteristics.



3. Materials and Methods

3.1 Background for the structure of the experimental work

The structure of the work presented in this thesis took a bottom-up (additive)
approach, where the initial investigations (Paper I-11I) focused on the bind-
ing of PFASs to “isolated” soil components (i.e., soil organic matter, iron
(hydr)oxides), whereas the latter work (Paper IV) investigated the binding
behavior in more complex soil systems that simultaneously contained a mul-
titude of components, including soil organic matter and iron (hydr)oxides
(c.f. approaches described by Groenenberg & Lofts (2014) and Arp et al.
(2014) for prediction of the binding of metal(loid)s and polycyclic aromatic
compounds in soil). The basic idea was, that in order to better understand the
binding behavior of PFASs in soils, one needs to understand the binding to
its respective components.

3.2 Overview of the experimental work

The additive approach was reflected in the structure of the thesis work (Fig-
ure 3). The initial investigations focused on the binding of PFASs onto iso-
lated soil components, i.e., soil organic matter (Paper I-II) and the poorly
crystalline iron (hydr)oxide ferrihydrite (Paper IIT), whereas the latter work
investigated the binding behavior of PFASs across a wide range of soils of
different characteristics (Paper IV). An overview of the materials is given in
Table 2.
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——————————————————————————

Figure 3. Workflow and schematic relationship between Papers I-IV included in this
thesis.

Table 2. Overview of the materials for which the binding of PFASs was investigated.

Soils/sorbent Comment
Paper | n =1 temperate organic soil (Spodosol Oe)  Surface horizon
Paper 11 n =3 temperate organic soils, of which Surface horizons

n =1 Spodosol Oe soil
n =2 peat soils (Oi and Oe)

Paper 111 2-line ferrihydrite Synthesized in the la-
boratory®
Paper IV n = 10 temperate mineral soils n = 6 surface horizons,

n = 4 subsoils

*Synthesized according to the procedure of Schwertmann & Cornell (2000).

Table 3 presents an overview of the different experimental methods em-
ployed. pH-/charge-dependent binding experiments were included in all four
works (I-IV, Table 4), as this was considered a powerful tool to, for instance,
gain increased mechanistic understanding of the binding of various PFAS
chemistries onto the different materials. Related to the extensive use of pH-
/charge-dependent binding tests was also the application of methods to quan-
tify the surface net charge of the sorbents at different pH values and solution
chemistries (e.g., upon additions of AI** or Ca?* to a suspension). This was
performed through two main methods: geochemical modeling of the solid
species present at the sorbent surface at equilibrium (Paper I-II, section 3.3.4
below), and by measuring the electrical {(zeta)-potential of the suspended
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particles (Paper III). Additional methods that were employed to increase the
understanding of the nature of PFAS binding in soil and to soil components
included spectroscopic methods (Paper II and I1I), and derivation of sorption
and desorption isotherms (Paper I and III, Table 4).

Apart from where explicitly noted, all experiments and analyzes were
performed at the Swedish University of Agricultural Sciences (SLU).

Table 3. Overview of methods employed in Paper I-1V.

Paper I Paper II Paper I[II  Paper IV

pH-dependent binding experi-

v v v v
ments
Sorption isotherms N4 Vv
Desorption isotherms v
Calculation/measurement of v v v v
sorbent charge
13C NMR spectroscopy v
S K-edge XANES spectroscopy v

3.3 Batch mode partitioning experiments

The partitioning of PFASs between the solid phase (i.e. soils (Paper I, IT and
1V), or 2-line ferrihydrite (Paper IIT)) and the aqueous phase was determined
in batch experiments, as summarized in Table 4 and 5. The PFASs were
added to suspensions of organic soils (I and II) or iron (hydr)oxides (III), or,
as in Paper IV, spiked to a selection of mineral soils prior to suspending the
aged soils in solution. Suspensions were equilibrated by end-over-end shak-
ing for 7 days (I-11, I'V) or 24 hours (III) prior to phase-separation and anal-
ysis (section 3.4).

3.3.1 pH-dependent binding experiments

pH-dependent binding experiments, as summarized in Table 4, were con-
ducted as a part of the work of all four papers (I-IV). By studying how the
binding changes with the pH value, and thus with the charge of the sorbent,
valuable quantitative and qualitative (mechanistic) understanding of the
binding may be obtained. Nitric acid (HNOs3) and sodium hydroxide (NaOH)
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were used to add acid and base, respectively, in all experiments that tested
the pH-dependent binding. To distinguish the effect of pH/sorbent charge on
binding from any effects that could arise by changing the ionic strength of
the solution, the latter was kept at a similar level over the entire investigated
pH range. This was performed by keeping the total concentration of nitrate
(NOs") ions constant at (or close to) 10 mmol L™! by additional addition of
NaNO:; to some of the suspensions. The solution compositions were further
varied through addition of nitrate salts of Ca** (3 and 5 mmol L") or A" (2
mmol L") (Paper I and II), or through the addition of phosphate in the form
of NaH,PO4 (IIT). These treatments were applied to investigate in detail the
role of sorbent surface charge on the binding of PFASs.

Table 4. pH-dependent binding experiments (Paper I-IV). Time of equilibration: 7 days
for each experiment, with exception for those that included ferrihydrite (24 hours). Back-
ground electrolyte for all batch experiments: 10 mmol L™ NOs™.

Paper  Analytes pH Batch test, treatments

1 PFCAs C3—Cyy, Cy3; 3—6 Initial additions of individual PFASs to
PFSAs Cs, Co and Cs; suspension:
FOSA 2.8 nmol L, on average

Solution—soil ratio: 90 mL g™' dw soil

Series:

a) 2 mmol L™ AI(NOs);
b) 3 mmol L' Ca(NO;),
¢) 5 mmol L' Ca(NO;),
d) ~10 mmol L' Na*

11 PFCAs C7; ,Cio, Ci1 36  Initial additions of individual PFASs to
and Cy3; suspension:
PFSAs C,, Cs and Cg; 2.6-69 nmol L™
FOSA and EtFOSA;
6:2 and 8:2 FTSA Solution—soil ratio: 41-54 mL g dw

depending on soil

Series:

a) 2 mmol L™ AI(NO3);
b) 5 mmol L™! Ca(NO;),
¢) ~10 mmol L' Na*
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Paper  Analytes pH  Batch test, treatments

111 PFCAs Cs—Cs and 4-8 Initial additions of individual PFASs to
C7—Co; suspension:
PFSAs Cy4, Cg and Cg; 1.6-5.5nmol L!
FOSA;
6:2 and 8:2 FTSA Series:

a) 3.2 mmol L' Fe as Fh
b) 3.2 mmol L™! Fe as Fh + 200 pmol L~

! phosphate
v PFCAs C5, Co, Cyo 3-9 Initial soil concentrations of individual
PFSAs Cg and Cs; PFASs:
FOSA 66-340 nmol kg™! dw spiked soil, and

18 and 140 nmol PFHxS and PFOS, re-
spectively, per kg dw field-contami-
nated soil

Solution—soil ratio:
10 mL g! dw

3.3.2 Sorption isotherms

Concentration-dependent binding experiments (sorption isotherms) were
performed by adding PFASs at varying concentrations to soil or ferrihydrite
suspensions (Paper II and III, as summarized in Table 5). The shape of a
sorption isotherm may provide insight into the binding mode of a substance
onto a sorbent (Schwarzenbach et al. 2016). For example, a linear isotherm
indicates that the partitioning is independent of the concentration in solution
(over a given range of concentrations at equilibrium conditions). This means
that no significant interactions between the sorbate molecules are thought to
occur on the sorbent. Many environmental fate and transport models assume
such a linear sorption behavior, including the model of the Swedish EPA that
is often used as a tool for deriving general and site-specific guideline values
(Swedish EPA, 2009). Two other types of sorption isotherms are those of
“concave-down” and “concave-up“ type, which may be observed when the
sorbate molecules are interacting with each other in some way on the sorbent.
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3.3.3 Desorption isotherms

The process of retention or leaching of contaminants in a soil profile involves
not only the process of their sorption but also that of their desorption rate.
Knowledge on the nature of the desorption process (isotherm) is essential
when assessing numerous aspects related to the fate and transport of a sub-
stance (Pignatello & Xing 1996; Pan et al. 2009), such as for example plant
uptake, or the rapid or retarded flush-out of an aquifer system. Retarded long-
term leaching may be associated with factors such as desorption hysteresis
and rate-limited desorption. Such retardation processes likely play an im-
portant role in that PFAS soil/groundwater contamination may persist for
timescales of years up to decades after the ceasing of the emission-causing
activities (Adamson et al., 2020; Backe et al., 2013; Barzen-Hanson et al.,
2017a; Filipovic et al., 2015; Moody et al., 2003; Wilhelm et al., 2010; Xiao
etal., 2015).

A desorption experiment (Table 5) was performed in connection to the
derivation of the sorption isotherms of Paper II. Two desorption branches
were constructed according to the method of successive dilution, for which
the solution volume and concentrations of background electrolyte (10 mmol
L' NaNOs) were kept constant. The dilution and re-equilibration step was
repeated in total four times to yield desorption isotherms.
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Table 5. The concentration-dependent sorption and desorption experiments (sorption and
desorption isotherms) presented in Paper II and III. Time of equilibration: 7 days for each
experiment or re-equilibration step, with exception for those that included ferrihydrite

(24 hours).
Paper  Analytes Soils/sorbent pH  Experimental conditions
11 PFCAs Cs—Ciy; Temperate 3.5—- Cw after eq. = 2.8-87 nmol
PFSAs Cg and Cs; organic soils 3.7 L' of individual PFASs, on
FOSA and EtFOSA; (n=2) average

6:2 and 8:2 FTSAs
(multi-solute
experiments)

1I

Solution—soil ratio: 41-54
mL g! dw depending on soil

Background electrolyte for
both series:

10 mmol L' NOs~

3.6—
4.0

Desorption tests (n =2 de-
sorption branches from the
sorption isotherms described
above). n = 4 re-equilibration
steps.

Solution—soil ratio: 41-54
mL g! dw depending on soil

Background electrolyte for
both series:

10 mmol L' NOs~

11 PFSA Cs (i.c.
PFOS)

PFCA C; (ie.
PFOA)

FOSA
(single-solute
experiments)

44—
4.6

Ferrihydrite

Cw after eq. =

1-700 nmol L PFOS;
1-2000 nmol L' PFOA;
0.3-1000 nmol L' FOSA;

Sorbent concentration: 10
mmol L' Fe as ferrihydrite

Background electrolyte for
all isotherms:

30 mmol L' NOs~
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3.3.4 Quantification of sorbent surface net charge

Geochemical modeling

In Paper I, II and IV, geochemical modeling was applied to calculate the
surface net charge of soil organic matter for various solution chemistries (Ta-
ble 4). Due to the charged molecular features of PFASs, it may be expected
that the surface net charge of the sorbent will affect their binding, similarly
as for many other ionic organic chemicals (e.g., Jafvert 1990). The modeling
software employed was Visual MINTEQ (Gustafsson 2020), incorporating
the sub-model Stockholm Humic Model (SHM) (Gustafsson 2001) which
was used to model the surface net charge of SOM.

Measurement of {-potential

As part of the sorbent characterization in Paper III, the charge of the sus-
pended ferrihydrite particles was determined by measurements of their {-po-
tential (Zetasizer Nano-ZS, Malvern). The measurements encompassed the
same solution chemistries (i.e. pH values, additions of phosphate anions) and
experimental conditions, excluding addition of PFASs, as in the pH-depend-
ent sorption experiment with ferrihydrite. The {-potential of a surface is
strongly related to its surface charge (Poisson-Boltzmann equation).

3.4 Chemical analysis

3.4.1 Studied PFASs and their quantification

Analysis of aqueous-phase PFAS concentrations was conducted at SLU on
high- (Paper I) or ultra-performance (Paper II-IV) liquid chromatography —
tandem mass spectrometers (HPLC-MS/MS, UPLC-MS/MS (Dionex Ulti-
Mate 3000, Thermo Fisher Scientific, MA; TSQ Quantiva, Thermo Fisher
Scientific, MA). The analytes included C3—Ci; and C3 perfluorocarboxylates
(PFCAs), C4, Cs and Cs perfluorosulfonates (PFSAs), C¢ and Cs fluorote-
lomer sulfonates (Cx:2 FTSASs), perfluorooctane sulfonamide (FOSA), and
N-ethyl perfluorooctane sulfonamide (EtFOSA), with Cx indicating the num-
ber of perfluorinated carbons in the molecular structure. To quantify the
PFASs, a mixture of 14 mass-labeled internal standards (ISs) was added to
the samples. Target analytes and ISs were matched according to structural
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similarity. For information on analyte—IS pairs and limits of quantification
(LoQs), the reader is referred to the respective paper of the thesis.

3.4.2 Analysis of aqueous PFAS concentrations

Samples were analyzed through direct injection into the instrument (Paper
II-1V), or as extracts prepared by offline solid-phase extraction (SPE,
method ISO/DIS 25101:2009 (ISO, 2009) (Paper I). The solid-phase extrac-
tion method has been described in detail by for example Ahrens et al. (2015).
For analysis with direct injection, the soil suspensions were first phase-sep-
arated by centrifugation (2000-2500g). Subsequently, 500 uL of aqueous
sample was fortified with an aliquot, generally 50 uL, of ISs dissolved in
MeOH (0.05 pg mL™" of each IS). In addition, 450 uL. MeOH was added
with the purpose of improving chromatographic peak shape in the instru-
ment. Samples were filtered through an 0.45 pum Sartorius Minisart hydro-
philic regenerated cellulose syringe filter. PFAS recoveries for these filters
have been evaluated by Lath et al. (2019) and Sérengard et al. (2020).

3.4.3 Analysis of total PFAS concentrations in soil

For determination of total concentrations of PFASs in soil (Paper IV), sam-
ples were analyzed at SLU according the method described by Gobelius et
al. (2017). In brief, an aliquot of freeze-dried homogenized soil was extracted
with a IS-fortified mixture of 80% MeOH and 20% 1 M NaOH. Prior to
injection into the instrument, pH-adjusted extracts (50/50 methanol/H>O v/v)
were filtered at 0.45 um (Sartorius Minisart hydrophilic regenerated cellu-
lose syringe filter). The results from the soil extractions conducted at SLU
were further compared and in agreement with those of two commercial la-
boratories who analyzed aliquots of the same samples (ALS Scandinavia,
accredited method; Eurofins).

3.4.4 PFAS instrumental analysis

The analytes (10 pL) were separated on a BEH (ethylene bridged hybrid)-
C18 analytical column (1.7 puL, 50 mm, Waters, UK), using an eluent gradi-
ent of 12 min and Milli-Q (LC-PAK) water and 5 mM ammonium acetate in
2% acetonitrile as mobile phases. A nine-point calibration curve (50/50
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MeOH/H>0) ranging from 0.01 to 100 ng mL~! was used for quantification
(all 72 values >0.99). The limits of quantification (LoQs) were defined as the
lowest calibration point for which the response factor of the instrument was
within £30% of the average response factor of the calibration curve (Higgins
et al. 2005). All peak integrations were manually checked using the Trace-
Finder™ software (Thermo Fisher Scientific). In the UPLC system, all Tef-
lon® parts were removed in order to avoid background contamination. Fur-
thermore, to avoid effects from possible mobile phase contamination, trap-
ping columns were installed after the mixing chamber of the system.

3.4.5 Quality assurance and quality control

Fluorinated materials (labware, instrument parts as described above) were
avoided throughout all studies in order to minimize contamination. In addi-
tion, the Milli-Q water used in the experimental work (Milli-Q® IQ 7000 lab
water system) was filtered through cartridges of powdered activated carbon
(Milli-Q LC-PAK, Merck, Darmstadt, Germany) prior to use, with the pur-
pose of removing PFAS background concentrations. For all analytical appli-
cations, all solvent products were of analytical grade (for example methanol;
LiChrosolv® hypergrade, Merck, Darmstadt, Germany). Negative controls
(blanks) were included in all batch experiments in order to further control for
any background contamination. The use of mass-labeled internal standards
corrected for any losses onto analysis vials, syringes, filters, ef cetera, across
the analytical chain. To assess sorption losses onto reactor walls, positive
controls were included in the work reported in Paper I-III. Reactor—solution
partitioning coefficients were derived from the positive controls of Paper I11
and were used to correct the sorbent—solution partitioning for reactor sorp-
tion losses (see details in III).

In all experiments, the amount of methanol that was co-spiked with the
added PFASs was less than 0.45% (v/v) in the equilibrated suspensions, i.e.
the addition of co-solvent could be considered to have a negligible effect on
the PFAS partitioning behavior (Schwarzenbach et al., 2016, Environmental
Organic Chemistry, 3™ Edition, page 302). All samples analyzed for PFASs
were produced as duplicates or as higher-order replicates. Replicate errors
for measured aqueous PFAS concentrations were typically in the range of 5—
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15%. Recoveries of the internal standards were determined as the ratio be-
tween their measured intensities in the analyzed samples and those of the
calibration curve, and were typically in the range of 76—-102%.

3.4.6 Supporting analyses

Supporting analyses and soil extractions were conducted at SLU,
KTH (Royal Institute of Technology), and by the commercial laboratories
ALS Scandinavia and Eurofins. Soil organic carbon content (Paper I, II and
IV) was measured at SLU using a TruMac CN analyzer (LECO, MI)
(ISO10694, 1995; ISO 13878 (1998), and/or at ALS Scandinavia (method
SS-EN 13137, accredited). Metals were quantified at SLU (dissolved con-
centrations) using inductively coupled plasma optical emission spectrometry
(ICP-OES, PerkinElmer Avio 200) and at KTH (soil extracts) using a
Thermo ICAP 6300 ICP-OES. Dissolved concentrations of iron and phos-
phorus (Paper III) were determined at SLU using an ICP-OES instrument.
Parts of the soil properties needed for Paper IV were assessed at ALS Scan-
dinavia, such as particle size distribution and cation exchange capacity (ac-
credited and not accredited analysis, respectively). Dissolved organic carbon
(DOC) was determined at SLU using a Shimadzu TOC-V CPH analyzer (II),
or by ALS Scandinavia (I).

For further details on supporting analyses and soil extractions, the reader
is referred to the respective studies included in this thesis.

3.5 Data treatment

PFAS binding to the solid phases was calculated as the difference between
added and dissolved PFASs upon equilibration. The solid—water partitioning
coefficient K4 [mL g'] was calculated as the ratio between the concentration
of the individual PFAS bound to the sorbent (Cs [ng g”' dw]) and its concen-
tration in the aqueous phase upon equilibration (Cw [ng mL']) (Eq. 1):

Cs
K4 =—
d =g,

Eq. 1)
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In Paper I and II where the binding to organic soils was investigated, the
partitioning coefficient K¢ was for comparative purposes normalized to the
fraction of organic carbon in the soil (foc), yielding the so-called Koc value
[mL g OC] (Eq. 2):

Koc = Ka _ _Cs Eq. 2)

foc  Cw-foc

In Paper II1, where the work focused on the binding behavior onto the poorly
crystalline iron (hydr)oxide ferrihydrite, the partitioning coefficients [mL
¢! Fe] were determined on the basis of the amount of Fe in the ferrihydrite

(Eq. 3):

Cs [ngg™* Fe]

Kd = Eq 3)

Cw

The logarithms of the partitioning coefficients were normally distributed (a
= 0.05) for the experiments described in this thesis (Shapiro-Wilk test;
Shapiro and Wilk, 1965), as is generally the case for quantities that are
formed from ratios (e.g., partitioning coefficients) according to the central
limit theorem. Hence, when the average of several measured partitioning co-
efficients was evaluated in the work described in this thesis, for example
those of a specific PFAS over a certain pH range, the arithmetic mean of the
logarithmic partitioning coefficients (i.e., log K4 or log Koc) was employed.

3.6 *C NMR spectroscopy

3.6.1 Background

Solid-state cross-polarization magic angle spinning carbon-13 (**C) nuclear
magnetic resonance (CP/MAS *C-NMR) spectroscopy was employed to
characterize the soils used for the sorption experiments in Paper II. The
method allows characterization of the chemical environment of the '*C iso-
tope in a sample. This is done by exploiting the magnetically active proper-
ties of the '3C atom that arise from its quantum spin number (1/2) which
makes it resonate in a magnetic field. The resonance (i.e. the chemical shift)
will look different depending on the chemical environment of the '*C atom.
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This makes it possible to assess the carbon chemistry of a sample (e.g., the
content of aliphatic and aromatic carbon) both from a qualitative and a quan-
titative standpoint (Baldock et al. 1997).

3.6.2 Experiment and data treatment

A Bruker DSX 200 spectrometer (Billerica/USA) at the Technical University
of Munich was employed to measure CP/MAS *C NMR spectra for the three
organic soils used in Paper II (Figure 4). The chemical shift of tetrame-
thylsilane was equated with 0 ppm as a reference for the soil spectra. Phase-
adjustment and baseline-correction of the spectra was performed prior to in-
tegration over the C regions given in Figure 4 and in Table 1 in Paper IL
Furthermore, the spectra were converted into the compound classes of car-
bohydrates, proteins, lignins, lipids and carbonyls. This was performed by
integrating the spectra according to Baldock et al. (2004) and Nelson &
Baldock (2005) to allow their molecular mixing model to be applied. For
further details, see Paper II and its Supporting Information.
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Figure 4. The CP-MAS 3C NMR spectra acquired for the three organic soil used in the
experiments of Paper II.
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3.7 X-ray absorption spectroscopy

3.7.1  Background
Sulfur X-ray absorption spectroscopy (XAS) was employed to acquire infor-

mation about the oxidation state and local binding environment of sulfonated
PFASs onto the mineral ferrihydrite (Paper III). X-ray absorption spectra are
acquired by irradiating samples with high-energy X-rays at synchrotron ra-
diation facilities, which are available to the research community at various
locations around the world. For example, the oxidation state of an element
increases with the so-called white-line position relative to that of the element
in its elementary form (oxidation state 0) (Xia et al. 1998; Vairavamurthy et
al. 1993; Waldo et al. 1991). By this relationship, conclusions can be drawn
as to whether the oxidation state of the element changes upon adsorption or
not, which may provide direct information about the binding mechanism.
Below (Figure 5) is shown an example of two S K-edge X-ray absorption
near-edge structure (XANES) spectra: those of PFOS and sulfate (SO4?") ad-
sorbed to ferrihydrite. The difference in the white-line position for ferrihy-
drite-adsorbed PFOS and sulfate (2480.7 electron volts (eV) and 2482.5 eV,
respectively) reflects the difference in oxidation state of its respective sulfur
atom (S(V) and S(VI), respectively).

2482.5eV —PFOS onto ferrihydrite (pH 4.0)
—Sulfate onto ferrihydrite (pH 4.2)

Normalized X-ray absorption

2470 2480 2490 2500 2510 2520 2530 2540 2550

E [eV]
Figure 5. Sulfur K-edge X-ray absorption near-edge structure (XANES) spectra for
PFOS and sulfate (SO4*") adsorbed to ferrihydrite. Spectra were acquired at the Synchro-
tron Light Research Institute (SLRI), Nakhon Ratchasima, Thailand. The pH values in-
dicate those of the equilibrated suspensions prior to phase-separation.
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3.7.2 Experiment and data treatment

Sulfur K-edge X-ray absorption near-edge structure (XANES) spectra for
sulfonated PFASs (PFHxS, PFOS, FOSA) onto ferrihydrite were acquired at
beamline BLS at the Synchrotron Light Research Institute (SLRI), Nakhon
Ratchasima, Thailand, in May 2017. In addition, various reference spectra
were acquired (see Paper I1II), including those of the pure PFAS standards in
their solid state, and that of sulfate (SO4>") adsorbed to ferrihydrite. The pur-
pose of including spectra for sulfate was that the inner-sphere complex
formed by sulfate onto ferrihydrite gives rise to a so-called pre-edge peak
due to orbital hybridization, and thus, this feature could be compared with
those of the PFAS—ferrihydrite spectra to examine the nature of the binding
mechanism. The sulfate white-line of FeSO4 (2482.5 eV, Prietzel et al.
(2013)) was used for energy calibration. The Athena software (Ravel &
Newville 2005) was used for energy shift correction and normalization of all
XANES spectra. For additional details on the experiment and the data treat-
ment, see Paper I1I.
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4. Results and Discussion

4.1 pH- and charge-dependent binding of PFASs

The pH-/charge-dependent binding of all PFAS subclasses was more or less
pronounced onto all types of soils and sorbents for which their binding was
investigated. That is, the overall binding was inversely related (confidence
level 95%, i.e., p < 0.05) to solution pH (Paper I-IV), and to the surface net
charge or (-potential of the solid phases (I-IIT). The relationship between the
binding and the pH value, and the binding and the sorbent charge, is illus-
trated in Figure 6 and 7, respectively, for PFOS and PFOA. However, for the
(overall weak) binding of some of the short-chained PFCAs and PFSAs (i.e.,
PFBA, PFPeA, PFBS) onto organic soils and ferrihydrite, changes in the pH
value and/or the sorbent charge had no or limited effect (Paper I-111, signif-
icance level o = 0.05).
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Figure 6. pH-dependent binding of PFOS (upper row) and PFOA (lower row) to temper-
ate organic soils (Paper II, unit [mL g! soil]), the iron (hydr)oxide ferrihydrite (III, [mL
g ! Fe]) and temperate mineral soils (IV, [mL g ! soil]).
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Figure 7. Charge-dependent binding of PFOS (upper row) and PFOA (lower row) to
temperate organic soils (Paper II, unit [mL g' soil]) and to the iron (hydr)oxide ferrihy-
drite (III, [mL g' Fe)).

As arule, the PFASs analyzed in this thesis are not expected to change their
aqueous speciation (protonation) over the studied pH range (~3-9) according
to the acid constants derived by Moroi et al. (2001), Rayne & Forest (2009b,
2010) and Barzen-Hanson et al. (2017a). Thus, the effect of a change in the
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pH value on binding was interpreted as an effect of a change in the charge
present on the sorbent or the soil. A more acidic pH value decreases the net
negative charge present on the soil, or increases the positive charge present
on the ferrihydrite particles (Figure 8), which enhances the binding of PFASs
due to more favorable electrostatic conditions on the solid phase. Not only
was the effect of pH/sorbent net charge evident for the binding of PFASs that
were present as negatively charged anions (i.e., PFCAs, PFSAs and FTSAs),
but it was also observed for the binding of the fluoroalkyl sulfonamides
FOSA and EtFOSA that were both present as non-ionic species (for pH <
~6.4 in the case of FOSA (Rayne & Forest 2009a; Steinle-Darling & Rein-
hard 2008)).
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Figure 8. A) Calculated surface net charge of temperate organic soils (Paper II), and B)
ferrihydrite {-potential (III), as affected by solution pH and additions of inorganic mul-
tivalent ions. Subplot B) has, with minor modifications, previously been published in
Campos-Pereira et al., Environmental Science and Technology 54 (2020), pp 15722—
15730. DOI: 10.1021/acs.est.0c01646

The (-potential of the iron (hydr)oxide ferrihydrite was able to predict the
binding of many of the long-chained PFASs (Paper III) with good accuracy
when the two treatments of the experiment (i.e., 0 and 200 umol L™ of added
phosphate, respectively) were considered jointly. When only the pH value
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was considered, the binding was, for many substances, somewhat weaker in
the presence of phosphate as compared to that measured in the absence of
the anion. Adding to the line of evidence from X-ray absorption spectroscopy
of ferrihydrite-adsorbed sulfonated PFASs (detailed below and in Paper III),
the results of the pH-/charge-dependent batch sorption tests emphasize the
primarily electrostatic nature of the adsorption onto ferrihydrite.

For the overall binding to organic matter (Paper I-II), it was, however,
difficult to distinguish the effect of the surface net charge from that of the
pH value alone. For example, both variables generally exhibited similar and
often high correlations with the binding both within and across the organic
soils (e.g., Figure 6 and 7). This maybe due to that the cation additions (i.e.,
3 and 5 mmol L' Ca**, 2 mmol L' AI’"), which were employed to further
alter the charge of the organic soils, were kept relatively low, i.e., their con-
centrations were at the lower end of those previously employed in similar
sorption studies (c.f. Higgins & Luthy 2006; Chen et al. 2009; Zhang et al.
2013).

4.2 Effect of PFAS structure on binding

4.2.1 Overall binding as affected by PFAS structure

Effect of perfluorocarbon chain length

The overall binding, i.e., the binding strength normalized against the pH
value or the sorbent surface charge, increased with the number of perflouri-
nated carbons, and with the molecular weight, within each PFAS subclass in
all works (I-1V) of this thesis (examples in Figure 9). For example, the bind-
ing (log Koc) to temperate organic soils (Paper II) increased with, on aver-
age(£stdev), 0.13(£0.12), 0.30(£0.06), and 0.49(£0.13) log units for the sub-
classes of PFCAs, PFSAs and FTSAs, respectively, for each additional CF»
moiety that was added to the tail of the molecule. As for the binding to tem-
perate mineral soils (IV), the corresponding increase in binding strength (log
Kq) was, on average, 0.41 and 0.26 log units for the PFCA and PFSA homo-
logues, respectively, per additional CF, moiety. Thus, the main mechanism
that was driving the overall binding of PFASSs to soil and to isolated phases
of SOM was concluded to be hydrophobic interactions.
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Figure 9. Examples of the chain length-dependent binding behavior of PFASs in soil.
Subplot A) shows means (crosses) and boxplots for the pH-dependent binding in up to
10 minerals soils (Paper IV, pH 2.8-8.6), and B) shows the partitioning to the organic
soil Peat Oi (IT) (pH = 3.7). Cy < 10 nmol L ! for individual PFAS concentrations, and
concentration of background electrolyte (NO;") = 10 mmol L™, for both data sets of A)
and B).

Effect of functional head group type

As for the effect of head group type on the overall binding strength, a com-
plete analysis across all sorbents and soils studied within the thesis work was
not possible, since not all subclasses (i.e, PFCAs, PFSAs, FTSAs, FASAs)
were analyzed within the work of each paper. For the PFASs with 8 perfluor-
inated carbons in their tail (“Cs”), for which the largest amount of data was
available for comparisons, the presence of a uncharged sulfonamide func-
tionality (i.e., that of FOSA, given pH < ~6.4) increased the overall binding
in organic and mineral soils as compared to the presence of a negatively
charged sulfonate moiety (i.e., that of PFOS (Paper I, I1, IV) and 8:2 FTSA
(ID)). In turn, the sulfonate functionality of 8:2 FTSA and PFOS favored
binding as compared to a carboxylate functionality (i.e., PFNA; I, IT). More-
over, the binding of the neutral substance N-ethyl perfluorooctane sulfona-
mide (i.e, EtFOSA/Sulfluramid) onto organic soils was stronger by, on aver-
age(£stdev), 0.41(£0.49) log units as compared to that of FOSA (Paper II),
which was attributed to the greater hydrophobicity associated with the larger
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head group of EtFOSA (—SO.NHC,Hs) as compared to that of FOSA
(—SO,NH,). The stronger binding of neutral PFASs onto soil as compared to
that of anionic PFASs is in agreement with the observations of e.g. Nguyen
et al. (2020). However, as for the adsorption onto the positively charged
iron(hydr)oxide ferrihydrite, for which the main sorption driving force was
identified to be of an electrostatic nature, the binding of PFOS was stronger
as compared to that of FOSA (pH 4.4-4.6, Cw < 0.75 umol L™). This exem-
plifies the manner in which the binding strength is a result of an interplay
between the properties of the sorbate and those of the sorbent.

4.2.2 pH- and charge-dependent binding as affected by PFAS struc-

ture

Effect of perfluorocarbon chain length

The effect of solution pH and soil/sorbent surface net charge on binding (i.e.,
log Kq or log Koc) was quantified as the regressed slope of the relationship
between the two quantities (Figure 10) given statistical significance (i.e. p <
0.05). The binding of longer-chain PFASs was, as a rule, affected to a larger
degree by changes in the pH value (Paper I-1V) and by changes of the
sorbent charge (I-11I) as compared to that of shorter-chained PFASs, within
as well as across the various subclasses. This observation in is agreement
with that of Nguyen et al. (2020) who studied the pH-dependent sorption
onto ten soils and described an increased sensitivity of binding to solution
pH with respect to longer-chained PFCAs, PFSAs, FTSAs and FASAs as
compared to that of their shorter-chained homologues and analogs. The au-
thors suggested the reason to be the overall lower affinity of shorter-chained
PFAS:s for the solid soil-phase, which would make their binding less sensi-
tive to solution pH and thus to the soil surface chemistry (i.e., in particular
its charge) as compared to that of longer-chained PFASs that overall were
more strongly bound.
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Figure 10. Binding pH-dependency, expressed as the regressed slopes Alog Kq per pH
unit, as affected by the length of the perfluorinated carbon chain. The roman numerals
by each subplot indicate the respective paper for which data is shown. For Paper II and
IV, where multiple soils were included, the data points show the average+standard error
of the mean of the individual regressed slopes Alog K4 unit pH™'. For Paper I and II, K4
values are expressed in the unit mL g! dry weight soil, and their subplots reflect the
binding pH-dependency for all treatments aggregated (i.e., including additions of 3 and
5 mmol L' Ca?" and 2 mM AI*"). For Paper 111, the unit of the K4 value is mL g™ Fe,
and the subplot represents the pH-dependence without any addition of phosphate. The
very large pH-dependence of the binding of PFCA Co PFDA in Paper III (—1.32 log units
per unit pH) is not shown since it is out of scale, but is included in the total regression.
For Paper I1, C;3 PFTeDA was excluded from the regression. pH 2.8-8.6 for the data as
a whole. *p <0.05, **p <0.01, ***p <0.001.

However, because the effect of solution pH on binding is an effect of charge,
one should also consider the electronic (i.e. charge) distribution of the PFAS
molecules themselves as a possible explanation for the larger soil/sorbent
charge effect observed for the binding of longer-chained PFASs as compared
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to that of shorter-chained substances. Johnson et al. (2007), Xiao etal. (2011)
and Erkog¢ & Erkog (2001) performed calculations of atomic partial charges
of the PFOS molecule, and found each fluorine atom to carry an excess
charge 6— of, on average, —0.27+0.014, —0.2 and —0.114+0.021 elementary
charge units, respectively (schematically illustrated in Figure 11). Conse-
quently, the authors proposed that the PFOS molecule as a whole, due to the
strong electronegative (electron-withdrawing) properties of the fluorine, is
negatively charged towards its surrounding environment. The carbon atoms
consequently form a positively charged core within a shell of negative
charge. Thus, electrostatic interactions are not exclusively limited to the neg-
atively charged head group but may also involve the partially negatively
charged hydrophobic chain (Johnson et al., 2007; Xiao et al., 2011). The in-
creasingly larger effect of solution pH and of soil/sorbent net charge on bind-
ing of longer-chained PFASs is thus consistent with an important additional
electrostatic repulsion or attraction involving the perfluorocarbon chain, in
addition to the effect of the head group. In the case of the adsorption onto the
more or less positively charged ferrihydrite, electrostatic interactions involv-
ing the tail are expected to enhance the binding; the longer the tail and the
more acidic the pH, the more so. As regards the binding onto more or less
negatively charged SOM, however, the electrostatic component of the tail
(along with that of the head group, in the case of an anionic PFAS) needs to
be overcome in order for hydrophobic interactions to take place and result in
the binding of the molecule.

The hypothesized reason, as described above, to why the binding of
longer-chained PFASs to soil and soil components is more sensitive to
changes in solution pH/sorbent charge as compared to that of shorter-chained
PFASSs relies on the assumption that the cited results on the atomic charge
distribution of the PFOS molecule also can be extended, or are at least simi-
lar, to other PFASs with similar structures (i.e. PFCAs, other PFSAs, x:2
FTSAs, FASAs). This is considered likely, due to the similar high degree of
fluorination of all PFAS subclasses analyzed within the work of this thesis.
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Figure 11. Schematic representation of the charge distribution on the perfluorooctane
sulfonate (PFOS) molecule, according to data of Johnson et al. (2007), Xiao et al. (2014)
and Erkog¢ & Erkog (2001). The cited studies calculated the excess negative charge 6— of
each fluorine atom to be about —0.27+0.014 (Johnson et al., 2007; gas-phase molecular
geometry), —0.2 (Xiao et al. 2014), or —0.1140.021 elementary charges (Erkog¢ and Erkog
(2001). Due to the strong electronegative properties of the fluorine atoms, it was calcu-
lated that each carbon atom correspondingly carries an excess positive charge of, on av-
erage, +0.54+0.12 (Johnson et al., 2007), +0.4 (Xiao et al., 2014), or +0.23+£0.090 (Erkog
and Erkog (2001). The negative charge of the dissociated head group (SO5") is indicated
with a minus sign to the right in the figure.

Effect of head group type

Clues on the effect of head group type on the pH/-charge-dependency of the
binding may be obtained by comparing the binding behavior of PFASs that
have equal perfluorocarbon chain length but different head group function-
alities. For the binding of the PFAS subclasses with completely ionized func-
tionalities (i.e., PFCAs, PFSAs, FTSAs), it was difficult to discern a con-
sistent pattern, over Paper I-1V, in the magnitude of the pH-dependency with
respect to the type of head group. However, the binding of the neutral species
(pH < ~6.4) of perfluorooctane sulfonamide (FOSA) was less affected by
solution pH and soil net charge as compared to its anionic analog PFOS in
11 out of 12 organic and mineral soils, in agreement with previous research
on the environmental binding behavior of neutral and anionic organic chem-
icals (e.g., Jafvert 1990). In addition, the binding of the neutral Cs analog
EtFOSA (Sulfluramid) showed a moderate dependency on solution pH and
soil net charge in temperate organic soils similar to that of FOSA (Paper II).
However, at pH values above the pK, value of FOSA, where its speciation is
dominated by its anionic species, the binding strength of FOSA decreased
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with solution pH (Figure 12), with a similar magnitude as was observed for
the PFOS anion of equal chain length (Paper IV).

To conclude, the results suggest that the pH-/charge-dependency of the
binding of PFASs in soil is influenced both by the head group type (i.e., an-
ionic or uncharged) and by the number of perfluorinated carbons that make
up the tail of the molecule.
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Figure 12. pH-dependent binding of perfluorooctane sulfonamide (FOSA) to n =9 tem-
perate mineral soils (Paper IV). Literature estimations of the pK, value are indicated as
vertical dashed lines (pK, = 6.24 and 6.52; Rayne & Forest 2009a; Steinle-Darling &
Reinhard 2008, respectively). At pH values below and above the pK, value, the specia-
tion of FOSA is dominated by its neutral and anionic species, respectively.

4.3 Binding of PFASSs to isolated soil components

4.3.1 Binding to soil organic matter

Binding of all analyzed subclasses of PFASs to organic soils materials (Paper
I and IT) was influenced by solution pH, i.e., by the pH-induced change in
soil organic matter net charge, as described above. When considering the
data of Paper I and II together, any consistent effects on binding induced by
cation treatments were however difficult to discern from that of solution pH.
Binding onto two Sphagnum peat materials with a low (Oi) and moderate
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(Oe) degree of decomposition were 4 times stronger, on average, as com-
pared to that onto soil organic matter from a Spodosol Oe horizon (Figure
13). In particular, longer-chained PFASs were more strongly bound by the
two peat materials. The difference in binding strength was however not likely
to be caused primarily by a difference in the net charge present on the differ-
ent SOMs, as acid/base titrations as well as geochemical modeling indicated
that the charge properties of the sorbents were similar (Figure 8A above).
This suggests, instead, that the overall quality of SOM caused the difference
in sorption behavior. The combined results of batch sorption experiments
and “C NMR spectroscopy (Figure 13) suggested the sorption to be posi-
tively related to the content of carbohydrates (i.e., O-alkyl carbon), in partic-
ular as regards the binding of Cs—Ci; and Ci3 PFCAs and EtFOSA.
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Figure 13. A) Organic carbon-normalized partitioning coefficients log Koc for the tem-
perate organic soils used for the work of Paper II. Binding data from pH-dependent sorp-
tion tests at pH =4.2+0.2. An asterix (*) indicates that the partitioning coefficients were
calculated from the respective sorption isotherm at a Cw of 10 nmol L™! (pH = 3.5-3.7).
Background electrolyte: 0.01 mol L™! NOs~ for all data. Error bars represent the standard
deviation (n = 2). B) Distribution of carbon compound classes of the respective soil as
derived from CP-MAS 3C NMR measurements. Molecular mixing model and associ-
ated integrations of chemical shifts: Baldock et al. (2004) and Nelson and Baldock
(2005).

Concentration-dependent sorption

Sorption isotherms (Figure 14) onto the peat material with a low degree of
decomposition (Peat Oi) were closer to ideal linearity (average Freundlich
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exponent n = 0.85) as compared to that of the Spodosol Oe sample (denoted
as Mor Oe in Paper II) (average Freundlich exponent n=0.75). This suggests
that the energetic distribution of possible “binding sites” for PFASs was
more homogeneous on the Peat Oi material as compared to that of the Spod-
osol Oe SOM. The Peat Oi sample was made up entirely of Sphagnum
fuscum material and exhibited a low degree of alteration through decompo-
sition, while the SOM of the Spodosol Oe sample originated from a mix of
different litter qualities (Scots Pine-dominated vegetation) and its SOM was
in addition altered to a larger degree by decomposition processes (humifica-
tion).
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Figure 14. Sorption and desorption isotherms of selected PFASs as indicated by closed
and open symbols, respectively, onto the temperate organic soils Peat Oi and Spodosol
Oe (Mor Oe) (Paper II). 7 is the fitted exponent of the Freundlich sorption isotherm. The
dashed line indicates 50% binding. Each data point corresponds to duplicate samples.
Experimental conditions: background electrolyte 10 mmol L™! NaNOs, pH 3.5-4.0.
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Desorption — effects of PFAS structure and concentration

In general, sorption of PFASs was more or less irreversible to at least one of
the organic soils Peat Oi and/or Spodosol Oe (Figure 14). The results sug-
gested that all of the analyzed subclasses (i.e. PFSAs, FTSAs, FASAs, and
long- as well as short-chained PFCAs) have the potential to undergo retarded
long-term leaching from organic-rich surface horizons. In particular, the neu-
tral substances FOSA and EtFOSA as well as the shorter-chained, anionic,
PFHpA showed pronounced sorption irreversibility (hysteresis) across both
soils in the desorption experiment. The sorption irreversibility of the respec-
tive subclasses followed their order of affinity for the organic soils, i.e., sorp-
tion irreversibility decreased in the order of EtFOSA > FOSA > PFOS = 8:2
FTSA > PFNA among the Cg analogs. The cumulative desorption yields of
PFASs decreased with increasing length of the perfluorinated carbon chain
(PFCAs), and with increasing molecular weight/size of the head group
(FOSA, EtFOSA). A similar dependency on chain length has been reported
for the desorption of PFSAs (i.e., PFBS and PFOS) for soils with lower OC
contents of 0.2-9.4% (Milinovic et al. 2015).

The relative desorption yields for both soil Peat Oi and Spodosol Oe
tended to be positively related (p < 0.05) to initial aqueous additions of
PFASs and consequently to initial sorbed PFAS concentrations (#-test, paired
two samples for means). When the initial aqueous additions of individual
PFAS:s increased by a factor of 6, the cumulative desorption yield of individ-
ual PFASs increased by, on average(£stdev), 58%(£59%) and 25%(£19%)
in soils Peat Oi and Spodosol Oe, respectively. This suggests that more ef-
fective sorption sites/environments of SOM to a larger extent get occupied
upon larger loadings of PFASs, which, if so, further suggests that organic
surface horizons could leach PFASs to a relatively larger extent upon larger
loadings (emissions) as compared to if contamination was lower.
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4.3.2 Binding to ferrihydrite

X-ray absorption spectroscopy

As shown in Figure 15, the sulfur K-edge XANES spectra of sulfonated
PFASs (i.e., PFHxS, FOSA and PFOS) adsorbed onto ferrihydrite were sim-
ilar, with respect to their white-line positions, to that of dissolved dilute so-
dium methylsulfonate (S(+V)). Hence, it could be concluded that when the
PFASs adsorbed from solution to the ferrihydrite surface, the sulfur atom of
the head group functionality retained an oxidation state of +V. The same ob-
servation was made for the adsorption onto poorly crystalline aluminum hy-
droxide (Alhox). The spectrum of ferrihydrite-adsorbed sulfate (K,SO4)
showed a so-called pre-edge on the low-energy side of the main absorption
peak, a feature that indicates the involvement of inner-sphere complexes in
the adsorption mechanism (Okude et al. 1999; Majzlan & Myneni 2005;
Majzlan et al. 2011; Gu et al. 2016). This feature was not observed for any
of the spectra of the ferrihydrite-adsorbed sulfonated PFASs. To conclude,
these results rule out a significant involvement of inner-sphere complexation
in the adsorption mechanism of sulfonated PFASs onto ferrihydrite. Weaker,
electrostatically-dominated, outer-sphere complexation that involves the S-
containing head group is still however likely to occur, as also was suggested
by the results of the sorption batch experiments with ferrihydrite.

52



PFOS onto Fh, pH 4.0

(LT 7

1 Niisowe
4 Sz 1N
<o} © |
1 NERR
50
45 -
b N \ Sodium
b methylsulfonate
(aq) 30 mmol L
40 -
| \__———FOSA onto Fh, pH 5.2
i ™~ FOSAontoFh, pH35
] N TS FOSAonto Alhox, pH 5.6
35 4 U\ T——  —FOSA solid standard
- ]
5 B T PFOS onto Fh, pH 3.4
% 30 PFOS onto Alhox, pH 5.1
= ] PFOS solid standard

4 N E—

P—/ ™~ PFHxS onto Alhox, pH 5.2

25 ¢ PFHXS solid standard

20 A

Sodium sulfate
(aq) 30 mmol L

Sulfate onto Fh, pH 3.5

Sulfate onto Fh, pH 4.2
Sulfate onto Alhox, pH 5.1
Potassium sulfate (s)

L

|

2470 2475 2480 2485 2490
E [eV]

Figure 15. Stacked normalized S K-edge XANES spectra for sulfonated PFASs adsorbed
to ferrihydrite (Fh) and poorly crystalline aluminum hydroxide (Alhox). Dashed white-
line positions are, from lower to higher energies, those of PFOS onto Fh and Alhox, of
dissolved dilute sodium methylsulfonate (NaCH3S0O3), and of sulfate onto Fh and Alhox.
Spectra for sodium sulfate (Na,SO,) (aq) and sodium methylsulfonate (aq) were provided
by Almkvist et al. (2011) and their intensities were set to unity at 2490 eV for the purpose
of comparison. Figure from Campos-Pereira et al., Environmental Science and Technol-
ogy 54 (2020), pages 15722-15730. DOI: 10.1021/acs.est.0c01646
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Binding mechanisms and concentration-dependent binding

The results of the pH- and concentration-dependent sorption batch tests
lended further support to the hypothesis that the adsorption to ferrihydrite is
dominated by electrostatic contributions, i.e., interactions between the more
or less positively charged ferrihydrite particles and the head group as well as
the partially negatively charged tail group (section 4.2.2 above). In particu-
lar, the results from single-solute sorption isotherm experiments (Figure 16)
supported the presence of an electrostatic contribution involving the head
group, as the negatively charged sulfonate functionality of PFOS favored the
binding onto ferrihydrite over the neutrally charged sulfonamide head group
of FOSA. The overall sorption affinity decreased in the order of PFOS >
PFOA = FOSA (Cw < 0.75 umol L™!, pH = 4.4-4.6). All three PFASs exhib-
ited concave-down isotherms for aqueous concentrations Cw less than ~0.5
umol L' (FOSA), ~0.75 umol L' (PFOS) and ~2 pmol L' (PFOA), of
which the isotherms of PFOS and PFOA exhibited pronounced nonlineari-
ties. Their suggested monolayer adsorption modes were best described by
the Langmuir equation, with fitted (predicted) maximum adsorption capaci-
ties Omax of 180 and 160 umol mol™! Fe for PFOS and PFOA, respectively.

However, at high aqueous concentrations Cw (>1 umol L), the binding
of FOSA was significantly greater than that of both PFOS and PFOA. The
change from concave-down to a seemingly concave-up shape of the FOSA
isotherm at a Cw of ~0.5 umol L' suggests a sorption-enhancing formation
of hemi-micelles at the ferrihydrite—solution interface (c.f. (Schwarzenbach
et al. 2016).

54



® OPFOS
200 - APFOA
©FOSA
ko)
L 150 -
S A
£ T
2 100 a A
1 /
£ =
(54 //d Y /////l
K
50 | // | .z
&
0 T T T
0.0 0.5 1.0 1.5 2.0
Cyw [umol L]

Figure 16. Sorption isotherms for PFOS, PFOA, and FOSA, onto ferrihydrite (10 mmol
Fe L") at pH 4.4—4.6. The dashed lines represent the fitted Langmuir isotherms. Error
bars represent the standard deviation of the calculated sorbed concentration Cs. Modified
figure from Campos-Pereira et al., Environmental Science and Technology 54 (2020),
pages 15722—15730. DOI: 10.1021/acs.est.0c01646.

4.4 Binding of PFASSs to soils

441 Overview

For the work of Paper IV, ten temperate mineral soils (S1-S10) were chosen
to represent a wide range of soil properties as detailed in Table 6. Thus,
whereas the work described in Paper I-III focused on the binding behavior
to isolated soil components, in the soils of Paper IV, a multitude of possible
sorbent phases were present simultaneously to varying degree (c.f. hypothe-
sis HS). The work aimed to i) investigate the role of soil properties on the
pH-dependent binding behavior of PFASs across a wide array of soils, and
ii), by drawing knowledge from the work of Paper I-III, to investigate how
a bottom-up or component additivity approach may further progress or com-
plement the understanding of the pH-dependent binding behavior in soil.
The soils were assigned labels (S1, S2, ..., S10) in order of decreasing
OC content, i.e., soil S1 corresponded to the material with the highest OC
content. Collected in south and central Sweden, n = 6 soils were sampled
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from surface horizons (i.e. from the top 10 or 20 centimeters) and n = 4 soils
were subsurface materials.

Table 6. Selected properties of the temperate mineral soils S1-S10 that were used for the
pH-dependent desorption experiments of Paper IV. Additional soil properties are provi-
ded in the manuscript.

Feox” + ilt +
.. Collection ocC pH ¢ . Si Textural
Soil site® [%] C/N (H,0) Alox pyp clay class
: [mmol kg']  [%]*
S1 Kungsangen 3.1 10 5.9¢ 230 96 Clay
(0-10 cm)
S2 Paskalampa 2.2 42 5.5 630 46 Sandy
Bs loam
S3 Arboga 1.7 11 6.9 170 76 Clay
(field-con-
taminated)
S4 Fors 1.6 11 8.2° 62 72 Silt loam
S5 Arboga 1.3 11 55 140 73 Clay
S6 Néantuna 1.2 11 8.3° 64 19 Sandy
loam
S7 Krusenberg 1.2 13 55 36 14 Loamy
sand
S8 Paskalampa E 1.1 40 4.6 4.4 47 Sandy
loam
S9 Kungsidngen 0.91 8.0 6.6 250 100 Clay
(70-80 cm)
S10 Hogésa (sub- 0.30 17 5.8 58 11 Loamy
soil) sand

2All soils were sampled from their surface horizons (i.e. from the top 10 or 20 cm) with
the exception of soils S2, S8, S9 and S10. °Feo,: oxalate-extractable iron (0.2 M oxalate,
pH 3.0). “Alox—ryp: The difference between oxalate-extractable aluminum (0.2 M oxalate,
pH 3.0) and 0.1 M pyrophosphate-extractable aluminum. n.a.: not available. “Determined
according to ISO 11277:2020 by the means of laser diffraction. °Soil contained inorganic
carbon, i.e., carbonates.
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4.4.2 Overall binding behavior

As mentioned in previous sections, the overall binding to the temperate min-
erals soils was positively related to the length of the perfluorinated carbon
chain and to the molecular weight (C7, Co and Cio PFCAs, and Cg and Cg
PFSAs) (Figure 9). Cg FOSA was overall bound more strongly than its com-
pletely ionized analog PFOS, which again highlighted the role of head group
type for the binding behavior in addition to that of the chain length of the
molecule. Similar to the binding onto isolated sorbent phases (Paper I-11I),
the binding of all six analyzed PFASs was inversely related to solution pH
(p <0.001, Figure 17), and the magnitude of the pH-dependency increased
with the length of the perfluorinated carbon chain of the molecule (Figure
10). To conclude, the pH-dependent binding behavior in a wide range of soils
was indicated to be a combination of hydrophobic interactions, in which the
fluorinated carbon chain plays an important role, and electrostatic interac-
tions, in which both the head group and the fluorinated carbon chain were
indicated to be involved.
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Figure 17. pH-dependent soil-water partitioning coefficients log Ky for the desorption of
n =6 PFASs from 10 temperate mineral soils (S1-S10) at 10 mL g dw. Log K4 values
[mL g!]0f0, 1, 2 and 3 correspond to 9%, 50% (horizontal dashed line), 91% and 99%
binding, respectively, as indicated on the right axes. Note that the vertical axis extends
to negative log K4 values for soils S3 and S§8—S10. The time of aging of the soils prior to
the desorption experiment was nine months. YNO;~ = 10 mmol L™! and liquid-to-solid
ratio 10 mL g dw soil for all data points.

4.4.3 The role of soil properties

While there were important patterns in the binding behavior to the temperate
mineral soils of Paper IV that were well recognized from that onto isolated
sorbent phases (I-I1I), at the same time, the aggregated data for the mineral
soils exhibited more complexity (e.g., Figure 18), likely due to the wider
span of sorbent properties. For example, using single linear regression, sev-
eral soil properties exhibited significant (p < 0.05) positive correlations with
the binding of one or more PFASs at a selected fixed pH value of 5.6+0.1
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(c.f. pH(H2O) = 6.1, on average, for n = 10 soils). These soil properties in-
cluded OC (PFOS, FOSA), oxalate-extractable Fe (FOSA), estimated allo-
phane and imogolite (PFOS, PFDA), cation exchange capacity (FOSA), and
the summed content of silt and clay particles (si/t+clay, FOSA), all for which
low to moderate predictive strength was observed (average > = 0.58). A cor-
responding multiple linear regression analysis similarly suggested multiple
contributions to the binding of PFOS and FOSA, where OC together with Fe
and Al mineral phases explained 80% and 85% of the variation in the Ky
values, respectively (Figure 19). In the case of PFOS, these findings are sim-
ilar to those of Nguyen et al. (2020) and Li et al. (2018) who found that its
binding to soils and sediments was better predicted by a combination of
sorbent properties than by any single property. However, for three of the six
analyzed PFASs (i.e., PFOA, PFUnDA, PFHxS) in Paper IV, no significant
correlation with any of the soil properties OC, oxalate-extractable Fe, esti-
mated allophane and imogolite, or silt+clay was identified, irrespectively of
whether single or multiple linear regression analysis was employed.
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Figure 19. A) t-values of soil properties of significant (F < 0.05) multiple linear regres-
sion models describing the K4 values at pH 5.6+0.1 in n =9 laboratory-spiked soils (Paper
1V). Adjusted 7* values for the MLR models are given in parenthesis after the name of
the substance on the horizontal axis. All the partial slopes of the MLR models were sig-
nificantly different from zero (p < 0.05). The binding of PFDA was better described by
regression with single soil properties (SLR) as compared to by a combination of multiple
properties, why this substance is presented with its single correlation 7? value within pa-
renthesis. *p < 0.05, ***p < 0.001. B) Measured versus predicted K4 values for PFOS
and FOSA plotted on a log—log scale. MLR model for PFOS: predicted K4 [mL g '] =
5.97 - %0C + 0.0796 - Aloxpy, [mmol kg']. MLR model for FOSA: predicted Kq [mL g~
11=71.8 - %OC + 0.751 - Feox [mmol kg''].

In line with the weak to moderate (PFOS, FOSA) or absent (PFOA, PFDA,
PFUnDA, PFHxS) correlation between binding and soil OC content, normal-
ization of the binding strength against OC content (log Koc) did not success-
fully explain the differences in the binding across the mineral soils of Paper
IV (Figure 20). Moreover, the binding strength per unit organic carbon was
significantly greater for the mineral soils (i.e., most often >1 log unit greater
for PFHxS, PFOS, PFOA and FOSA) as compared to the corresponding par-
titioning coefficients measured for the organic soils (II). This indicates that
extrapolation of log Koc values from organic soils to soils with lower organic
content is likely to underestimate the binding of PFASs.
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Figure 20. Organic carbon-normalized soil-water partitioning coefficients log Koc [mL
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Paper IV (open squares). For the latter group, a subset of soils with higher (2.2-3.1%)
and lower (0.3%) content of organic carbon is highlighted by closed symbols.

4.4.4 Binding as related to the calculated net charge of SOM

Because a straightforward normalization against OC content did not predict
the binding to the mineral soils of Paper IV satisfactorily, an attempt was
made to explain the binding behavior based on the net charge present on the
SOM of the soils. The pH-dependent net charge of the SOM of the materials
was modeled using the Stockholm Humic Model (Gustafsson 2001). As-
sumptions that underlie the calculations are described in Paper IV. Subse-
quently, the calculated net charge of SOM was related to the charge-depend-
ent binding strength (i.e. Koc) of organic soil material that was derived in
Paper II. For the latter step, the binding data for the Peat Oe material was
chosen. Lastly, the predicted Kq values (K, pred) for the soils of Paper I'V were
obtained from the predicted Koc values (Koc, pred) 88 Kd, pred = Koc, pred * foC,
where foc is the fraction of organic carbon of the soil.
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For all soils, this model underestimated the binding strength (Figure 21). The
smallest deviation from the measured partitioning was observed for soil S2
(Paskalampa Bs horizon), for which the model performed fairly well for most
PFAS:s. The largest deviations from the modeled partitioning were observed
for the clay soils S3 and S5 (i.e., Arboga field-contaminated and Arboga,
respectively), which had been collected from an AFFF-impacted former fire-
fighting training site (S3) or from its direct vicinity (S5). For these two soils,
the model underestimated the partitioning with, on average(+stdev),
1.6(0.4) log units.
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Figure 21. Measured (points) and modeled (lines) soil-water partitioning for selected
soils of Paper IV.

4.4.5 A binding component not related to pH/charge?

On the basis of the observations and modeling described above (section
4.4.1-4.4.4), it can be hypothesized that the binding of PFASs in soil is the
sum of three components: a) binding to SOM (depends on a combination of
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hydrophobic and electrostatic interactions), b) binding to metal (hydr)oxides
(predominately electrostatic interactions), and c) binding to other soil com-
ponents (unknown interactions). While a) and b) are strongly pH-dependent,
which in both cases has to do with charge, c) may or may not be dependent
on the pH value/sorbent charge, depending on the exact mechanism in-
volved.

The binding to “pure” (isolated) SOM becomes strong at low pH (strong
hydrophobic interaction, small net negative charge), but low at high pH
(large net negative charge present on the SOM). In a mineral soil, with the
above reasoning, the binding of PFASs should generally be stronger per unit
SOM, since the net negative charge present on the SOM of the mineral soil
is smaller due to interaction with ions such as AI** and Ca**, which are ubig-
uitous in mineral soil. The difference in binding as compared to “pure” SOM
becomes particularly large at higher pH values as the SOM net charge is de-
creased due to strong interactions with cations such as Ca*".

Conversely, the binding to oxides (ferrihydrite, allophane, imogolite, et
cetera) is expected to be significantly weaker in a soil than to the pure oxides,
because the oxides, due to adsorption of phosphate and SOM, have a small
positive net charge in the soil. This means that the oxides might not contrib-
ute to the binding of PFASs to any appreciable extent in any of the soils in
Paper IV, except possibly to a minor part in some soils that are either rich in
metal (hydr)oxides, such as soil S2 (Paskalampa Bs), or very low in SOM
content. Judging from pH-dependent binding data (Figure 17-18,20-21) and
the modeling of the net charge of SOM (Figure 8 and Figure 21), there ap-
pears to be some soil component (e.g., black carbon, clay minerals, or other
particle surfaces) that contributes to the overall binding with a flatter, less
pronounced pH-dependency, especially as regards the binding of the shorter-
chained substances PFOA and PFHxS. Thus, it can be hypothesized that
there is a component c) that contributes to a binding of PFASs that is more
or less constant over the pH range.

The fact that the model underestimated the measured partitioning the
most for the two materials that were collected from an AFFF-impacted site
suggests the presence of some kind of high-affinity sorbent component, pos-
sibly black carbon/pyrogenic carbonaceous material (PCM), i.e., soot/char
(Zhi & Liu 2018), or oil/oil-derived black carbon (Chen et al. 2009). Zhi and
Liu (2018) reported a substantially stronger binding of PFAS to PCMs as
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compared to that onto peat SOM, and identified PCMs as potentially signif-
icant sinks for PFASs at AFFF-impacted sites. However, at present there is
no analytical data to confirm (nor dismiss) any presence of such high-affinity
pyrogenic carbonaceous materials at the Arboga or indeed any other site.
Hence the current data only allow the author to hypothesize that all mineral
soil samples except Paskalampa Bs contained some high-affinity binding
sites that were not present (or only present at low concentration) in the SOM
of the organic samples studied in Paper II.

64



5. Conclusions

The main conclusions of this thesis can be summarized as follows:

Entropy-driven hydrophobic interaction is the main process that
drives the overall binding of PFASs to soil organic matter. The
binding is inversely related to the net negative surface charge of
the organic matter, i.e., the lower the net negative charge, the
stronger the PFAS binding. Corroboration of hypothesis H1.

The binding of PFASs onto the iron (hydr)oxide ferrihydrite is gov-
erned mainly by electrostatic attraction, which is dependent both
on the length of the perfluorinated carbon chain and on the type of
head group functionality (i.e., anionic or neutral). Thus, the binding
is related to the charge of the ferrihydrite surface, which is affected
by factors such as solution pH and the bound concentrations of
phosphate. Corroboration of hypothesis H2.

The overall binding of PFASSs to soil and soil components increases
with the perfluorocarbon chain length within each PFAS subclass,
and is further influenced by the functional head group type of the
respective subclass. Corroboration of hypothesis H3.

Although PFAS binding to pure ferrihydrite is substantial, at least
at low pH, there is no evidence for a major role of Fe and Al
(hydr)oxides as major PFAS sorbents in mineral soils. Instead, for
Paskalampa Bs (the soil with the largest amount of such sorbent
phases), the observed log Koc values were in reasonable agreement
with those predicted from the charge-log Koc relationships of the
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organic samples, suggesting organic matter to be the dominant
PFAS sorbent also in this soil. Thus, hypothesis H4 could not be
corroborated.

The pH-dependency of PFAS binding to mineral soil was weaker
than that observed for organic soil samples. Moreover, for all min-
eral soils except Paskalampa Bs, the overall sorption was consid-
erably stronger than that expected from the relationship between
Koc and net charge as observed for the organic soil samples. This
suggests that, at present, a simple component additivity method
cannot be used successfully for predicting PFAS sorption in min-
eral soil, because of the possible presence of high-affinity binding
sites of an unknown nature. Thus, hypothesis H5 could not be cor-
roborated.



Implications and future research

The binding of PFASs to soil and soil components was substantially influ-
enced by the pH value. Thus, if one is to make predictions of the soil reten-
tion of PFASs at a contaminated site, the pH value(s) of the soil profile is an
essential variable to consider, in particular as regards the binding of longer-
chained PFASs, and/or PFASs that may change their aqueous speciation at
environmentally relevant pH values (e.g., FOSA). Although the soil organic
carbon content plays an important role in determining the retention behavior
of PFASs in soil, the results of this thesis indicate that other soil components
(organic or mineral) are at play too. Thus, for derivation of generic environ-
mental guideline values, or for soil retention predictions with respect to a
specific contaminated site (tier 1 and 2 or corresponding), the author advices
not to rely on extrapolations from organic carbon-normalized partitioning
coefficients (i.e. Koc values [mL g organic carbon]) from the literature. One
may instead, for the above purposes, employ literature K4 values [mL g
soil] values, as relevant as possible for the soil type(s) and conditions in ques-
tion, to relate the soil-bound concentration of the substance directly to that
in solution. For environmental risk assessments of tier 3 type, i.e., when more
detailed site-specific investigations are undertaken, site-specific leaching
tests of batch- and/or column type along with lysimeter (soil water-) sam-
pling (c.f. Anderson 2021) and ground water sampling have the potential to
provide a more complete picture of the mechanisms that govern the site-spe-
cific binding and leaching of PFASs.

In this thesis, the larger part of the work concerned the binding behavior
of long-chained PFASs (i.e., C; or longer PFCAs, C¢ or longer PFSAs,
among others). However, along with the ongoing industrial transition from
longer-chained PFASs to shorter-chained substances comes an increasing
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need to more in depth study the binding behavior of low-molecular, short-
chained PFASSs in soil to better assess their environmental transport, fate and
risks. This is underlined not least by the poor removal of short-chained
PFASs by the large majority of techniques in drinking water treatment plants.

To progress the development of geochemical models to describe the bind-
ing of PFASs in soils of diverse properties, there is a need for more data that
do not only encompass the binding data itself (i.e., Kq values, information on
soil properties), but also information on the underlying sample recipes (e.g.,
acid/base additions, additions of metal ions, ef cetera) and data on the solu-
tion chemistry at equilibrium (i.e., pH values, concentrations of metals,
DOC, et cetera). In addition, more research on the influence of SOM quality,
and on the binding of PFASs to high-affinity soil components such as black
carbon, is needed. For example, soil material from AFFF-impacted sites
could be analyzed for pyrogenic carbonaceous materials in order to better
understand their possible role in the retention of PFASs.
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Popular science summary

So-called highly fluorinated substances (PFAS substances) are a group of
chemicals that in recent years have come to be regarded as environmental
contaminants of global concern. Large emissions to the environment have
occurred at fire-fighting training sites through the use of PFAS-containing
fire-fighting foam. The substances are found almost everywhere in the envi-
ronment, including in the drinking water we drink every day, albeit usually
in small amounts. As these substances are persistent to degradation, and are
(confirmed or suspected to be) associated with adverse health effects in hu-
mans and other organisms, the use of some of them is now being phased out.
However, the legacy of global and long-standing emissions will remain to be
dealt with for a long time to come.

This work has investigated how strongly or weakly PFAS substances are
bound in soil, and which chemical binding mechanisms come into play, in
order to contribute to improved environmental risk assessment of PFAS-con-
taminated sites.

The methods used in this thesis included batch experiments with soil sam-
ples and with components (organic matter, iron minerals) that are often found
in soil. Since PFAS substances are often negatively charged, factors that may
affect the charge of the soil particles, including the pH value (acidity) of the
soil solution, were investigated in connection with the batch experiments.
Spectroscopic methods (X-ray absorption, nuclear magnetic resonance from
carbon atoms) were used to gain a better understanding of the substances'
binding to iron minerals and to organic matter.

The overall binding of PFAS substances to soil and to samples of isolated
organic material was found to be determined by how hydrophobic the PFAS
substance in question is, i.e., how much a certain substance wants to "escape"
the water phase present in the pores (the solution) of the soil. However, in
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the case of the iron mineral ferrihydrite, which is more or less positively
charged, the binding strength of the PFASs was determined by how much
positive charge the mineral held in the experiment. The more acidic the pH
value, the greater the positive charge of the mineral, and hence the stronger
the binding of the negatively charged PFAS substances. In addition, for
PFASs with more fluorine atoms in their molecule, it was found that the
binding strength was affected to a larger extent by the charge present both
on the soil particles and on the pure organic material and iron minerals, as
compared to that of PFASs with less fluorine atoms. This indicates that the
fluorine atoms of the molecule’s “tail” contribute to the overall charge-de-
pendency of the binding, together with the (often negatively charged) so-
called head group of the molecule.

An attempt to predict how strongly PFAS substances are bound in mineral
soils, based on the soils' content of organic material and on how strongly the
substances were bound in previous experiments with isolated (“pure”) or-
ganic material, was shown to underestimate the binding strength. Modeling
of the charge present on the organic material of the mineral soils also under-
estimated the binding of the substances. It could not be ruled out that there
were chemical binding sites in the mineral soils, for example on specific
types of organic material or clay minerals, to which the PFAS substances
were bound strongly. Hence, modeling methods involving simultaneous
binding contributions from several soil components (i.e., those from organic
matter and iron oxides) could not be tested properly. This highlights the need
for more experimental data on the binding of PFASs to soil: data of the type
that can be used to develop more accurate models to simulate and predict the
binding and mobility of PFAS substances in the terrestrial environment.
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Popularvetenskaplig sammanfattning

Sé kallade hogfluorerade amnen (PFAS-dgmnen) dr en grupp kemikalier som
pa senare ar har kommit att betraktas som viktiga globala milj6fororeningar
att hantera och riskbedoma. Storre utslipp till miljon har skett bland annat
vid branddvningsplatser genom anvindning av brandskum som har innehallit
PFAS. Amnena finns i stort sett verallt i miljon, inklusive i det dricksvatten
vi till vardags dricker, om an oftast i laga médngder. P4 grund av att dessa
dmnen ar vildigt svara att bryta ner, och har (eller misstdnks ha) negativa
hélsoeffekter gentemot minniskor och andra organismer, fasas deras anvénd-
ning nu ut alltmer. Men arvet av globala och méngériga utslapp finns kvar
att hantera for lang tid framover.

Det hér arbetet har syftat till att kartlagga hur starkt eller svagt PFAS-
dmnen binds (fastliggs) i mark, och vilka kemiska bindningsmekanismer
som &r i verksamma. Detta har gjorts for att i forléingningen kunna hitta me-
toder for att béttre kunna forutséga miljorisker kopplade till PFAS-forore-
nade omraden.

Metoderna som anvindes 1 denna avhandling inkluderade skakforsok
med jordprov och med komponenter (organiskt material, jarnoxider) som
ofta aterfinns i mark. Eftersom PFAS-dmnen ofta dr negativt laddade under-
soktes faktorer som kan paverka markpartiklarnas egen laddning, bland an-
nat markldsningens pH (surhet), i anslutning till skakforsoken. Spektrosko-
piska metoder (rontgenabsorption, kdrnmagnetisk resonans fran kolatomer)
anvéndes for att f4 6kad forstaelse for &mnenas bindning till jarnoxider och
till organiskt material.

Den 6vergripande bindningen av PFAS-&mnen till mark och till prover
av isolerat organiskt material bestimdes av hur hydrofobt PFAS-dmnet i
fraga &r, det vill sdga hur girna ett visst &mne vill “undkomma” vattnet som
finns i markens porer (marklosningen). Diaremot, i fallet med jarnoxiden
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ferrihydrit, som dr mer eller mindre positivt laddad, bestimdes PFAS-dmne-
nas bindningsstyrka av hur stark positiv laddning som mineralet hade i ex-
perimentet. Ju storre positiv laddning som fanns pa mineralet (till exempel,
alltsa ju surare 16sning som mineralet slammades upp 1), desto starkare band
de negativt laddade PFAS-dmnena. Dessutom visade det sig, for PFAS-dm-
nen med manga fluoratomer i molekylen, att bindningsstyrkan paverkades
mer av laddningen pa markpartiklarna och pa organiskt material/jarnoxider
an vad som var fallet med PFAS-dmnena som hade farre fluoratomer. Detta
tyder pa att de elektrontéta fluoratomerna i molekylens ”’svans” bidrar till att
bestdmma bindningens 6vergripande laddningsberoende, tillsammans med
molekylens (ofta negativt laddade) sé kallade huvudgrupp.

Ett forsok att forutsdga hur starkt PFAS-dmnen binds i mineraljordar, ba-
serat pd jordarnas innehdll av organiskt material och &mnenas bindnings-
styrka till isolerat ("rent”) organiskt material, visade sig underskatta bind-
ningens omfattning. Ocksé en modellering av laddningen p& mineraljordar-
nas organiska material underskattade hur starkt &mnena bands till jordarna.
Baserat pa resultaten kunde det inte uteslutas att det fanns kemiska bind-
ningsstéllen i mineraljordarna, till exempel pa specifika typer av organiskt
material eller lermineral, till vilka PFAS-dmnena skulle kunna bindas extra
starkt. Dérfor kunde inte heller en modelleringsmetod som omfattar olika
markkomponenters samtida bindningsbidrag (organiskt material, jirnoxider)
testas fullt ut. Detta belyser att det behdvs mer experimentella data for PFAS-
dmnens bindning i mark: data som kan anvéndas for att utveckla béttre (mer
precisa) modeller for att forutsdga @mnenas bindning, rorlighet och ytterst
deras risker i miljon.
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1. Introduction

Perfluoroalkyl substances (PFASs) have been produced in large
quantities for use in a variety of consumer products and industrial
applications since the 1950s (Cousins et al., 2016). However, in
recent years they have been recognized as environmental con-
taminants of global concern due to their persistency (Houtz et al.,
2013), bioaccumulative potential (Conder et al, 2008) and
toxicity (Giesy et al.,, 2010; Apelberg et al., 2007). PFASs have been
found ubiquitously in the environment (Zareitalabad et al., 2013;
Ahrens, 2011), and are taken up by organisms including humans
(Giesy and Kannan, 2001; Yeung et al., 2006). The environmental
behavior of PFASs differs from other persistent organic pollutants
(POPs) due to their extreme surface-active properties (Goss and
Bronner, 2006) characterized by their hydrophobic (oleophobic)
poly- or perfluorinated carbon chain (tail) in combination with the
hydrophilic, usually anionic, functional head group. Thus, in
contrast to other, non-ionic, POPs, for which the environmental
behavior is well predicted solely by their hydrophobic or lipophilic
properties, the behavior of the PFASs is governed not only by hy-
drophobic (oleophobic) but also by electrostatic interactions
(Higgins and Luthy, 2007). Due to this complexity of PFAS chem-
istry, sorption of these substances cannot be predicted from a single
sorbent bulk property such as for example organic carbon (OC)
content (Barzen-Hanson et al., 2017; Li et al., 2018) and there are
still significant uncertainties as regards how various sorbent-
specific properties, such as for example pH and surface-bound
cations, interact to determine the binding of PFASs to soils (Li
et al., 2018). Accordingly, up to date there is a lack of standard
protocols to assess the soil chemical properties of PFASs.

Organic matter is known to be an important sorbent for PFASs in
soils (Milinovic et al., 2015) and sediments (Higgins and Luthy,
2006). However, the number of studies on PFAS sorption to
“pure” phases of soil organic matter (SOM) is scarce. Moreover,
studies on sorption in soils have usually included only a limited
number of PFASs (e.g. Milinovic et al., 2015). Furthermore, there is
still a lack of knowledge as for what fractions of SOM may be
important for binding of PFASs. Zhang et al. (2015) reported that the
humin fraction accounted for most of the sorption by comparing
perfluorooctane sulfonate (PFOS) sorption to untreated soils with
that of sodium hydroxide (NaOH)-treated soils. Humic (HA) and
fulvic acids (FA) were found to be less important, presumably
because of their higher charge, hydrophilicity and polarity (Zhang
et al, 2015). However, this contrasts with the results of Zhao
et al. (2014), who found that both the humin and the HA/FA frac-
tions may be important for the sorption of PFOS and per-
fluorohexane sulfonate (PFHxS). Humin has been shown to be an
important sorbent also for other hydrophobic organic compounds
(HOCs) (Kohl and Rice, 1998; Han et al., 2013). For polycyclic aro-
matic hydrocarbons (PAHs) the humin fraction contributed more to
binding than the HA/FA fraction (e.g. Gunasekara and Xing, 2003;
Chen et al,, 2017; Kang and Xing, 2005).

In general, the sorption of ionizable, anionic, organic contami-
nants is promoted by a decrease in pH and by an increase in solu-
tion cation concentration (Jafvert, 1990). For PFASs this has been
confirmed by e.g. Higgins and Luthy (2006), Chen et al. (2009) and
Zhang et al. (2013) concerning the effect of pH and Ca?*, and by
Wang et al. (2015) concerning the positive impact of Mg+, Fe>* and
AIP*. However, no significant effect on sorption has been observed
for monovalent cations such as Na* and K™ (e.g. Higgins and Luthy,
2006; Wang et al.,, 2015). Under environmental pH values, natural
organic matter (NOM) carries a negative net charge due to the
presence of dissociated carboxylic and phenolic acid groups
(Kinniburgh et al., 1999). Thus, in systems where NOM is present,
the increased sorption of anionic organic compounds after adding

multivalent cations can be understood in terms of a reduced
negative electrostatic potential of NOM caused by cation
complexation (Higgins and Luthy, 2006, 2007). The modeling work
by Higgins and Luthy (2007) on sorption of PFASs to sediment in the
presence of Ca?* and Na™ suggested a strong relationship with the
electrostatic Donnan potential for sediment organic matter.

The main objective of this study was to assess the effect of so-
lution cation composition on the sorption of 14 PFASs onto SOM.
The effect of the modeled bulk net charge of SOM was compared to
that of pH, with the hypothesis that the bulk net charge would be
the better predictor of PFAS sorption in the presence of variable
concentrations of divalent and trivalent ions. In particular we
examined the effect of AI>* on PFAS sorption to an organic soil
sample and compared it to the effects of Ca* and Na*, as A>* has a
high charge density (a high valence in combination with small ionic
radius) and therefore a high propensity to form complexes with
organic functionalities. Accordingly, we hypothesized that the ef-
fect of AI** on PFAS sorption would exceed those of Ca?* and Na*.

2. Materials and methods
2.1. Standards

Fourteen target PFASs (purchased from Sigma Aldrich) were
analyzed including C3—Cy;; and Cy3 perfluoroalkyl carboxylates
(PFCAs), C4, Cg, Cg perfluoroalkyl sulfonates (PFSAs) and per-
fluorooctane sulfonamide (FOSA) (Table 1). For quality control, 10
mass-labelled internal standards (ISs) (i.e., '*C4-PFBA, '3C,-PFHxXA,
13C4-PFOA, 3C5-PENA, 1*Co-PEDA, *C,-PFUnDA, 3C,-PFDoDA, 1®0,-
PFHXxS, 2C4-PFOS, '3Cg-FOSA, purity >99%, Wellington Laboratories,
Guelph, ON) and one recovery standard (*Cg-PFOA, purity >98%,
Wellington Laboratories, Guelph, ON) were included.

2.2. Sample characteristics

A mor layer soil sample with pH(H;0) of 4.8, containing 45% C,
1.3% N and 3.4% ash content on a dry weight (dw) basis, was used
for the experiment. The sample (Risbergshojden Oe) was collected
in 2011 from a Spodosol in central Sweden (Risbergshdjden,
59°43'00”N 15°01/59”E), a site dominated by Scots Pine (Pinus
sylvestris) vegetation. Soil from this site has been used in several
previous studies on metal binding to SOM (Gustafsson and van
Schaik, 2003; Gustafsson et al., 2007; Gustafsson et al., 2014), and
was selected for our experiment as it is representative for northern
latitude organic surface horizons, especially for those of coniferous
forest. The sample was sieved (<2 mm) prior to homogenization,
and then stored at +5 °C in its field-moist state with 69% water
content until further use. The geochemically active concentrations
of humic and fulvic acid, Al, Ca, Fe, K, Mg, Mn, Cr and Cu were
determined by Gustafsson et al. (2014) and are shown in Table S1 in
the Supporting Information.

2.3. Sorption batch experiment

Four batch sorption experiments were conducted using 50 mL
polypropylene (PP) tubes (Corning®, nonpyrogenic) with 0.45g
sample (dry weight) to which nitrate (NO3 ) salts of 10 mM Na*, 3.0
and 5.0 mM Ca®* or 2.0mM AP+ were added to obtain environ-
mentally relevant ionic compositions within the range of previous
studies (Chen et al., 2009; Higgins and Luthy, 2006). Additional
sodium nitrate (NaNO3) salt was added to the Ca*" and AI** series
to keep the NO3 concentration similar (~10 mM) in all series (for
details see Table S2, Supporting Information). In addition, each
batch experiment was carried out at four different pH values (3, 4,5
and 6), which were reached using variable volumes of 20 mM nitric
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Table 1

Target PFASs and field- and laboratory-derived soil/sediment organic carbon-normalized partitioning coefficients (log Koc).
Substance Acronym Chemical formula (dissociated) log Koc

[mLg']

Perfluorobutanoate PFBA C3F,CO0~ 1.88"
Perfluoropentanoate PFPeA C4F9CO0~ 1.37'
Perfluorohexanoate PFHxXA CsF1;CO0 1.311,2.1°
Perfluoroheptanoate PFHpA CgF13CO0 1.63,2.17
Perfluorooctanoate PFOA C;F15C00 1.89-3.5" e
Perfluorononanoate PENA CsF17C00~ 2.36-4.0">"
Perfluorodecanoate PFDA CoF19CO0~ 2.96-4.6">"
Perfluoroundecanoate PFUNDA C;0F2;C00~ 33-5.1%040
Perfluorododecanoate PFDoDA Cy1F23C00~ 5.6+0.2°
Perfluorotetradecanoate PFTeDA Cy3F,7C00™ na
Perfluorobutane sulfonate PFBS C4FgSO3 1.22¢,1.79'
Perfluorohexane sulfonate PFHXS C6F13503 2.05-3.7%4f
Perfluorooctane sulfonate PFOS CgF7S03 2.6—3.8cdef
Perfluorooctane sulfonamide FOSA CgF17S0;NH,# 42-45%

na = not available.
2 Labadie and Chevreuil (2011).
b Higgins and Luthy (2006).
€ Ahrens et al. (2011).
d Ahrens et al. (2010).
€ Milinovic et al. (2015).
f Guelfo and Higgins (2013).

& Non-ionic species predominates within the investigated pH range (pK, = 6.52 (Steinle-Darling and Reinhard, 2008)).

acid (HNO3) or NaOH. The equilibrium solution chemistries of all
soil suspensions were checked to ensure undersaturation with
respect to Al(OH); soil phases. The suspensions (40 mL) were
spiked with 10 pL of a standard stock mixture of 14 PFASs dissolved
in methanol (5pgmL~" of each substance), resulting in 111 ng of
each substance per gram dry sample. All four samples in the four
cation series were prepared in duplicate yielding in total 31 sam-
ples after removing one outlier from the subsequent data treat-
ment. A horizontal 1D-shaker (Gerhardt) was used to equilibrate
the suspensions for 7 days (168 h), which has been shown to be
sufficient to reach equilibrium (Higgins and Luthy, 2006; Ahrens
et al, 2011). After 7 days, the samples were centrifuged for
20 min at 3000 rpm, and the pH was measured in the supernatant
using a GK2401C combined pH electrode (Radiometer Analytical).

The aqueous phase was analyzed for PFASs using high-
performance liquid chromatography coupled to tandem mass
spectrometry (HPLC-MS/MS) and the validated method is
described elsewhere (Ahrens et al., 2015) and in the Supporting
Information. The sorbed amount of each compound was calcu-
lated with the method of aqueous loss. Furthermore, all PFAS
sorption was attributed to the organic carbon content of the soil
(foc=45%) and sorption to mineral phases was thus assumed to be
negligible.

2.4. Quality assurance and control

The method detection limits (MDLs) ranged from 0.07 ngL~"
(PFHpA, PFDA) to 1.01 ngL~! (PFHxA) using a signal-to-noise ratio
of 3. To minimize contamination, no fluorinated material (e.g. tet-
rafluoroethylene) was used in the experiments. All PFASs in the
negative blank samples (n=2) were below the respective MDLs.
The recovery of the ISs (mean + standard deviation) was on average
89 + 12% and the relative errors between duplicates were generally
<20%. Positive control blanks were prepared in duplicate using
similar pH values, background ionic strength (10 mM NaNO3) and
dissolved organic carbon (DOC) levels (DOC from the same soil
sample as used throughout the study) as obtained in the main
sorption experiment. With the exception of the Cg—Cq; and Cy3
PFCAs, recoveries in the positive control blanks ranged from 79%
(PFBS) to 103% (PFHXA, PFOA), on average, where a recovery of 100%

corresponded to a reference spike in Milli-Q water (n = 2) (Table S4
in the Supporting Information). As for the Cg—Cy; PFCAs, average
positive blank recoveries were higher than 100%, i.e. 130% (PFNA)—
166% (PFDA), which is likely attributed to smaller losses to PP tube
walls in the DOC-containing blanks as compared to the reference
spikes prepared with only Milli-Q water. As for the most long-
chained PFAS (i.e. C;3 PFTeDA) however, blank recoveries were
low (on average, 15%), most likely due to analytical uncertainties.
Applying a three-compartment equilibrium mass-balance
(soil—-water—PP tube) on the basis of the positive DOC-containing
blanks indicated nevertheless that PP tube losses should not have
influenced the results for PFTeDA in the sorption experiment to any
significant extent, nor the results for any of the other compounds
(data not shown). Thus, losses to PP tubes were assumed to be
negligible in the sorption experiment.

2.5. Modeling of organic matter bulk net charge

Visual MINTEQ ver. 3.1 (Gustafsson, 2013), with the Stockholm
Humic Model (SHM) (Gustafsson, 2001), was used to model the
bulk net charge of SOM (Z~, mmol. L~!) in the sorption experiment.
Good performance of SHM for cation sorption has been demon-
strated in previous modeling studies for soil from the same area
(e.g. Gustafsson et al., 2014). A basic model assumption is that the
sum of humic and fulvic acid constitute the proton and metal
binding component of SOM, thus any contribution from the humin
fraction is not explicitly accounted for. Thus, the bulk net charge of
SOM is a function of the cation concentrations, solution pH, and the
fraction of active humic and fulvic acid (Tipping and Woof, 1991;
Lofgren et al.,, 2010). As an example, the net charge Z~ of humic and
fulvic acids in a system with Ca?" and AI** can be obtained from Eq.

(1)
[Z’} - [RO’] - [Rocf} - [(RO)ZAﬁ] )

where RO~ is a deprotonated functional group (mainly carboxylic
or phenolic), ROCa* represents a Ca’>* ion monodentately com-
plexed by one functional group and (RO),Al" represents bidentate
binding of an AI** ion by two functional groups. If additional cat-
ions are present, the surface net charge is still given as the sum of
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charge contributions from various species of SOM. Detailed infor-
mation on the assumed complex configurations in the Stockholm
Humic Model is discussed elsewhere (Gustafsson, 2001; Gustafsson
and Kleja, 2005). Since [RO7] is usually greater than the sum of
positive charge contributions, [Z~] will be a positive number as
seen from Eq. (1). This number is henceforth referred to as the net
(negative) charge.

The input to Visual MINTEQ was given as the geochemically
active concentrations (Table S1 in the Supporting Information)
(Gustafsson et al., 2014) along with measured pH, DOC and added
concentrations of cations and NO3, and simulated equilibrium
concentrations of solid-phase organic complexes were obtained as
output. Visual MINTEQ input and output data (Table S3 in the
Supporting Information) along with modeling assumptions are
described in the Supporting Information.

3. Results and discussion
3.1. Solid—liquid partitioning

Increasing binding strength with increasing perfluorocarbon
chain length was observed for both PFSAs (C4, Cs and Cg) and PFCAs
(C3—Cq0) (Figs. 1 and 2, Table 1) when accounting for the effect of pH
and net charge on sorption. For the PFSAs and PFCAs, the increase in
log Koc per additional CF, moiety were 0.83 and 0.60 log units,
respectively. Short-chained PFASs such as PFBA, PFPeA and PFBS
were weakly sorbed (less than 10% on average), whereas long-
chained PFASs (PFOS, FOSA, Co—Cy; and Cy3 PFCAs) were sorbed
strongly (on average, 99—100%). The increased sorption with
increased PFCA chain length is in agreement with previous results
of Ahrens et al. (2010) and Higgins and Luthy (2006), who found
suspended particulate matter and sediment partitioning co-
efficients to increase with 0.50—0.75 log units per CF, moiety. For
the PFSAs, however, previous studies found an increase of
0.40—0.60 log units per CF, moiety, which is lower as compared to
this study (Milinovic et al., 2015; Higgins and Luthy, 2006). The
increased sorption upon increasing chain length is attributed to an
increase in PFAS hydrophobicity with each CF, moiety. For the most
long-chained PFASs (i.e. PFDoDA and PFTeDA), however, no
increased sorption was observed upon increasing perfluorocarbon
chain length (Fig. 2), which is in agreement with what was
observed by Zhang et al. (2013). This observation might be
explained by possible strong binding of the most long-chained
PFCAs to DOC, which would decrease their observed Koc values.
Such an effect of DOC on sorption has for example been shown by
Enell et al. (2016) with regard to high-molecular polycyclic aro-
matic compounds (PACs). Alternatively, the more or less equal
average sorption among the C9—Cy; and C;3 PFCAs could be
attributed to steric hindrances originating from the increased ri-
gidity reported for PFCA perfluorocarbon chains longer than Cjg
(Ellis et al., 2004).

PFSAs of a given perfluorocarbon chain length were sorbed more
strongly than the corresponding PFCAs, with the exception of the
analogs PFPeA and PFBS (Fig. 2), meaning that the presence of a
sulfonate functional head group led to stronger sorption (by 0.72
log units, on average) than the presence of a carboxylic head group.
This is in agreement with what was found in earlier research
(Higgins and Luthy, 2006; Ahrens et al., 2009, 2010). Furthermore,
the presence of an uncharged sulfonamide head group appeared to
favor sorption, as FOSA was sorbed more strongly than its anionic
analogs PFNA and PFOS, by, on average, 1.91 and 0.53 log units,
respectively. This agrees with the order of sediment sorption
observed by Ahrens et al. (2010, 2011).

3.2. Impact of pH and cations on sorption

Sorption increased with decreasing pH (p <0.05) for 10 of 14
PFASs, i.e. for PFHXA, PFHpA, PFOA, PFNA, PFDA, PFUnDA, PFDoDA,
PFTeDA, FOSA and PFOS (Fig. 1). For these 10 PFASs, the mean
decrease in log Koc value per unit pH (Alog Koc/ApH) was
0.32+0.11 log units (Fig. S4a and Table S7 in the Supporting In-
formation), which again is similar to that of 0.37 log units found by
Higgins and Luthy (2006). Furthermore, the regressed log Koc—pH
slopes became somewhat steeper with increasing perfluorocarbon
chain length and were calculated to decrease 0.04 log units per unit
pH per CF, moiety (p <0.05) (Fig. S4a, Supporting Information).
Within the PFCA class, the Pearson 2 values for the log Koc—pH
relationship increased consistently with perfluorocarbon chain
length from Cs PFBA (1% = 0) to Cg PFNA (r° = 0.68). After a lower r°
value for Cg PFDA (r? = 0.44) the r© values for the C1o—Cy; and Cy3
PFCAs were again higher (1 = 0.76—0.83) (Fig. 4). As for the PFSAs,
however, sorption was poorly predicted by the pH value (Fig. 1,
Fig. S3 and Table S8 in the Supporting Information).

For PFASs with intermediate chain length (i.e. Cs—Cg PFCAs and
PFHxS) the log Koc increased with the addition of cations to the soil
in the following order: AP* (2mM)>Ca*" (5mM)>Ca®"
(3mM)=Na" (10 mM) (paired Student's t-test, Fig. 1, Table S9 in
the Supporting Information). Moreover, for the Cs—Cg PFCAs, the
effects on sorption due to different cation treatments were more
pronounced at higher pH as compared to lower pH values. These
effects are consistent with the observations of Higgins and Luthy
(2006) and Zhang et al. (2013) (effect of Ca®* > Na*), and Wang
et al. (2015) (At > Ca®* > Na'). Except for stronger sorption in
the AI** treatment, there was no clear effect of either the pH value
or added cations for two of the three shortest PFASs, i.e. PFBA (C3)
and PFBS (C4). By contrast, for the most long-chained PFASs (i.e.
Co—Cy7 and Cq3 PFCAs, PFOS and FOSA), there were few statistically
significant effects of the added cations on the observed sorption
(Table S9, Supporting Information). In other words, the strong ef-
fects of added cations that were seen for the PFASs of intermediate
length were not seen for the substances with the longest chain
lengths.

3.3. Impact of modeled SOM bulk net charge on sorption

The calculated SOM bulk net charge increased with increasing
pH (Fig. 3), with the largest relative increase for the Na™ (10 mM)
treatment and the smallest for the Ca®* (5 mM) treatment, while
the Ca*" (3mM) treatment showed intermediate behavior. The
AI** (2 mM) treatment yielded the lowest bulk net charge at pH <5
due to strong complexation with humic and fulvic acid.

For 11 of the 14 investigated PFASs (i.e. PFHXA, PFHpA, PFOA,
PFNA, PFDA, PFUnDA, PFDoDA, PFTeDA, FOSA, PFHxXS and PFOS)
sorption increased with decreased SOM net negative charge
(p <0.05) (Fig. 1), with a mean decrease of 1.41 + 0.40 log units for
log Koc per log unit molc g~! (Fig. S4b and Table S8 in the Sup-
porting Information). For the three most short-chained PFASs (i.e.
PFBA, PFPeA and PFBS), however, no significant relationship was
found (Fig. 1). For PFHxS, addition of AI** resulted in an increase of
sorption of >1 log unit as compared to the other cation treatments
(Fig. 1), which was larger than expected with respect to the simu-
lated net charge (Fig. 1). The reason for this is not known. For
example, it is not likely that sorption increased as a result of AI>*
bridging between the sulfonate head group and the sorbent, due to
the significant electron-withdrawing properties (low nucleophi-
licity) of organofluorine sulfonate groups (Lawrance, 1986).

The relationship between PFAS sorption and the SOM bulk net
charge can be compared to the relationship with the pH value
(Fig. 4, Fig. S3 in the Supporting Information). For short-chained



H. Campos Pereira et al. / Chemosphere 207 (2018) 183—191 187
20 1 PFBA (C,) ] PFPeA (C,)
o d ¢ =
w] ® e o e o o ] {- ou ’n LIRS ¥ I
A - A (] Ll
] ]
0.0 4 N .
] ]
-1.0 : : : ) : : : o : :
3.0 4 PFHxA (Cs) E PFHpA (Cq)
2.0 4 1 ® o0 <®
el 2 . ‘\‘-‘l\‘\:\.\.
10 » = L
=031 e 12 =0.53* 12=0.52* 12 = 0.64"*
0.0 r T T T T T " r T T
PFOA (C;) PFNA (Ce)
401 2o pam r2=0.81%** ']
3.0 4 E
*
¢ 'S . \‘.\&\‘\“ o
2.0 [ ] ® §
s . o6 P
1.0 ! : : r ,
= PFDA (C,) PFUNDA (C,0)
o 6.0 §
I A A 1
= 50 E -
8 * LI I
xo 40 @ é % - (23
o) =044 2=0.31* =081 12 =0.56""
O 30 . , . . .
6.0 PFDoDA (Cy) p PFTeDA (C3)
5.0 § * . § ]
°
N. n
40 4 ols ] ™
12 = 0.76"** 12 = 0.68**** r2=0.83"* r2 = 0.54**
3.0 : o : : T o : :
50 PFBS (C,) 1 PFHXS (Ce)
1 * L 4
L 2 2
* ] 3T
¢ * 9 TSR R Audot ke T
1.0 o o ‘l ° o 1.. - 1 ) )
Py Y 1 12 =0.30
-1.0 ! T T ! r :
PFOS (Cg) FOSA (Cg)
6.0
* ¥,
50 A 'Y A o
+ 5 ‘\%“ * % 85
4.0
2= 0.46** r2=0.30% 2= 0.86**** r2=0.66***
3.0 . T r : o : :
2 3 4 5 6 -4.4 -4.0 36 2 4 6 -4.4 -4.0 -3.6
pH log of SOM pH log of SOM
net charge [mol, g'] net charge [mol, g']
+ AP 2mM 4Ca?* 5mM eCa*3mM =Na* 10mM

Fig. 1. Effect of pH and simulated SOM bulk net charge on log Koc for the 14 target PFASs in the treatments with A** (2mM), Ca?* (5 mM), Ca** (3 mM) and Na* (10 mM) in the soil
sorption experiment. Each data point represents the average of duplicates. log Koc values of 0, 1, 2, 3, 4 and 5 correspond to sorbed fractions of 0.5, 4.5, 33.1, 83.6, 98.1 and 99.8%,
respectively. *p < 0.5, **p < 0.01, **p < 0.001, ****p < 0.0001.
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experiment. Each data point represents the average log Koc (n = 31). PFDoDA (Cy;) and
PFTeDA (C;3) were excluded from the PFCA regression fit.

PFASs (with the exception of PFPeA), and also for C;—Cg PFCAs and
PFHXS, the relationship with the SOM bulk net charge was stronger
and provides a better basis for a model able to predict the effects of
both pH and cations on PFAS sorption. For the sorption of the most
long-chained PFASs, however (i.e. Co—Cy; and Cy3 PFCAs, PFOS and
FOSA), the relationship with the SOM bulk net charge was weaker
than that with pH alone. This reflects the fact that the added
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Fig. 3. Calculated SOM bulk net charge as a function of pH and cation treatment in the
sorption experiment. Stated cation concentrations are additions of the respective ni-
trate (NO3) salts. Dashed lines connect the points and are included for clarity.
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Fig. 4. The Pearson r* value for SOM bulk net charge vs. log Koc and pH vs. log Koc as
influenced by the PFCA perfluorocarbon chain length (C4 PFPeA excluded). Closed
markers represent significant correlations (p < 0.05) and open markers non-significant
relationships (p > 0.05).

cations, even though they influenced the SOM bulk net charge as a
consequence of their binding, did not alter the PFAS sorption to any
large extent. Our hypothesis that the SOM bulk net charge would be
a better sorption predictor than pH was thus verified for C3 and
C5—Cg PFCAs and PFHxS, whereas the pH value alone was observed
to be the better sorption predictor for C9—Cq; and Cq3 PFCAs, PFOS
and FOSA (Fig. 4, Fig. S3 in the Supporting Information). As regards
the PFASs for which sorption was better predicted by the SOM bulk
net charge, the sorbed fractions ranged, on average, from 3% (PFBA)
to 83% (PFNA), whereas for those PFASs for which sorption was
better predicted by the pH value alone, sorption ranged, on average,
between 99% and 100%.

For the most long-chained PFASs, the observation that pH alone
was a better predictor of sorption than the SOM bulk net charge
suggests that these PFASs may have had a high affinity for a SOM
fraction that did not bind cations such as Ca>* and AI** to any larger
extent, although it possessed pH-dependent charge. A likely
candidate is the humin fraction, which is known to be the most
important SOM fraction for the sorption of other hydrophobic
organic compounds (Gunasekara and Xing, 2003) including PFOS
(Zhang et al., 2015). At low pH the degree of dissociation and the
number of weak acids of humin is quite small compared to that of
HA and FA (L6pez et al., 2012; Cooke et al., 2008; Chang et al., 2014).
This explains why a model for SOM bulk net charge, with param-
eters derived for only HA and FA, may be able to describe the acid-
base characteristics of organic soils, including the soil used here,
reasonably well as long as low pH is maintained (Gustafsson et al.,
2014; Gustafsson and Kleja, 2005; Cooke et al., 2008). It may be
hypothesized that the low net charge under low-pH conditions
makes the humin fraction a relatively poor sorbent for cations as
compared to HA and FA. Thus, the ability of humin to bind HOCs
would remain largely unaltered upon cation additions, in accor-
dance with what was observed for the most long-chained PFASs.
The high sorption capacity of humin towards HOCs is attributed to
its highly condensed aliphatic and aromatic domains (Gunasekara
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Fig. 5. Conceptual model for the observed PFAS SOM sorption, in which the PFASs (i.e. Co—Cyy and Cy3 PFCAs, PFOS and FOSA) with a strong SOM sorption (>99%) are preferentially
bound to the humin fraction, whereas the PFASs (i.e. C3 and Cs—Cs PFCAs and PFHxS) with a weaker SOM sorption are hypothesized to also bind to humic and fulvic acid.

and Xing, 2003; Chen et al., 2007), and thus it is suggested that
these domains also bind the longer-chained, relatively more hy-
drophobic, PFASs.

3.4. Conceptual model

The results shown in Figs. 1 and 4 suggest that the interaction
mechanisms between PFASs and SOM may be different depending
on PFAS chain length, as conceptually described in Fig. 5. For the
majority of the long-chain PFASs (i.e. Co—Cq; and Cq3 PFCAs, PFOS
and FOSA), the pH-dependent sorption in combination with the
small effect of cations other than HT, suggests that the mechanism
is similar to that of other hydrophobic organic compounds, i.e.
these PFASs interact preferentially with the most highly condensed
domains of the humin fraction, which carry a relatively low —
although pH-dependent — net charge and do not bind other cations
to any large extent. The extent of sorption of the most long-chained
PFASs is poorly predicted by the SOM bulk net charge, simply
because the latter does not provide a good representation of the net
charge of the highly condensed humin fraction. It can be hypoth-
esized that the most long-chained PFASs may penetrate (limited
penetration, as suggested by Higgins and Luthy (2007), or full ab-
sorption) into the bulk solid organic phase of the humin fraction.
For PFASs of shorter chain length (i.e. C3 and Cs—Cg PFCAs and
PFHxS), penetration into the condensed domains may be less effi-
cient due to the charge of the head group. This makes preferential
sorption to the humin fraction less likely, and instead these PFASs
may bind to HAs and FAs as well. This, however, makes sorption
increasingly dependent on the sorption of cations such as Ca%* and
AP*, as they interact more strongly with HA and FA, causing a
reduction in the SOM net charge, which in turn favors PFAS
sorption.

HOCs preferentially sorbed to SOM humin-like fractions may be
expected to exhibit sorption isotherms with a higher degree of
nonlinearity as compared to compounds bound to less condensed,
humic-type, carbon domains, and in addition their sorption may be
less reversible (with pronounced sorption—desorption hysteresis)
(Huang et al., 1997). Such sorption/desorption behavior has been
observed for PFOS in previous studies (Wei et al., 2017; Qian et al.,
2017; Milinovic et al., 2015) which may further support the sug-
gestion of preferential PFOS binding to the humin fraction (c.f.

Zhang et al., 2015). However, for PFOA, sorption isotherms are
linear and the sorption more reversible as compared to that of PFOS
(Miao et al., 2017; Milinovic et al., 2015). This may, in agreement
with the conceptual model presented here, suggest that PFOA does
not exhibit the same preferential affinity for humin and may also
bind to humic and fulvic acid.

4. Conclusions

In this study we investigated the effect of the solution pH and
SOM bulk net charge on PFAS sorption to an organic soil. The
sorption was inversely related to both pH and to SOM bulk net
charge, with SOM bulk net charge being more important for mainly
short-chained PFASs, while the pH value alone was more important
for the majority of the long-chained PFASs since cations had less
effect on sorption for the latter group. This suggests that many
long-chained PFASs are preferentially bound to the humin fraction
of SOM, whereas shorter PFASs may also bind to the humic and
fulvic acids. To further explore the role of humin for PFAS sorption
to SOM, more knowledge on humin surface chemistry is essential.
Of particular importance would be the development of a
geochemical surface complexation model with the ability to
simulate the acid-base and cation binding characteristics of humin.
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Figure S1 — Measured DOC concentrations in the sorption experiment

Figure S2 — Average sorbed fractions (%) of PFCAs and PFSAs as a function of cation treatment
(AR*, Na).

Figure S3 — Pearson r? values for SOM bulk net charge or pH vs. log Koc for Cs and Cg PFSAs and
FOSA.

Figure S4 — Alog Koc vs ApH and A(log SOM bulk net charge), as a function of perfluorocarbon chain
length

S2



S1. Experimental methods — additional description

After centrifuging the equilibrated PFAS-spiked soil samples and measurement of solution pH,
aliquots of 20 mL subsamples were filtered using 0.45 pm syringe filters (Acrodisc® 32 mm syringe
filters with Supor® membrane) and subsequently analyzed for dissolved organic carbon (DOC) using a
TOC-V CPH analyzer (Shimadzu). The remaining 20 mL supernatant was extracted using solid-phase
extraction (SPE) WAX cartridges (Oasis WAX 6cc Cartridge, 150 mg, 30 g, Waters) as described by
Ahrens et al. (2015). The separation and analysis of PFASs were performed with high performance
liquid chromatography coupled to tandem mass spectrometry (HPLC-MS/MS) (Agilent Technologies
1200 series and Agilent Technologies 6040 Triple Quad LC/MS) as described previously (Ahrens et

al., 2015). All integrations were checked manually.

S2. Modeling of organic matter surface net charge

For the modeling purposes, 25 % of the extracted SOM was assumed to be active (Gustafsson et al.,
2014). Further, it was assumed that 75% of the active SOM consisted of humic acid (HA) and 25% of
fulvic acid (FA) (Table S1). Also, we assumed that 100 % of the DOC was present as FA. From this,

the concentration of active FA in the solid phase was corrected for measured DOC in each sample.
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S3. Extracted geochemically active fractions

Table S1. Geochemically active concentrations of the mor sample Risbergshéjden Oe, as
determined by Gustafsson et al. (2014). Active cation concentrations do not include any
additions. Extraction was made with 0.1 mol L nitric acid using 1 g dw sample to 30 mL solution.

Parameter Concentration Unit

Active humic acid 0.0581 ggt

Active fulvic acid 0.0194 ggt

Ca** 19.86 umol gt
Mg? 4.08 umol gt
K* 3.60 pmol gt
Mn? 0.945 umol gt
Al 6.84 umol gt
Fe3* 1.05 pmol gt
Cr¥ 0.0006 umol gt
Cu? 0.0189 umol gt

sS4



S4. Batch recipes

Table S2. Recipes for the four cation treatments in the sorption experiment. 0.45 g dw soil was added to each sample.

The stated pH values are the values aimed for, i.e. not the measured pH.

[mL] 30mM - o) MM HNOs 20 mM NaOH 30 MM 20 MM H20
NaNOs Ca(NOs)2 Al(NOs)3 (Milli-Q)
Na, pH 3 13 40 0 0 0 23
Na, pH 4 13 0 2.0 0 0 25
Na, pH 5 13 0 6.0 0 0 21
Na, pH 6 13 0 12 0 0 15
Ca, pH 3 [3 mM] 53 40 0 40 0 27
Ca, pH 4 [3 mM] 53 0 40 40 0 27
Ca, pH 5 [3 mM] 53 0 10 40 0 21
Ca, pH 6 [3 mM] 53 0 15 40 0 16
Ca, pH 3 [5 mM] 53 40 0 6.7 0 2
Ca, pH 4 [5 mM] 53 0 40 6.7 0 2
Ca, pH 5[5 mM] 53 0 10 6.7 0 18
Ca, pH 6 [5 mM] 53 0 15 6.7 0 13
Al pH 3 53 0 0 0 40 31
Al pH 4 53 0 10 0 40 21
Al pH 5 53 0 14 0 40 17
Al pH 6 53 0 20 0 40 11
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S5. Modeling input

Table S3. Visual MINTEQ input and output for the modeling of SOM bulk net charge in the sorption experiment. The

input concentrations of Al**, Ca2* and Na* represent the sums of cation additions and geochemically active

concentrations as determined by Gustafsson et al. (2014).

INPUT OUTPUT

pH Mg  Fe Mn K poc ;ﬁi | HA Al Ca Na  NOs E‘healrggga“"e
Sample (mM)  (mM) (mM) (mM) (mgL') (gL?) (@Lh (mM) (mM) (mM) (mM) (mmolc L'%)
NapH 3 3.1 0.15 0.04 0.03 0.13 69.1 0.54 2.04 0.24 0.71 10 12 121
Na pH 4 4.2 0.15 0.04 0.03 0.13 35.8 0.61 2.04 0.24 0.71 11 10 2.54
NapH 5 4.9 0.15 0.04 0.03 0.13 50.2 0.58 2.04 0.24 0.71 12 10 3.57
Na pH 6 5.8 0.15 0.04 0.03 0.13 135 0.41 2.04 0.24 0.71 16 10 4.44
CapH3[5mM] 2.9 0.15 0.04 0.03 0.13 72.1 0.54 2.04 0.24 5.71 4 16 1.05
CapH4[5mM] 3.8 0.15 0.04 0.03 0.13 725 0.53 2.04 0.24 5.71 6 14 1.52
CapH5[5mM] 4.6 0.15 0.04 0.03 0.13 36.3 0.61 2.04 0.24 5.71 9 14 1.67
CapH6[5mM] 5.2 0.15 0.04 0.03 0.13 51.1 0.58 2.04 0.24 5.71 12 14 1.63
CapH3[3mM] 2.9 0.15 0.04 0.03 0.13 70.3 0.54 2.04 0.24 3.71 4 12 1.04
CapH4[3mM] 3.9 0.15 0.04 0.03 0.13 30.1 0.62 2.04 0.24 3.71 6 10 1.70
CapH5[3mM] 4.9 0.15 0.04 0.03 0.13 44.3 0.59 2.04 0.24 3.71 9 10 1.99
CapH6[3mM] 5.6 0.15 0.04 0.03 0.13 79.9 0.52 2.04 0.24 3.71 12 10 229
AlpH3 2.8 0.15 0.04 0.03 0.13 70.5 0.54 2.04 2.24 0.71 4 10 0.58
AlpH 4 4.0 0.15 0.04 0.03 0.13 52.7 0.57 2.04 2.24 0.71 9 10 0.84
AlpH5 4.8 0.15 0.04 0.03 0.13 69.1 0.54 2.04 2.24 0.71 11 10 1.52
AlpH 6 5.7 0.15 0.04 0.03 0.13 108 0.46 2.04 2.24 0.71 14 10 2.67

S6. Measured PFAS concentrations

Table S4. Aqueous concentrations in positive blanks with similar DOC concentrations (a-e) and pH as compared to the
sorption experiment. All blanks contained 10 mM NaNO; as background electrolyte.

pH  DOC PFBA  PFPeA  PFHXA  PFHpA PFOA  PFNA  PFDA  PFUIDA PFDoDA PFTeDA FOSA  PFBS  PFHXS  PFOS
mgL* ngL* ngL? ngL?* ngL?! ngL* ngL? ngL? ngL* ngL* ngL? ngL? ngL* ngL* ngL*
100%
(Mlli-Q water 522 636 761 897 1234 756 560 368 724 5677 1095 171 1066 787
reference spike
average (n = 2))
Positive blank
average (n = 2)
a 32 2 544 628 718 854 1228 864 761 490 768 99 019 761 111 848
b 40 3 534 616 760 901 1260 11 863 553 1021 682 965 863 1078 730
c 43 3 565 659 804 909 1283 944 837 418 500 282 507 837 1066 789
d 51 74 579 604 818 831 1264 1060 1061 749 1489 1249 1116 1061 1002 787
e 60 141 581 615 806 780 1319 1130 1119 775 1418 932 968 1119 1098 839
f (no DOC) 56 0 144 184 202 275 339 188 188 134 157 164 163 188 208 211
Average recovery (%) inblanks 1) % 103 95 103 130 166 162 144 15 82 79 102 101
with DOC
Recovery standard deviation 34 30 49 53 24 130 2.6 384 521 58 187 118 15 54

(% units) in DOC blanks
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Table S5. Measured dissolved concentrations of PFASs in the sorption experiment. Concentrations in strikethrough style
exceeded the initial spiking concentration and were set equal to the initial concentration during the evaluation of results.

Aqueous PFAS concentrations [ng L]

sample dupl. pH E“EE PFBA PFPeA PFHXA PFHpA  PFOA  PFNA  PFDA  PFUNDA PFDODA PFTeDA FOSA PFBS  PFHXS PFOS
MDL (S/N =3) 02 011 101 007 009 008 007 027 044 048 017 020 028 03
Blank, neg. A nd <MDL <MDL <MDL  <MDL <MDL  <MDL  <MDL  <MDL <MDL <MDL  <MDL <MDL <MDL <MDL
Blank, neg. B nd <MDL <MDL <MDL  <MDL <MDL  <MDL  <MDL  <MDL <MDL <MDL  <MDL <MDL <MDL <MDL
Reference spike a 83 765 925 873 856 896 886 771 780 443 8% 1020 73 670
Reference spike b 811 848 928 856 846 887 908 830 802 452 817 889 771 599
AlpH3 a 28 146 797 705 711 505 187 27 194 182 223 <MDL 020 951 142 292
AlpH4 a 40 106 795 731 742 575 254 35 518 113 125 092 040 721 12 182
AlpHS a 48 132 811 705 765 599 317 63 605 6.85 12,02 402 378 541 18 453
AlpH6 a 57 206 815 647 815 682 504 189 14.96 11.35 21.40 1331 680 699 166 6.50
AlpH3 b 28 137 830 7% 718 504 170 21 175 0.26 <MDL <MDL 017 954 43 315
AlpH4 b 40 105 830 750 763 597 282 44 7.75 037 135 058 036 678 23 250
AlpHS b 47 U5 80 729 T2 638 364 87 12.99 15.15 18.37 1029 606 656 53 1053
AlpH6 b 57 225 830 645 79 668 480 194 25.10 13.46 25.93 1463 747 &2 107 6.33
CapH3[smM]  a 29 137 842 740 774 578 204 55 6.68 1.00 206 072 071 1144 31 099
CapHa[smM*  a

CapH5[5mM]  a 45 77 879 762 858 699 501 107 060 149 512 335 046 1022 383 <MDL
CapH6[smMM]  a 52 107 852 714 848 704 508 114 1254 10.41 18,62 1103 516 872 365 5.79
CapH3[5mM] b 29 151 881 7718 800 579 281 43 125 030 <MDL <MDL 039 1148 343 194
CapH 4 [5mM] b 38 151 883 786 863 714 416 64 058 133 32 129 059 1091 348 113
CapH 5 [5mM] b 46 09 997 765 857 724 504 102 945 7.55 120 7.40 252 1085 381 523
CapH 6 [5 mM] b 52 97 88 734 865 713 519 112 624 591 154 1268 401 927 370 329
CapH3[3mM]  a 29 131 83 718 775 571 281 43 219 <MDL 05 <MDL 027 142 342 061
CapHa[3mM]  a 38 545 837 732 853 712 523 174 497 098 32 085 108 892 477 174
CapH5[3mM]  a 46 887 913 781 883 815 595 259 14.02 398 58 381 260 1295 53 381
CapH6[3mM]  a 52 154 91 738 901 781 685 319 2386 19.24 258 1287 820 91 550 1251
CapH3[3mM] b 29 15 87 717 773 548 284 6 454 045 15 1.96 077 892 345 214
CapH4[3mM] b 39 66 878 758 880 713 515 165 550 184 53 256 279 143 510 294
CapH 5 [3mM] b 49 89 97 75 886 766 621 242 10.63 551 115 7.83 176 933 504 678
CapH 6 [3mM] b 56 165 92 745 910 786 674 207 937 8.38 17.4 1239 399 92 517 519
NapH3 a 31 134 862 768 794 590 313 46 2133 2039 210 141 068 1120 331 15.45
NapH4 a 42 64 867 758 84l 708 543 195 59 312 73 159 175 961 505 561
NapH5 a 50 87 881 757 880 751 660 321 7.01 511 12 7.99 230 940 555 523
NapH 6 a 58 262 887 677 874 755 681 377 1227 973 218 1608 714 853 588 6.90
NapH3 b 31 142 %3 788 826 627 304 20 556 032 17 073 017 120 284 264
NapH4 b 42 80 93 852 919 769 582 221 627 241 72 257 132 1089 52 558
NapH5 b 49 114 889 755 88l 761 634 324 863 555 120 6.27 313 1008 555 557
NapH 6 b 58 277 905 683 876 749 500 304 367 831 187 1261 568 670 171 485

*Sample omitted from results
nd = not determined
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S7. Calculated sorbed amounts

Table S6. Calculated sorbed amounts (ng g dw soil) with the method of aqueous loss.

Calculated sorbed amounts [ng g* dw]

Sample dupl. soil(gdw) PFBA PFPeA PFHXA PFHpA PFOA PFNA PFDA PFUNRDA PFDoDA PFTeDA FOSA PFBS PFHxS PFOS
AlpH3 a 0.454 75 8.9 19.0 317 58.5 76.2 789 70.4 69.5 39.4 728 0.3 53.8 55.6
AlpH 4 a 0.453 .7 6.7 16.3 25.6 52.7 5.7 78.8 70.7 69.8 395 73.0 207 655 55.9
AlpH5 a 0.453 6.3 9.0 143 234 47.1 731 787 70.1 68.8 39.2 726 365 649 55.6
AlpH 6 a 0.454 5.9 14.0 9.8 16.1 30.6 61.8 7 69.5 67.8 383 722 225 517 55.3
AlpH3 b 0.454 46 45 183 318 60.0 76.7 78.9 70.6 69.7 39.4 72.8 0.1 62.6 55.6
AlpH 4 b 0.453 46 50 14.4 23.6 50.3 74.9 78.6 70.8 69.8 395 73.0 245 645 55.9
AlpHS b 0.454 55 6.8 13.6 20.0 429 70.9 77.9 69.2 68.1 38.6 723 264 617 55.0
AlpH6 b 0.454 4.6 143 115 17.4 32.6 61.4 76.8 69.3 67.4 381 722 249  56.9 55.3
CapH 3 [5 mM] a 0.454 35 5.9 135 252 49.1 737 785 70.5 69.6 39.4 728 0.0 36.3 55.8
CapH 4[5 mM]* a 0.454
CapH 5[5 mM] a 0.453 0.2 3.9 6.0 14.6 30.8 69.2 79.1 70.6 69.4 39.2 729 0.0 327 56.0
CapH 6 [5 mM] a 0.454 27 8.2 6.9 14.2 30.2 68.6 78.0 69.7 68.2 385 724 7.3 343 55.4
CapH 3 [5mM] b 0.454 0.1 26 11 25.2 50.2 74.8 79.0 70.6 69.8 395 72.9 0.0 36.2 55.8
CapH 4 [5mM] b 0.453 0.0 19 56 133 384 731 79.2 70.6 69.6 39.4 73.0 0.0 35.8 55.9
CapH 5[5 mM] b 0.453 0.0 37 6.1 124 30.7 69.7 78.4 70.1 68.8 38.9 72.8 0.0 329 55.6
CapH 6 [5 mM] b 0.453 0.0 6.4 5.4 13.4 29.3 68.8 786 70.2 68.5 38.4 726 25 338 55.7
CapH 3[3mM] a 0.452 2.6 7.8 134 26.0 50.4 75.1 79.2 70.8 70.0 39.6 731 0.0 36.3 56.1
CapH 4 [3mM] a 0.454 4.0 6.6 6.5 135 289 63.3 78.7 70.6 69.5 39.4 72.8 55 24.3 55.8
CapH 5 [3mM] a 0.453 0.0 23 3.8 4.4 22.6 55.9 779 70.3 69.3 39.2 7 0.0 19.1 55.7
CapH 6 [3 mM] a 0.454 0.0 6.0 23 7.4 14.6 50.5 71.0 68.9 67.5 383 721 3.0 17.9 54.8
CapH 3[3mM] b 0.454 14 7.9 135 271.9 49.9 74.4 78.6 705 69.6 393 727 55 36.0 55.7
CapH 4 [3mM] b 0.452 0.3 43 4.1 13.4 29.7 64.3 78.9 70.7 69.5 39.4 729 0.0 215 55.9
CapH5[3mM] b 0.452 0.0 27 36 87 203 57.4 78.4 70.4 69.0 38.9 73.0 19 221 55.5
CapH 6 [3mM] b 0.454 0.0 5.4 14 7.0 15.6 52.4 782 69.8 68.2 38.4 725 2.9 208 55.4
NapH 3 a 0.453 18 3.4 117 243 475 747 7.4 69.0 68.1 39.5 73.0 0.0 373 54.7
Na pH 4 a 0.453 13 43 75 138 27.2 61.6 78.8 705 69.3 39.4 72.9 0.0 21.9 55.6
NapH 5 a 0.453 0.1 4.4 4.1 10.1 16.9 50.4 787 70.3 69.0 389 729 13 175 55.6
NapH 6 a 0.454 0.0 114 46 9.6 15.0 45.4 78.0 69.8 67.9 38.1 723 9.0 14.6 55.3
NapH 3 b 0.453 0.0 17 8.8 21.0 483 71.0 78.8 70.7 69.8 395 73.0 0.0 415 55.8
Na pH 4 b 0.453 0.0 0.0 0.7 85 237 59.2 786 70.5 69.2 393 72.8 0.0 20.4 55.5
NapH 5 b 0.454 0.0 46 4.0 9.1 191 50.1 78.4 70.1 68.7 38.9 72.6 0.0 174 55.5
Na pH 6 b 0.453 0.0 109 4.4 10.2 23.0 518 759 70.0 68.2 38.4 724 252 514 55.6

*Omitted from results
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S8. log Koc values

Table S7. Log Koc [mL g dw] values obtained from sorption experiment. Concentrations below the respective MDLs, as
well as aqueous concentrations higher than initial spiking concentration, were omitted in the determination of
partitioning coefficients.

Log Koc [mL gt dw]

Sample dupl. pH PFBA PFPeA PFHxA PFHpA PFOA PFNA PFDA PFUnDA PFDoDA PFTeDA FOSA PFBS PFHxS PFOS
AlpH3 a 28 13 14 18 21 28 38 50 49 48 59 01 29 46
AlpH4 a 4.0 13 13 17 20 27 37 45 51 51 5.0 5.6 18 4.1 4.8
AlpH5 a 48 1.2 15 16 1.9 25 34 45 44 41 43 46 2.2 39 44
AlpH 6 a 57 12 17 14 17 21 29 4.1 4.1 38 38 4.4 19 28 4.3
AlpH3 b 28 11 11 18 21 29 39 5.0 5.8 6.0 0.7 35 4.6
AlpH4 b 40 11 12 16 19 26 36 44 56 51 52 57 19 38 47
AlpHS b 47 12 13 16 18 24 33 41 40 39 39 44 20 34 41
AlpHE b 57 11 17 15 18 22 28 38 41 38 38 43 19 31 43
CapH3[5mM] a 29 1.0 12 16 2.0 2.6 35 4.4 52 4.9 51 5.4 24 51
CapH4[smM* 2 40

CapH5[5mM] a 45 0.2 11 12 17 21 32 55 5.0 45 44 55 23

CapH 6 [5mM] a 52 0.8 14 13 17 21 31 4.1 4.2 39 39 45 13 23 4.3
CapH3[5mM] b 29 0.8 0.9 15 2.0 26 3.6 51 5.7 56 24 4.8
CapH 4 [5mM] b 38 07 12 16 23 34 55 51 a7 48 54 24 50
CapH5 [5mM] b 46 1.0 12 1.6 21 3.2 43 43 4.1 41 48 23 4.4
CapH 6 [5mM] b 5.2 13 11 1.6 21 31 44 44 4.0 3.8 4.6 0.8 23 46
CapH3[3mM] a 20 08 14 16 20 26 36 49 55 58 24 53
CapH 4 [3mM] a 39 1.0 13 12 16 21 29 45 5.2 4.7 5.0 5.2 11 21 49
CapH5[3mM] a 49 0.8 1.0 11 19 27 41 46 44 44 48 1.9 45
CapH 6 [3mM] a 56 13 0.7 13 17 25 39 39 38 38 43 0.9 19 4.0
CapH3[BmM] b 29 0.5 14 16 21 26 3.6 4.6 5.5 5.0 4.6 53 11 24 4.8
CapH 4 [3mM] b 39 01 11 10 16 21 29 45 49 45 45 48 20 46
CapH5 [3mM] b 48 09 09 14 19 27 42 45 a1 40 50 07 20 43
CapH 6 [3mM] b 5.6 1.2 0.5 13 17 26 43 43 39 3.8 4.6 0.8 2.0 44
NapH3 a 31 07 10 15 20 25 36 39 39 39 48 54 24 39
Na pH 4 a 42 0.5 11 13 16 2.0 28 45 4.7 43 47 5.0 20 43
NapH5 a 49 0.6 11 1.0 15 18 25 44 45 41 4.0 48 05 18 44
NapH 6 a 58 16 11 15 17 24 4.2 4.2 38 37 4.4 14 17 4.3
NapH 3 b 31 0.7 14 19 25 39 45 5.7 5.0 51 6.0 25 4.7
NapH 4 b 42 02 14 20 28 44 48 43 45 51 19 43
NapH5 b 49 11 1.0 14 1.8 25 43 4.4 4.1 41 4.7 1.8 43
NapH b 58 15 11 15 19 26 37 43 39 38 45 19 28 44
Average 43 0.7 12 13 17 22 31 4.4 4.7 4.3 43 5.0 12 25 45

*Omitted from results
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S9. Linear regression analysis — log Koc vs. pH / log of SOM bulk net charge

Table S8. Pearson r2 values, significance and regression slopes for the two sorption (log Koc) predictors pH and SOM bulk

net charge.
Sorption pH SOM bulk net charge,
predictor (simulated with SHM)
(n=31)
(n =16, i.e. averaged over duplicates)
Substance r? Significance Slope Intercept S Significance Slope Intercept
(log Koc vs (AKoc/ApH) (log Koc vs log net charge (AKoc/A(log
pH) (p<0.05) (mole gt)) (p<0.05) mole g1))

PFBA 0 - 0.055 0.48 0.23 NS— -1.26 —4.31
PFPeA 0.16 S+ 0.10 0.78 0.04 NS+ 0.24 2.10
PFHXA 0.26 S 0.18 2.05 0.53 S 1.05 =2.75
PFHpA 0.51 S 0.19 253 0.64 S 0.93 -1.88
PFOA 0.63 S— -0.27 3.41 0.81 S— -1.38 —3.05
PFNA 0.66 S— -0.36 4.70 0.85 S- -1.82 —3.85
PFDA 0.35 S— -0.25 5.53 0.31 S- -1.02 0.56
PFUNDA 0.57 S 0.44 6.62 0.56 S 1.66 -1.61
PFDoDa 0.64 S— —0.40 6.11 0.68 S— -1.81 —2.53
PFTeDA 0.79 S— -0.48 6.50 0.54 S- -1.77 -2.32
PFBS* 0.22 S+ 0.35 -0.47 0.08 NS+ 0.77 4.06
PFHxS 0.03 NS— -0.11 2.96 0.30 S- -1.49 -3.21
PFOS 0.35 S 0.18 5.30 0.30 S 0.70 1.84
FOSA 0.78 S 0.46 7.05 0.66 S 1.83 -1.98

S+/- = significant positive/negative correlation, NS = non-significant relationship

2High uncertainty in linear regression for both pH and SOM net charge due to n = 13 omitted measurements of aqueous concentrations (higher than initial

spiking).
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Figure S1. DOC concentrations in the sorption experiment as a function of pH and cation additions (stated
concentrations). Each data point represents the average of duplicates. Lines connect the points and are included for
clarity.
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Figure S2. Average sorption of PFCAs (a)) and PFSAs (b)) in the Al3* (2 mM) and Na* (10 mM) treatments for the pH range
2.8-5.8.
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Figure S3. The Pearson r? value for SOM bulk net charge or pH vs. log Koc as influenced by the perfluorocarbon chain
length and functional group of Cs and Cs PFSAs and FOSA. Closed markers represent significant correlations (p < 0.05) and
the open marker a non-significant relationship.
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ABSTRACT: An improved quantitative and qualitative under-
standing of the interaction of per- and polyfluoroalkyl substances
(PFASs) and short-range ordered Fe (hydr)oxides is crucial for
environmental risk assessment in environments low in natural
organic matter. Here, we present data on the pH-dependent
sorption behavior of 12 PFASs onto ferrihydrite. The nature of the
binding mechanisms was investigated by sulfur K-edge X-ray
absorption near-edge structure (XANES) spectroscopy and by
phosphate competition experiments. Sulfur K-edge XANES spec-
troscopy showed that the sulfur atom of the head group of the
sulfonated PFASs retained an oxidation state of +V after
adsorption. Furthermore, the XANES spectra did not indicate
any involvement of inner-sphere surface complexes in the sorption
process. Adsorption was inversely related to pH (p < 0.05) for all PFASs (i.e.,, C;—Cs and C,—C, perfluorocarboxylates, C,, C4, and
Cg perfluorosulfonates, perfluorooctane sulfonamide, and 6:2 and 8:2 fluorotelomer sulfonates). This was attributed to the pH-
dependent charge of the ferrihydrite surface, as reflected in the decrease of surface {-potential with increasing pH. The importance of
surface charge for PFAS adsorption was further corroborated by the observation that the adsorption of PFASs decreased upon
phosphate adsorption in a way that was consistent with the decrease in ferrihydrite {-potential. The results show that ferrihydrite can
be an important sorbent for PFASs with six or more perfluorinated carbons in acid environments (pH < S), particularly when
phosphate and other competitors are present in relatively low concentrations.

B INTRODUCTION

Accurate prediction of the binding of per- and polyfluoroalkyl
substances (PFASs) in soil is essential for environmental risk
assessment. However, information on PFAS binding to poorly
crystalline iron (hydr)oxides such as ferrihydrite is scarce up to

behavior to subsoil materials, especially as regards sorption to
poorly crystalline Fe (hydr)oxides like ferrihydrite.

Up to date, studies on PFAS binding to mineral surfaces
have mostly focused on the sorption properties of crystalline
minerals such as alumina (AL Q;), silica (8i0,),"* ™" hematite

date, despite that these phases are known to be important for
contaminant and trace element soil retention' > due to their
large surface area™ and high reactivity. The poorly crystalline
Fe (hydr)oxide ferrihydrite has a high abundance in many
young soils, particularly in cool or temperate climates with high
moisture and occurrence of Si and/or organic matter.” For
example, ferrihydrite is present in concentrations up to 2% in
the B horizon of Swedish Podzols.”” Because of its high
reactivity and high surface area, ranging from 250 to 1260 m?
¢!, ferrihydrite is an important adsorbent in many soils,
particularly for anions.® Subsoils are conceptually interesting
environments as they delay the transport of solutes between
the soil surface horizon and ground- and surface waters. As
PFASs such as perfluorooctane sulfonate (PFOS) and
perfluorooctane carboxylate (PFOA) are common ground-
water contaminants,'*~'? it is of importance for environmental
risk assessment to gain more knowledge on PFAS sorption

© 2020 American Chemical Society

7 ACS Publications

(@-Fe,03),'*"” boehmite (y-AIOOH),'®' and goethite (a-
FeOOH),'****! and of minerals that are typical of aquatic
sediments such as, for example, the silicates kaolinite and
montmorillonite.'®*>** Besides, many studies up to date have
been limited to include one single PFAS, i.e., PFOS. As regards
binding mechanisms responsible for adsorption onto mineral
surfaces, previous works have often emphasized the outer-
sphere or electrostatic contributions'****' over those of
hydrophobic interactions or specific (inner-sphere) complexes.
However, using attenuated total reflection infrared spectros-
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copy, specific binding of PFOA has been reported to take place
on hematite'” and on ferrihydrite®* under acidic conditions,
although the results of Zhang et al.>® suggest outer-sphere
complexes on oxidized zero-valent iron. For PFOS, inner-
sphere complexes on Fe oxides have not been reported. Instead
outer-sphere complexes and/or electrostatic attractions may
predominate.'”** The ferrihydrite surface is positively charged
at pH values below its point of zero charge (PZC), which is pH
~8.1 for pure ferrihydrite.‘"26 Hence, it may be expected that
the adsorption of anionic PFASs by ferrihydrite is stronger at
low pH. Furthermore, it may be hypothesized that PFAS
adsorption onto ferrihydrite decreases in the presence of other
adsorbed anions at the ferrihydrite surface, as specific binding
of such species lowers the positive surface charge. For example,
phosphate (PO,*") is a common oxyanion in the environment,
which forms strong surface complexes; hence, phosphate may
affect PFAS binding both by direct competition for sites and by
modifying the surface charge.”’

PFASs such as PFOS and perfluorooctane sulfonamide
(FOSA) contain a sulfur (S) atom as part of their head group.
The chemistry and speciation of sulfur-containing compounds
may be investigated using spectroscopic methods such as, e.g,,
X-ray absorption near-edge structure (XANES) and extended
X-ray absorption fine structure (EXAFS) spec'croscopy.zg*33
The absorption edge, corresponding to the excitation of an
inner-shell electron, exhibits several identifiable features that
change depending on the chemical environment of the sulfur
atom. For example, inner-sphere complexes involving Fe give
rise to a so-called pre-edge due to orbital hybridization, as, for
example, observed for the inner-sphere complexes of sulfate on
ferrihydrite.”>** Hence, in the present study, we employed S
K-edge XANES spectroscopy to investigate the bonding
characteristics of sulfonated PFASs onto ferrihydrite.

To our knowledge, this is the first study to investigate the
adsorption behavior of a range of different PFASs onto
ferrihydrite (Fh). The specific objectives were to (1)
investigate the pH-dependent Fh binding of PFASs in the
absence and presence of phosphate (PO,*”) as a competing
anion and (2) reveal the adsorption mechanism of selected
sulfonated PFASs onto Fh using S K-edge XANES spectros-
copy in combination with {-potential measurements and
results from batch experiments.

B MATERIALS AND METHODS

Target PFASs. Twelve PFASs (standards purchased from
Sigma-Aldrich) were analyzed, i.e, C;—Cs and C,—C,
perfluoroalkyl carboxylates (PFCAs), C, Cg and Cg
perfluoroalkyl sulfonates (PFSAs), perfluorooctane sulfona-
mide (FOSA), and 6:2 and 8:2 fluorotelomer sulfonates (6:2
and 8:2 FTSA). For quantification as well as for quality
assurance and control (QA/QC), eight mass-labeled internal
standards (ISs) (ie., '*C,-PFBA, C,-PFHxA, "“C,-PFOA,
13C,-PENA, *C,-PFDA, *0,-PFHxS, *C,-PFOS, 3C4-FOSA,
purities > 99%, Wellington Laboratories, Guelph, ON) were
also included. For details on the included PFASs and their
internal standards, see Table S1 in the Supporting Information.

Ferrihydrite and Al Hydroxide Preparation. 2-Line
ferrihydrite was synthesized using the method of Swedlund and
Webster’* and Schwertmann and Cornell*® with minor
modifications. In short, a solution containing 36 mmol
Fe(NO,); L™ was brought to pH 8.0 through dropwise
addition of freshly prepared sodium hydroxide (4 mol NaOH
L") under magnetic stirring. The resulting suspension was left

to settle and age for about 16 h at 20 °C in a tightly capped
high-density polyethylene (HDPE) bottle (500 mL, Nalgene).
Iron (hydr)oxide particles from such a suspension have
previously been studied by Fe K-edge EXAFS spectroscopy”*®
and were confirmed to be poorly crystalline 2-line ferrihydrite.
After synthesis, the Fh suspension was back-titrated to pH 4.6
with dropwise addition of 0.1 mol nitric acid (HNO,) L™
under magnetic stirring and stirred for some additional 30 min
before the start of the batch experiments to remove CO,. For
the preparation of Fh subjected to S K-edge XANES
spectroscopy, high-purity HNO; (purchased from Sigma-
Aldrich) was used to minimize trace element (in particular
S) contamination. The properties of the Fh synthesized in this
way (e.g‘, surface area, aggregation state, etc.) have been
described by Hiemstra.”*® For example, the surface area for the
Fh produced in our laboratory has been estimated at 650 or
611 m* g, depending on the assumption made on the molar
weight of ferrihydrite.z'6 Furthermore, for use in the
spectroscopic measurements, poorly crystalline aluminum
hydroxide (Alhox) was synthesized with the same method as
was used for the preparation of ferrihydrite, with the only
modifications being that Fe(NO;); was substituted for
AI(NO,);, and that the suspension was titrated to pH 7.0
before aging and back-titrated to pH 5.0 after aging.

X-ray Absorption Spectroscopy. For the S K-edge
XANES measurements, PFASs adsorbed to Fh and Alhox
were sampled in their wet paste state from sorption batch
experiments. The purpose of including Alhox in these
experiments was that a pre-edge peak, resulting from inner-
sphere complexation of $0,>", would be expected on Fh, but
not on Alhox.*** Hence, the existence of a pre-edge peak
resulting from orbital hybridization on Fh could more easily be
separated from other features in the S K-edge XANES
spectrum. Spectra for adsorbed sulfate (SO,*”) were also
collected for comparison, as were those of pure PFAS
standards and potassium sulfate (K,SO,) salt in their solid
states. The batch experiments were performed immediately
before the spectroscopic measurements. In brief, concen-
trations of 200 pmol L™ of selected sulfonated PFASs (i.e.,
PFHxS (counterion K), PEOS(K), FOSA, or sulfate (added as
K,S0,)) were equilibrated for 24 h with either Fh or Alhox (1
mmol L™ Fe or Al, respectively) before phase separation.
Supernatant residual sulfate and PFASs were quantified to
determine adsorbed concentrations (Table S13 in the
Supporting Information). Sulfate was determined with ion
chromatography according to ISO 10 304-1:2009 (accredited).
The S K-edge XANES spectra were collected in fluorescence
mode over the energy range of 2400—2550 eV at beamline
BL8 at the Synchrotron Light Research Institute (SLRI),
Nakhon Ratchasima, Thailand,” in May 2017. Details on
beamline equipment are given in Section SI.1 in the
Supportin§ Information, and instrument settings are provided
elsewhere.”' Samples were diluted with boron nitride (BN),
placed into Al frames, and sealed with X-ray film using sulfur-
free Kapton tape (Lanmar, Inc.). Energy calibration was done
using the sulfate white-line of FeSO, at 2482.5 eV.*' All
XANES spectra were corrected for energy shift and normalized
using the Athena software®® (version 0.9.26). Multiple scans
were merged and subsequently normalized to yield a K-edge
intensity step of unity. This was done by subtracting linear and
quadratic baseline functions over the pre-edge and normal-
ization (post-edge) range, respectively. Relative to the white-
line position, the employed pre-edge ranges were from —70 to

https://dx.doi.org/10.1021/acs.est.0c01646
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Figure 1. Stacked normalized S K-edge XANES spectra for sulfonated PFASs adsorbed to ferrihydrite (Fh) and poorly crystalline aluminum
hydroxide (Alhox). Dashed white-line positions are, from lower to higher energies, those of PFOS onto Fh and Alhox, of dissolved dilute sodium
methylsulfonate (NaCH,SO;), and of sulfate onto Fh and Alhox. Spectra for sodium sulfate (Na,SO,) (aq) and sodium methylsulfonate were
provided by Almkvist et al,’* and their intensities were set to unity at 2490 eV for the purpose of comparison.

—25 eV for PFASs and from —65 to —25 eV for sulfate,
whereas the normalization range was from +40 to +60 eV.

B BATCH EXPERIMENTS

pH-Dependent Binding in the Absence and Presence
of Phosphate. A ferrihydrite stock suspension was mixed
with Milli-Q water and NaNOj; solution in 50 mL reactors
(polypropylene centrifuge tubes) to obtain final concentrations
of 3.2 mmol Fe L™ as ferrihydrite and 10 mmol nitrate L™".
Various amounts of acid (HNO;) or base (NaOH, prepared
the same day) were then added to reach pH values between 4.0
and 7.6 after equilibration. Subsequently, 0 or 200 ymol L™
phosphate (as NaH,PO,) was added. For details, see Table S2
in the Supporting Information. Finally, triplicate sets of
centrifuge tubes were spiked with 20 uL of a stock mixture
of 12 PFASs dissolved in methanol (analytical grade, Merck)
so that the initial aqueous concentrations of individual PFASs

15724

ranged from 1.6 nmol L™ (PEDA) to 5.5 nmol L™ (PFBS)
(Table S3 in the Supporting Information). The additions were
sufficiently low to ensure that sorption occurred in the linear
range (cf. below). Duplicate negative controls were included
for quality assurance and control. Suspensions were end-over-
end shaken (45 rpm, 21 °C) for 24 h prior to centrifugation at
~2000g for about 30 min. The pH was measured in the
supernatant of subsamples using a Red Rod Ag/AgCl electrode
(Radiometer Analytical SAS). The ferrihydrite {-potential was
measured at 21 °C (Zetasizer Nano-ZS, Malvern) on
nonspiked suspensions (pH 3.9-9.5) having the same solution
chemistry and phosphate additions as samples in the sorption
experiment (Table S10 in the Supporting Information).
Aqueous phosphate and Fe (0.45 um filtration, Sartorius
Minisart hydrophilic regenerated cellulose, 25 mm) were
analyzed using inductively coupled plasma-optical emission
spectroscopy (ICP-OES) (Table S4 in the Supporting

https:/dx.doi.org/10.1021/acs.est.0c01646
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Information). Iron was quantified (LoQ = 40 ug L™') to
ensure efficient filter retention of ferrihydrite particles and to
check that no iron dissolution of significance occurred in the
investigated pH range.

Sorption Isotherms. Varying volumes of either PFOA,
PFOS, or FOSA dissolved in methanol (20 mmol L") were
added to Fh suspensions (10 mmol Fe L7') prior to
equilibration for 24 h using end-over-end shaking. Initial
additions of the individual PFASs were chosen so that aqueous
concentrations after equilibration spanned approximately 3
orders of magnitude (i.e., ca. 1—700 nmol PFOS L™}, 1-2000
nmol PFOA L7!, 0.3-1000 nmol FOSA L7'). After
centrifugation, pH was measured in supernatants of sample
aliquots, and was confirmed to be 4.5 + 0.1.

PFAS Analysis. For quantification of aqueous PFAS
concentrations, 5 ng of each of the mass-labeled ISs was
added to sample aliquots prior to gentle filtration (0.45 ym,
Sartorius Minisart hydrophilic regenerated cellulose®”*’). The
PFAS concentrations were measured by the means of IS
isotope dilution using direct injection in a Dionex UltiMate
3000 ultrahigh-performance liquid chromatography (UPLC)
system (Thermo Fisher Scientific, Massachusetts) coupled to a
triple-quadrupole tandem mass spectrometer (MS/MS) (TSQ
Quantiva, Thermo Fisher Scientific, Massachusetts). Sorption
to ferrihydrite was calculated as the difference between added
and dissolved PFASs, with the exception of that of substances
that showed recoveries below 90% in the positive controls, for
which losses to reactor walls were also taken into account (see
below).

Quality Assurance and Control. All experiments used
Milli-Q water, which was filtered through a cartridge
containing powdered activated carbon (PAC) (Milli-Q LC-
Pak, Merck) to minimize contamination. For the same
purpose, no fluorinated materials (e.g, tetrafluoroethylene,
Teflon) were used in the experiments. All PFASs in the
negative controls (n = 2) were below the limit of quantification
(LoQ), as defined as the lowest quantifiable calibration point
(ie., the lowest calibration point having a response factor
within +30% of the average response factor of the calibration
curve). The method recovery was calculated from the losses of
ISs due to sample preparation and matrix effects, as determined
by comparison with the calibration curve, and was, for
individual PFASs, on average 86 + 3%. The percent standard
deviation of individual aqueous PFAS concentrations was, on
average, 7% in the pH-dependent sorption experiment (n = 3),
and 5% as regards the sorption isotherms (n = 2). The fraction
of spiked co-solvent methanol in the isotherm and the pH-
dependent sorption experiments was <0.3% (v/v), and thus
the effect of methanol on PFAS partitioning could be
considered negligible.*'

Aqueous recoveries in positive controls without ferrihydrite
(n = 4, 10 mM NaNO;, pH 5.8, equilibration 24 h) were
typically higher than 90% of the total added amount of PFASs
(sum of amounts in the solution phase and in MeOH extract of
the empty control reactor). For substances that showed control
recoveries below 90%, i.e, PFNA (86%), PFDA (87%), and
FOSA (80%), the calculated pH-dependent sorption to
ferrihydrite was corrected for losses to the reactor walls
using a three-compartment equilibrium-based approach
(Section S1.3 and Figure S1 in the Supporting Information).
However, as reactor losses of organic chemicals (including
PFOA) generally decrease with increasing aqueous concen-
trations,””***> the sorption isotherm of FOSA was not

recalculated according to the above method, as we in this
experiment employed significantly higher concentrations
compared to those used in the pH-dependent sorption test
and in the positive controls (i.e, most nominal isotherm
additions were 50—2500 times larger).

B RESULTS AND DISCUSSION

X-ray Absorption Spectroscopy. As shown in Figure 1,
the sulfur K-edge white-line positions for adsorbed sulfonated
PFASs (e.g., that of PFOS; 2480.7 eV) were close to that of
dissolved dilute methylsulfonate (2481.1 V), in which the
sulfur atom has a formal and electronic oxidation state of +V.
All of these white-line positions were also similar to those of
the pure, solid PFAS standards (i.e., 2480.4—2480.9 eV; Table
S13 in the Supporting Information). As the electronic
oxidation state of S increases linearly with the white-line
position relative to that of elemental (0) sulfur,”***~* it can
be concluded that the sulfur atom in all measured PFASs (i.e.,
PFOS, FOSA, PFHxS) retained an oxidation state of +V after
the adsorption of these PFASs onto both ferrihydrite and
poorly crystalline Al hydroxide. In agreement with previous
studies, sulfate onto Fh showed a pre-edge (Figure S6 in the
Supporting Information), which reflects the involvement of
inner-sphere complexes.30’33’50’51 A similar pre-edge was not
observed for any of the three S-containing PFASs onto
ferrihydrite, as no clear feature could be identified on the low-
energy side of the main absorption peak, and as the spectra for
the S-containing PFASs onto the Al hydroxide were identical
in shape (Figures S7—S13 in the Supporting Information).
Therefore, these results rule out a significant role of inner-
sphere complexes for S-containing PFASs on ferrihydrite, in
agreement with previous infrared evidence for PFOS on Fe
oxides.'”*® Still, it is possible, or even likely, that the head
group can form an outer-sphere complex.'” However, such an
interaction is normally weak and would imply a strong role of
electrostatic interactions in the PFAS binding process.

pH-Dependent Adsorption onto Ferrihydrite. The
adsorption of all 12 investigated PFASs (i.e, PFBA, PFPeA,
PFHxA, PFOA, PENA, PEDA, PEBS, PFHxS, PEOS, FOSA,
6:2 FTSA, 8:2 FTSA) was inversely related to pH (p < 0.05)
(Figure 2 and Tables S4—S8 in the Supporting Information).
This was attributed to the pH-dependent charge of the
ferrihydrite surface, i.e., the lower the pH value, the larger the
positive surface net charge (Figure 3) and thus the larger the
attraction between the ferrihydrite surface and the negatively
charged PFAS anions. At pH values between 4 and 5, the {-
potential was >27 mV, which decreased to nearly zero at pH
7.7, in agreement with the PZC of pH ~ 8.1 reported for 2-line
ferrihydrite.”® At pH values <S, there was a stronger
adsorption of long-chained PFASs (ie, PFOA, PFNA,
PFDA, PFHxS, PFOS, FOSA, 6:2 FTSA, 8:2 FTSA) compared
to that of the short-chained PFASs (i.e, PFBA, PFPeA,
PFHxA, PFBS) (Figures 2 and S2—S4 and Table S7 in the
Supporting Information). For example, at pH 4, the sorption
percentage of the long-chained PFASs was between 60%
(PFOA) and 100% (PFDA), whereas it ranged from 31%
(PFPeA) to 43% (PFHxA) for the short-chained PFASs.
However, at pH values higher than S, the overall sorption was
low, and there was no evident difference in the degree of
adsorption between long-chained and short-chained PFASs
(Figures 2 and S2—S4 and Table S7 in the Supporting
Information). This indicates that to achieve > 50% sorption to
ferrihydrite, a strongly positively charged surface is required (¢-

https://dx.doi.org/10.1021/acs.est.0c01646
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Figure 3. Ferrihydrite {-potential as a function of pH and added
phosphate. The error bars represent the standard deviation within
each measurement.

potential > +20 to 25 mV, Figure 3), and in addition, the PFAS
molecule needs to be of sufficient chain length in terms of its
number of perfluorinated carbons (i.e,, Cg or longer).

At low pH, the binding of the long-chained PFASs was
significant despite the fact that the sulfonate and carboxylate
head groups are weakly charged and likely not able to compete
strongly with the electrolyte anions (0.01 M NO;”) in the
studied systems, if only electrostatic interactions of the head

group were involved. Hence, such a mechanism is not
sufficient to explain PFAS binding. Further, the observation
that long-chained PFASs are sorbed more strongly than short-
chained PFASs to ferrihydrite strongly suggests that the role of
specific interactions (i.e, as inner-sphere or outer-sphere
complexes), although they may exist, is rather small, despite
earlier research showing surface complex formation between
the head group of a PFAS (PFOS and PFOA) and Fe
Oxide.l7,24,zb

Instead, the stronger adsorption of the long-chained PFASs
is consistent with a substantial additional contribution of the
weakly negatively charged fluorine moieties to the overall
electrostatic interaction, as suggested by Johnson et al.*' and
Xiao et al.** Although the charge excess for dissolved PFOS
has been reported to be only around —0.1 to —0.2 per fluorine
atom,*** the electron density should be sufficient to induce
hydrogen bonding between the fluorine moieties and positively
charged —OH,"** or —O;H"*" groups of ferrihydrite, which
may act as proton donors. The probable significance of a
strong involvement of the tail in the sorption process is
underlined also by the strong sorption of FOSA at low pH, as
the head group of FOSA (i.e., SO,NH,) is not charged under
low-pH conditions (pK, = 6.24,* 6.52°°). The differences
between different PFASs may be explained by multiple F"HO
sorptive contacts for long-chained PFASs, which would
stabilize sorption. A related mechanism has earlier been
suggested for PAH sorption on goethite, based on DFT
calculations.*® For a short-chained PFAS such as PFBS, there
are fewer fluorine atoms available for binding, which makes
sorption rather inefficient also at low pH.

Effects of Phosphate and Surface Charge. In general,
the adsorption of PFASs onto ferrihydrite decreased with the
addition of phosphate (Figure 2). The decreased PFAS
binding can be related to the {-potential, which also decreased
with increasing pH at pH > § (Figure 3). With the exception of
PFBA, the decrease in adsorption of all investigated PFASs
upon the addition of phosphate anions was significantly (p <
0.05) related to the decrease in positive charge on the
ferrihydrite surface ({-potential) due to the presence of
adsorbed phosphate (Figures 4 and SS, linear regression
given in Table S9 in the Supporting Information). The strong
relationship with the {-potential for the sorption of individual
PFASs in both phosphate-containing and phosphate-free
systems provides further support to the idea forwarded in
the previous section, ie., that electrostatic interactions are
important for PFAS sorption. However, for two of the weakest
binding PFASs, i.e., PFBS and PFBA, the relationship with the
{-potential was less convincing (Figure 4), and in the case of
PFBA statistically nonsignificant (Table S9 in the Supporting
Information). Whether this is due to uncertainties in the
analytical measurements or reflects the presence of an
additional weak sorption mechanism (e.g., oleophobic) cannot
be determined from the current data.

Sorption Isotherms. As evident from Figure 5, the
sorption isotherms of PFOS and PFOA onto ferrihydrite
were both nonlinear (Tables S11 and S12 in the Supporting
Information), and for both isotherms, the Langmuir equation
provided a better fit compared to the Freundlich equation
(Table S12 in the Supporting Information). Hence, the
isotherms may be interpreted as being consistent with
adsorption in the form of a monolayer, as also suggested by
Tang et al.'* and Johnson et al.*' for nonlinear adsorption of
PFOS onto goethite. In this study, the Langmuir maximum
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ferrihydrite surface coverage Q,,,, was calculated to be 180 and
160 pmol mol™" Fe, equivalent to 1.6 and 1.4 yg m™> for PFOS
and PFOA, respectively, when a surface area of 650 m* g™* for
ferrihydrite is used. These values are low in comparison to the
calculated net positive charge of the ferrihydrite of ~10 mmol
mol ™ Fe, as calculated by the model of Tiberg et al.> for the
experimental conditions given in Figure S, but for PFOS, they
are reasonably close to the Langmuir maxima previously 1given
for goethite, i.e, 1.2 and 2.4 ug m~> by Johnson et al.”' and
Tang et al,™* respectively. The K, value (i, the solid—
solution distribution coefficient) for adsorption of PFOS onto
ferrihydrite at pH 4.5 is about 3300 L kg™ Fe at an aqueous
equilibrium concentration of 0.75 ymol PFOS L' This is
essentially the same value as that obtained for “nanosized

Fe,0;” (K, recalculated from the work of Lu et al.*”), despite
the higher pH (7.0) of the Fe,O; system. Still, the estimated
Qo Vvalues obtained in our work are surprisingly low
compared to what would be expected for inorganic ions.
This suggests that not all of the charged sites were readily
accessible to the PFASs, for steric reasons or because of the
aggregated and microporous structure of our ferrihydrite,
which may have prevented the PFASs from binding to a large
part of the charged ferrihydrite structure.

The sorption isotherm of FOSA onto ferrihydrite was
relatively linear up to an approximate aqueous equilibrium
concentration of 0.65 ymol L™ (Figure 5). In the isotherm
experiments, the overall order of sorption affinity to
ferrihydrite was PFOS > FOSA = PFOA. Thus, the presence
of a negatively charged head group (SO;~ in PFOS) was
generally observed to favor sorption compared to the presence
of an uncharged functional group (SO,NH, (FOSA)),
suggesting that for PFOS, both the charged head group and
the fluorine moieties were important for sorption. However, at
the highest aqueous concentration of the respective isotherm,
the adsorption of FOSA was significantly larger compared to
that of PFOS and PFOA. A possible explanation for the higher
adsorption of FOSA at high aqueous concentration may be
that the FOSA molecules self-aggregated, ie., formed hemi-
micelles,””*® at the ferrihydrite—solution interface. For
amphiphilic compounds, it has been estimated that hemi-
micelles may be formed at mineral surfaces when the aqueous
concentration exceeds between 0.1 and 1% of the critical
micelle concentration (CMC).*' While no values for the CMC
of FOSA were found in the literature, the CMC of PFOS has
been reported to lie in the range of 6.3—9 mmol |
However, given the stronger hydrophobic character of the
neutral FOSA molecule compared to that of the charged PFOS
anion, one may assume that FOSA would exhibit a somewhat
lower CMC in relation to PFOS. If so, this could make FOSA
hemimicelle formation on ferrihydrite possible at aqueous
concentrations of approximately 1 ymol L™, consistent with
the observed isothermal sorption of the substance.

Environmental Implications. The results presented here
indicate that at low pH, ferrihydrite and other poorly
crystalline Fe and Al (hydr)oxides could contribute signifi-
cantly to binding of PFASs in soils. For example, log K values
(/L kg™ Fe) for PFOS and PFOA at pH § were approximately
4.1 and 3.5, respectively, in the absence of phosphate. Hence,
partitioning onto pure ferrihydrite was 1.4 + 0.1 log units
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larger than the corresponding organic carbon—normalized
sorption (log Koc (/L kg™ C)) commonly found for midrange
soil and sediment concentrations, i.e,, ~2.8 and ~2.0 log units
for PFOS and PFOA, respectively.(’z_68

However, it needs to be acknowledged that the properties of
pure ferrihydrite systems will differ from those found in the
field. Perhaps most crucially, the net positive surface charge of
Fe and Al (hydr)oxides in soils and sediments is expected to be
lower than for the pure minerals, due to the presence of
adsorbed phosphate and organic matter. For example, the PZC
of naturally occurring ferrihydrite has been reported to be
between pH 5.3 to 7.5 with emphasis on the lower values,*””°
i.e, significantly lower than that of laboratory-derived
ferrihydrite. Consequently, under field conditions, the
contribution of Fe and Al (hydr)oxides to PFAS binding is
likely to be smaller than under laboratory conditions with
isolated, pure mineral phases. The surface charge of natural
ferrihydrite is critical not least because PFAS sorption is
predominantly electrostatic in nature, and that surface
complexes with the head group, if they are formed, are weak:
if stronger inner-sphere complexes had formed, the PFAS
binding would have been stronger and less sensitive to the
surface charge. Although some studies do indicate a role of Fe
and Al (hydr)oxides for PFAS sorption, for example, in tropical
soils,”’ additional research is needed to more accurately
determine the relative roles of organic matter and (hydr)oxide
surfaces.

In summary, the above findings allow us to conclude that Fe
oxides such as ferrihydrite could be important for PFAS
sorption in acidic environments (pH S or lower), especially if
the content of organic matter and phosphate (that decrease the
surface charge) is low, and if the PFAS in question is of
sufficient chain length, C4 or longer.
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S1. Additional information — Materials and methods

S1.1 Beamline equipment — sulfur K-edge XANES (X-ray absorption near-edge
structure) spectroscopy

The beamline (BL-8, Synchrotron Light Research Institute (SLRI), Nakhon Ratchasima, Thailand)
was equipped with an InSh(111) double crystal monochromator yielding a beam flux of 1.3x10°-
6x10% photons s (100 mA)™" in a 17.7x0.9 mm? beam*. To minimize X-ray absorption by air, the
sample chamber was filled with helium (He) gas. Data was collected using a solid-state, 13-element

Ge fluorescence detector.*

S1.2 Additional information — analysis of aqueous PFAS concentrations

The injected volume (10 puL) was separated on an Acquity UPLC BEH-C18 analytical column (1.7
um, 50 mm, Waters, UK) using an eluent gradient of 12 min. Mobile phase was milli-Q water (LC-
PAC quality) with 5 mmol L' ammonium acetate and 2% (v/v) acetonitrile. All integrations were
checked manually and concentrations were evaluated using a 9-point calibration curve (0.01-100 ng

mL?, all r? values >0.99).

S1.3 Calculation of ferrihydrite sorption — accounting for losses to reactors

For substances that showed recoveries below 90% in the positive controls, i.e. PFNA (86%), PFDA
(87%) and FOSA (80%), the calculated pH-dependent sorption to ferrihydrite was corrected for losses
to the reactor walls. A reactor—solution distribution coefficient Kreactor [ML] Was calculated from the
aqueous PFAS concentration of the positive control (Cw,controt) @and the amount of PFAS extracted from
the walls of the empty reactor (Mreactor,controt) (24h shaking with MeOH):

mreactor,control

Kreactor = C
W,control

Subsequently, the Kreactor cOefficient was used to calculate the amount of PFASs sorbed to the reactor

walls (Mreactor) in the pH-dependent sorption experiment:

Myreactor = Cw * Kreactor
where Cyw is the measured aqueous PFAS concentration.
The Kgq values for the sorption onto ferrihydrite were then corrected according to

K ferrinyarite = ((total sorbed—myeactor)/mass of Fe in system)/Cw
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where total sorbed denotes the total aqueous loss in the sorption experiment, i.e. the sum of the losses
to ferrihydrite and to the reactor walls.

In cases where this corrected mass balance yielded a negative value for the sorbed amount of PFASs
onto ferrihydrite, the sorption onto ferrihydrite was assigned the value zero if the mass balance
corresponded to a figure between <0% to —10% sorption. If the corrected value corresponded to < —
10% sorption onto ferrihydrite, the data point was excluded.

Positive control recoveries and calculated Kreacior Values are given in Fig. S1 in the Supporting
Information.
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S2. Sorption experiments

S2.1

Table S1. PFAS native and internal standards.

Substance Acronym Chemical formula Internal standard for
(dissociated) quantification

Perfluorobutanoate PFBA C3F7CO0O~ 13C4-PFBA
Perfluoropentanoate PFPeA C4FsCOO~ 13C2-PFHXA
Perfluorohexanoate PFHXA CsF11COO- 13C2-PFHXA
Perfluorooctanoate PFOA C7F1sCO0O- 13C4-PFOA
Perfluorononanoate PFNA CgF17CO0O- 13Cs-PFNA
Perfluorodecanoate PFDA CoF19CO0- 13C2-PFDA
Perfluorobutanoate PFBS C4FeSO3 180,-PFHXS
Perfluorohexane sulfonate PFHXS C6F13S03~ 1802-PFHXS
Perfluorooctane sulfonate PFOS CsF17S03~ 13C4-PFOS
Perfluorooctane sulfonamide ~ FOSA CsF17SO2NH2 13Cg-FOSA
6:2 fluorotelomer sulfonate 6:2 FTSA C6F13CH2CH2S0s  180,-PFHXS
8:2 fluorotelomer sulfonate 8:2FTSA CgF17CH2CH2S0s~  3C4-PFOS

aThe non-ionic species is expected to predominate in the larger part of the investigated pH range of 4 to 7.6 (pKa(n-FOSA)

=6.522).
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S2.2 pH-dependent sorption experiment in the absence and presence of
phosphate

S2.2.1 Recipe for sample preparation

Table S2. Recipe for pH-dependent sorption experiment in batch mode. Stated pH values were
targeted values.

Vol. (mL) of Vol. (mL) of Vol. (mL) of 36 Vol. (mL) of 20 Vol. (mL) of 0.1 Vol. (mL) Milli-  Total vol. (mL)
Samples: 2}:) Nrnol\:l 100 MM NaOH ~ mM Fe(NOs)s mM NaH,PO, M NaNO; Q water of suspension
3.2mM Feas Fh
FhpH 4 0.160 0 3.50 0 0.219 36.1 40.0
FhpH5 0 0.040 3.50 0 0.220 36.2 40.0
FhpH 6 0 0.110 3.50 0 0.220 36.2 40.0
FhpH7 0 0.140 3.50 0 0.220 36.1 40.0
FhpH 8 0 0.160 3,50 0 0.220 36.1 40.0
3.2mM FeasFh +
200 uM PO
Fh+ PO pH4 0.160 0 3.50 0.400 0.219 357 40.0
Fh+PO# pH5 0 0.020 3.50 0.400 0.220 359 40.0
Fh + PO pH6 0 0.040 3,50 0.400 0.220 358 40.0
Fh+PO® pH7 0 0.080 3,50 0.400 0.220 35.8 40.0
Fh + PO pH8 0 0.133 3.50 0.400 0.220 35.7 40.0
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S2.2.2 Measured aqueous concentrations

Table S3. Initial additions (positive blanks) of individual PFASs [nmol L] employed in the multi-
solute pH-dependent sorption experiment. A pH- and ionic strength-adjusted supernatant (filtered at
0.2 pm) from the synthesis of ferrihydrite was used as matrix.

6:2 8:2
PFBA PFPeA PFHXA PFOA PFNA PFDA PFBS PFHXS PFOS FOSA FTSA FTSA
nmol Lt 20 18 21 28 17 1.6 55 37 39 29 4.1 22
Table S4. Measured aqueous concentrations in the pH-dependent sorption experiment.
Measured aqueous concentrations (Ceq)
Unit ’L"? ngL' ngL* ng L? ngL* ngL? ng Lt ngL? ngL? ngL? ngL? ng Lt ng Lt
6:2 8:2
n pH Fe’ PO4 PFBA PFPeA PFHXA PFOA PFNA PFDA PFBS PFHxXS PFOS FOSA FTSA FTSA

LoQ 0.04 mg Lt 0.02 100 25 15 20 10 10 74 15 10 10 100 10
Negative
blank 2 460 <LoQ  <LoQ <LoQ <LoQ  <LoQ <LoQ <loQ <LoQ <LoQ <LoQ <LoQ <LoQ <LoQ
Positive
blank® 2 6.80 nd 433 480 649 1140 773 794 1657 1486 1968 1465 1747 1179
Fh4 3 401 0.02% nd. 288 331 371 459 107 6.50°¢ 969 722 142 217 428 17
Fh5 3 483 <LoQ nd. 309 367 441 728 274 115 1103 896 634 362 889 76
Fhé 3 5.85 nd nd. 309 392 446 929 524 562 1156 971 1105 756 1082 547
Fh7 1° 6.62 nd n.d. 322 393 505 968 698 627 1334 1130 1423 1014 1408 655
Fh8 3 736 nd nd. 393 427 506 974 668 770 1200 1143 1483 1163 1872¢ 844
ER&%?SA 3 413 <LoQ <LoQ 307 391 440 834 282 146 1198 1001 626 584 1201 78
Fh + 200

3 3 5.04 <LoQ <LoQ 331 429 489 931 516 420 1272 1052 1190 732 1382 646
UM PO#5
Fh +200

3. 3 5.82 <LoQ <LoQ 312 371 444 997 519 618 1219 1017 1320 860 1454 904
uM POS* 6
Fh +200
WM PO 7 3 6.91 <LoQ 0.099 328 456 564 1075 694 726 1349 1061 1509 1006 1333 959
Fh + 200 7 L 12 2 447 4 1 774 133 1125 1146 12 1482 72
WM PO 8 3 .60 <LoQ .25 329 545 90. 698 343 5 6 63 8: 9

“% of initial addition for ferrihydrite synthesis (3.2 mmol Fe L), if not stated otherwise.

apH- and ionic strength-adjusted supernatant (filtered at 0.2 um) from the synthesis of ferrihydrite was
used as matrix.

"Two samples were removed due to suspected carry-over from the calibration curve.

¢<LoQ

4The measured concentration was higher than the initial addition (i.e. concentration of positive blank).
Thus the value was removed from subsequent data treatment.

LoQ = Limit of Quantification

nd = not determined
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S2.2.3 Calculated adsorbed concentrations of PFASs

Table S5. Calculated adsorbed concentrations of PFASs in the pH-dependent sorption experiment.

6:2 8:2

3

Sample pH  POg4 PFBA PFPeA PFHXA PFOA PENA PFDA PFBS PFHxS PFOS FOSA FTSA FTSA
)

Unit ?eg 9 ngglFe ngg'Fe ngg'Fe ngg'Fe ngglFe ngg'Fe ngg'Fe ngg'Fe ngg'Fe nggiFe ngg'Fe ngg'Fe

Fh4 4.0 825 848 1581 3869 3768 4476° 3915 4343 10378 6783 7498 6604

Fh5 4.8 705 645 1185 2338 2582 4438 3153 3359 7582 5754 4878 6271

Fhé 59 705 502 1154 1197 922 833 2849 2930 4907 2949 3778 3595

Fh7 6.6 633 496 820 974 0 408 1839 2026 3094 1116 1934 2976

Fh8 7.4 227 304 812 940 0 d 2601 1953 2753 54 o 1902

Fh+

200 pM POS* 4 4.1 108.0 nr 508 1191 1735 2527 3555 2610 2760 7627 4176 3102 6258

Fh+

200 pM PO 5 5.0 108.0 583 291 909 1185 980 1765 2190 2467 4423 3119 2076 3030

Fh+

200 pM PO 6 5.8 107.9 687 624 1168 811 955 463 2492 2668 3685 2211 1666 1562

Fh+

200 uM PO 7 6.9 106.2 596 141 487 368 0 0 1750 2418 2609 171 2350 1250

Fh+

200 uM PO4* 8 7.6 86.1 594 193 595 * 0 d 1784 2052 * 0 1504 *

n.d. = not determined

22 samples were removed due to suspected carry-over from the calibration curve.

"The measured aqueous concentration > the initially spiked concentration. Value was removed from
subsequent data treatment.

CAqueous concentration <LoQ), strikethrough value excluded from subsequent data treatment.
dWhen sorption was corrected for losses to reactor walls, the sorbed amount was calculated to be
negative (< —10% sorption), why this data was removed from the subsequent data treatment.
*Qutlier excluded from data treatment. Large scattering among triplicates prevented any closer
evaluation of sorption.
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S2.2.4 Percent adsorbed

Table S6. Percent adsorbed PFASs in the pH-dependent sorption experiment.

6:2 8:2

3

sample pH PO4 PFBA PFPeA PFHXA PFOA PENA PFDA PFBS PFHxS PFOS FOSA FTSA FTSA
Unit % sorbed % sorbed 9% sorbed % sorbed % sorbed % sorbed % sorbed % sorbed % sorbed % sorbed % sorbed % sorbed % sorbed
Fh4 4.0 335 310 42.8 59.7 83.9 100 41.6 514 92.8 815 755 98.6
Fh5 4.8 287 236 321 36.1 58.8 98.3 335 39.8 67.8 69.1 49.1 93.6
Fh6 5.9 286 18.4 313 18.5 21.0 18.5 30.2 34.7 439 35.4 38.1 53.6
Fh7 6.6 257 18.1 222 15.0 0 9.0 19.5 240 21.7 13.4 19.4 44.4
Fh8 74 9.2 111 220 14.5 0 d 27.6 231 24.6 0.7 ° 28.0
Fh+

200 M POS> 4 4.1 100° 29.1 18.6 323 26.8 57.5 788 217 327 68.2 50.1 312 93.4
Fh+

200 (M PO* 5 5.0 100° 237 106 24.6 183 223 39.1 232 29.2 395 374 209 45.2
Fh+

200 pM POs* 6 5.8 100° 279 228 316 12.5 217 103 265 316 32.9 26.6 16.8 233
Fh+

200 M POs> 7 6.9 98.4 242 5.2 13.2 5.7 0 0 18.6 286 23.3 14.1 237 18.7
Fh+

200 M PO:> 8 7.6 934 241 7.1 16.1 * 0 d 18.9 243 * 0 15.1 *

42 samples were removed due to suspected carry-over from the calibration curve.

Agueous concentrations <LoQ (Table S4) are reported as 100% adsorption.

*Qutlier excluded from data treatment. Large scattering among triplicates prevented any closer

evaluation of sorption.
“The measured aqueous concentration > the initially spiked concentration. Value was removed from
subsequent data treatment.
YWhen sorption was corrected for losses to reactor walls, the sorbed amount was calculated to be
negative (< —10% sorption), why this data was removed from the subsequent data treatment.
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$2.2.5 log Kq values (/L kg™ Fe)

Table S7. log Kq values (/L kg™ Fe) for the pH-dependent sorption experiment.

sample PH  PFBA PFPeA PFHXA PFOA PFNA PFDA PFBS PFHxS PFOS FOSA 2o B2
Fha 40 346 341 363 393 454 584 361 378 486 449 424 550
Fhs 48 336 325 343 351 397 550 346 357 408 420 374 492
Fh6 59 33 311 341 311 325 317 339 343 365 359 354 382
Fh7 66 320 310 321 300 na 281 314 325 334 304 314 366
Fhs 74 276 285 320 298 na @ ° 334 323 327 167 ° 335

5
Fh+ 200 yM POS 41 337 311 343 332 395 439 334 344 409 385 341 490

Fh + 200 uM POs*
5

Fh + 200 uM POs>
6

5.0 3.25 2.83 3.27 3.10 3.28 3.62 3.24 3.37 3.57 3.62 3.18 3.67
5.8 3.34 3.23 3.42 291 3.27 2.87 3.31 3.42 3.45 341 3.06 3.24

N
sh”oo“MPOA 69 326 249 294 253 na  na 311 336 324 307 325 312

N
gh”OO”MPO‘ 76 326 263 304 * na. ° 312 326 * na 301 *

*Qutlier excluded from data treatment. Large scattering among triplicates prevented any closer
evaluation of sorption.

#The measured aqueous concentration > the initially spiked concentration. Value was removed from
subsequent data treatment.

®When sorption was corrected for losses to reactor walls, the sorbed amount was calculated to be
negative (< —10% sorption), why this data was removed from the subsequent data treatment.

n.a. not available
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n Mean recovery Kireactor = Stdev.
° + stdev. [%] [mL]
=
5 100 O-—B—0—8-—q PFBA 10020 nd.
o *
0 hd PFPeA 100£0 n.d.
= 90
2 o PFHXA 100£0 nd.
aQ o
< PFOA 99+0.44 nd.
= 80 A
X PFNA 86:+1.2 6.6+0.7
>
S 70 PFDA 8745.1 6.242.7
S
§ PFBS 1000 n.d.
1
g 60 PFHxS 100£0 nd.
[}
= PFOS 92+4.2 nd.
50
FOSA 80+3.5 10.242.6
2 3 4 5 6 7 8 9 10
Perfluorocarbon chain length 6:2FTSA 97£1.2 n.d.
8:2 FTSA 95+0.66 nd.
OPFCAs OPFSAs AFOSA *FTSAs

Figure S1. Recoveries [%] for positive controls (n = 4, 10 mM NaNOs, pH 5.8). Note that the vertical
axis is broken at 50% recovery. For substances that showed recoveries below 90% in the positive
controls (i.e. PFNA, PFDA, FOSA), solution—reactor distribution coefficients Kreactor Were calculated
from the aqueous PFAS concentration in the positive control and the amount of PFAS extracted
(MeOH, 24h of shaking) from the walls of the empty reactor. This coefficient was then used to
calculate the amounts of these three PFASs that were sorbed to the reactor walls in the pH-dependent
sorption experiment.

S11



6
pH 4.1 1

ES
) ]
z i
= 4 " 2
P

L]
g 2 = 2
8
g H B

pH 4.9 L]
g s
)
3
%4 N
<

A
g 2 . ! " s
3 a
s

2 3 4 5 6 7 8 9
PFCA perfluorocarbon chain length

10

3.2 mmol Fe L'" A3.2 mmol Fe L% + 200 pmol phosphate L

= pH 5.8

w5

Y

2

£,

b4

g [

93 a & : n g

2 3 4 5 6 7 8 9
PFCA perfluorocarbon chain length

10

m3.2 mmol Fe L' A3.2 mmol Fe L' + 200 pmol phosphate L1

T H 6.8
& s P
Yy
3
‘%4
4
g .
e .
.
.
3 5 .
5 a

log Kg[mL g Fe]

s PH7S5
B

B 2
3 - ; L]

PFCA perfluorocarbon chain length

3.2 mmol Fe L' A3.2 mmol Fe L™+ 200 pmol phosphate L

Figure S2. PFCA ferrihydrite-water partitioning coefficients log Kq [/L kg* Fe] in the absence and
presence of added phosphate. Y[NOz] = 10 mmol L. At pH 4.1, the measured aqueous concentration

2 3 4 5 6 7 8 9
PFCA perfluorocarbon chain length

10

3.2 mmol Fe L' A3.2 mmol Fe L™+ 200 ymol phosphate L

2 3 4 5 6 7 8 9
PFCA perfluorocarbon chain length

of Cq PFDA was below the limit of quantification (LoQ), and thus, the above shown Ky value
corresponds to an assumed aqueous concentration equal to that of the LoQ.

6

6

pH 4.1 pH 4.9
T o
£ s s
o L] o
) e
3 3
£ E
S 4 =4
o P
. :
2 []
g g
L a rs ;
3 3
2+ 2+
2 3 4 5 6 7 8 9 10 2 3 4 5 6 7 8 9 10
Perfluorocarbon chain length Perfluorocarbon chain length
WPFSAs at 3.2 mmol Fe L™ WPFSAs at3.2 mmol Fe L1
APFSAs at 3.2 mmol Fe L' + 200 ymol phosphate L APFSAs at 3.2 mmol Fe L1+ 200 umol phosphate L
@FOSA at 3.2 mmol Fe L't @FOSA at 3.2 mmol Fe L1
OFOSA at 3.2 mmol Fe L'! + 200 umol L OFOSA at 3.2 mmol Fe L + 200 pmol phosphate L
6
pH 5.8 pH 6.8
T o
€ s & s
Y o
2 o
E E
=4 > 4
I3 X
=
g . L3 g £

log K4 [mLg? Fe]

6
pH 7.5
5
4
3 1 %

B

10

m3.2 mmol Fe L"A3.2 mmol Fe L1 + 200 pmol phosphate L

Perfluorocarbon chain length

mPFSAs at 3.2 mmol Fe L1
APFSAs at 3.2 mmol Fe L + 200 umol phosphate L1
®FOSA at 3.2 mmol Fe L
OFOSA at 3.2 mmol Fe L1 + 200 umol phosphate L1

Figure S3. Ferrihydrite—water partitioning coefficients log Kq [/L kg Fe] for PFSAs and FOSA in the

Perfluorocarbon chain length

MPFSAs at 3.2 mmol Fe L

APFSAs at 3.2 mmol Fe L1 + 200 pmol phosphate L1
@FOSA at 3.2 mmol Fe L1

OFOSA at 3.2 mmol Fe L2 + 200 pmol phosphate L1

absence and presence of added phosphate. Y[NOs] = 10 mmol L.
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Figure S4. Ferrihydrite—water partitioning coefficients log Kq [/L kg Fe] for 6:2 and 8:2 FTSA in the
absence and presence of added phosphate. [NOs] = 10 mmol L.
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S2.2.6 Linear regression — effects of pH and zeta potential

Table S8. Linear regression for the relationship between pH and the partitioning coefficient
log Kq (L kg™* Fe) for the untreated batches Fh 4 through Fh 8 (c.f. Table S7).

Alog Kg Pearson r? Significant (S) or nonsignificant (NS)

unit pH? relationship (o= 0.05)
PFBA -0.17 0.65 S
PFPeA -0.15 0.93 S
PFHXA -0.13 0.91 S
PFOA -0.29 0.90 S
PFNA -0.68 0.99 S
PFDA -1.32 0.93 S
PFBS -0.10 0.65 S
PFHxS -0.32 0.84 S
PFOS -0.47 0.92 S
FOSA -0.78 0.91 S
6:2 FTSA -0.39 0.96 S
8:2 FTSA -0.68 0.96 S

Table S9. Linear regression for the relationship between the ferrihydrite zeta potential [mV]
and the partitioning coefficient log Kq [L kg™ Fe].

Alog K¢ mv1t Pearson r>  Significant (S) or nonsignificant (NS)

zeta potential relationship (o = 0.05)
PFBA 0.0045 0.13 NS (p = 0.30)
PFPeA 0.015 0.65 S
PFHXA 0.012 0.73 S
PFOA* 0.029 0.73 S
PFENA* 0.057 0.51 S
PFDA* 0.16 0.72 S
PFBS 0.0076 0.55 S
PFHxS 0.0073 0.17 S
PFOS* 0.034 0.56 S
FOSA 0.047 0.48 S
6:2 FTSA* 0.021 0.36 S
8:2 FTSA 0.060 0.65 S

*The value of the regressed linear slope [Alog K¢ mV! zeta potential] should be viewed as
indicative due to the pronounced nonlinearity of the relationship between log Kq and the zeta
potential, i.e. due to larger positive values of the slope Alog K¢ mV! upon larger zeta
potentials.
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S2.2.7 Zeta potential measurements

Table S10. The zeta potential of the ferrihydrite suspensions after 24 h of shaking. The measured
samples had the same solution chemistries as those of the pH-dependent sorption experiment, with the
exception of not having any PFASs added.

. Standard
pH Zeta potential deviation
(mV) mv)
3.2 mmol Fe Lt as 3.86 26.4 3.82
ferrihydrite 4.02 28.0 3.09
455 28.2 3.59
4.85 27.1 3.29
521 27.2 3.52
5.55 235 3.60
6.01 22.4 3.50
6.62 14.9 3.61
6.92 11.8 4.38
7.69 0.98 4.85
9.08 -4.89 4.98
9.79 -7.51 452
3.2 mmol Fe Lt as 3.96 29.0 2.82
ferrihydrite + 4.18 27.1 3.19
200 pmol PO, L? 4.44 23.3 3.09
458 24.7 3.38
5.19 215 2.95
6.19 4.46 2.94
6.98 -5.37 3.54
7.43 -18.5 3.17
8.13 -23.4 3.21
8.50 -25.9 3.69
9.18 -25.9 3.30
9.31 -26 3.21
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S2.2.8 Measured and modelled phosphate adsorption onto ferrihydrite in the pH-dependent
sorption experiment.

glOOtA————A-——-A— ----- -,
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A Phosphate adsorbed, measured

- - - - Phosphate adsorbed, modelled
Figure S5. Measured and equilibrium-modelled phosphate (200 umol L) adsorption onto ferrihydrite

(3.2 mmol Fe LY. For the modelling, geochemical software Visual MINTEQ? (ver. 3.1) was
employed, using phosphate—ferrihydrite surface complexation constants from Tiberg et al*.
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S2.3 Sorption isotherms

$2.3.1 Measured aqueous and adsorbed concentrations of PFASs

Table S11. PFOS, PFOA and FOSA sorption isotherms onto ferrihydrite (10 mmol Fe L, with the
exception of samples 1A-1C for which [Fe] was 3.2 mmol L?).

. Cadsorbed :
sample oH acéﬂe?uiazg;? Calculated sorbed Iog(Céqsorbed/Ceq)
(ng/L) concTtratlon (/L kg™ Fe)
(ng g* Fe)

PFOS

1A 4.93 0.697 7.22 4.02
1B 4.76 0.337 9.27 4.44
1C 481 0.868 6.25 3.86
2A 461 15.8 150 3.98
2B 4.42 18.2 146 3.90
3A 4.45 24.8 313 4.10
3B 4.44 19.8 322 4.21
4A 4.48 95.0 758 3.90
4B 4.44 111 729 3.82
5A 4.42 349 1230 3.55
5B 4.39 378 1180 3.49
PFOA

1A 4,01 0.431 4.02 3.97
1B 4.02 0.489 3.70 3.88
1C 4.02 0.457 3.88 3.93
2A 437 55.8 107 3.28
2B 4.35 61.3 97 3.20
3A 4.36 94.1 245 3.41
3B 4.35 104 227 3.34
4A 4.37 339 467 3.14
4B 4.35 362 427 3.07
5A 4.36 780 752 297
5B 4.33 815 689 2.93
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Table S11, Cs: Calculated sorbed

cont. bH Ceq: Measured concentration log(Cadsorbed/Ceq)
aqueous conc. (pg/L) _1

FOSA [ng g™ Fe]

1A 4.01 0.237 6.98 4.47
1B 4.02 0.199 7.19 4.56
1C 4.02 0.215 7.11 4,52
2A 4.46 30.1 58.9 3.29
2B 4.36 38.3 44.3 3.06
3A 4.47 70.2 168 3.38
3B 4.35 81.5 147 3.26
4A 4.44 172 278 321
4B 4.34 176 272 3.19
5A 4.45 316 607 3.28
5B 4.36 322 597 3.27
6A 4.54 566 1920 3.53
6B 4.36 556 1940 3.54

S2.3.2 Derived sorption isotherm parameters

Table S12. Summary of fitted sorption isotherm parameters for adsorption of PFOS, PFOA and FOSA
onto ferrihydrite. RMSE = root-mean-square error.

Sorption isotherm equation PFOS PFOA FOSA
- 1Inypn
Freundlich equation: Kr =190 pmol*" L" Ke - 66 umol*™ L nd.
) mol! Fe;
Cs=Kr - Ceq" mol Fe;
n=0.63 n=0.69
=0. - .
RMSE of fit = 11.4 ymol mol Fe  <MSE Of fit = 4.81 pmol mol ™ Fe
Langmuir equation: Qmax = 180 pmol mol Fe, Qmax = 160 pmol mol* Fe, nd.
Cs = Qmax - Kiangmuir = 0.24 pmol L Kangmuir = 1.20 pmol Lt
Ceqf (KLangmuir + Ceq) RMSE of fit = 5.52 pmol mol* Fe  RMSE of fit = 4.27 umol mol Fe
Linear model? n.d. nd. Ka =
Cs=Kd- Ceq 1800 L kgl Fe
Pearson r? of
fit =0.988

#The highest aqueous concentration of the FOSA sorption isotherm did not allow fitting to the linear
model. The shown Kg value is the regressed value when the highest aqueous concentration was excluded.
n.d. = not determined.
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S3. Sulfur K-edge XANES spectroscopy
S3.1. Sample properties and features of XANES spectra

Table S13. Properties and spectra characteristics of samples studied with S K-edge XANES
spectroscopy (BL-8, Synchrotron Light Research Institute (SLRI), Thailand, May 2017).

Sample pH Adsorbed PFAS White-line Pre-edge* Post-edge
or sulfate shoulder
[pumol per mmol [eV] [eV] [eV]
Fe or Al]
PFOS onto Fh 4.0 79 2480.67 2482.5
34 17 2480.68 24825
PFOS onto 5.1 nd? 2480.68 2482.5
Alhox
KPFOS solid 2480.72 2483.0
standard
FOSA onto Fh 5.2 185 2480.39 2482.8
35 147 2480.43 2483.0
FOSA onto 5.6 134 2480.44 2482.8
Alhox
FOSA solid 2480.43 2483.0
standard
PFHxS onto 5.2 nd® 2480.93
Alhox
KPFHXxS solid 2480.93 2482.7
standard
Sulfate onto Fh 4.2 75 2482.47 2478.46
35 nd°® 2482.44 Possible pre-edge
at 2478.4 eV
Sulfate onto 5.1 55 2482.44
Alhox
Sodium sulfate 2482.4
(Na2SO4) (aq)
30 mM
Potassium 2482.39

sulfate (K2SOa)
solid standard

Sodium methyl 2481.1
sulfonate (aq)
30 mM

*Determined as the local minima of the second derivative of the normalized spectra.

aNot determined. 200 uM of KPFOS was equilibrated with Alhox at a concentration of 1 mM Al.

PNot determined. 200 uM of KPFHxS was equilibrated with Alhox at a concentration of 1 mM Al.

°Not determined. 200 uM of sulfate (added as K2SO4) was equilibrated with Fh at a concentration of 1 mM Fe.
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S3.2 Derivatives of normalized spectra for sulfate, PFOS and FOSA onto
ferrinydrite

0.5 1

0.3 1

0.0
2474

2482
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-0.3 1

First derivative of normalized x(E)

-0.5 A

Figure S6. Sulfur K-edge XANES first derivative of the pre-edge (dashed domain) of sulfate adsorbed
to ferrihydrite (75 umol adsorbed mmol™ Fe). pH = 4.2,
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Figure S7. Sulfur K-edge XANES first derivative of PFOS adsorbed to ferrihydrite (79 pmol adsorbed
mmol? Fe). pH = 4.0.
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Figure S8. Sulfur K-edge XANES first derivative of FOSA adsorbed to ferrihydrite (185 pumol
adsorbed mmol? Fe). pH = 5.2.
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Figure S9. Sulfur K-edge XANES first derivative of PFOS adsorbed to poorly crystalline aluminum
hydroxide (Alhox). pH = 5.1. 200 uM of KPFOS was equilibrated with Alhox at a concentration of 1
mM Al.
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S3.3 S K-edge XANES spectra for individual PFASs and sulfate

S3.3.1 S K-edge XANES spectra for FOSA
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Intensity
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FOSA onto Fh, pH 3.5

FOSA onto Alhox,
pH5.6

FOSA solid standard

0.0
2474

2482 2486 2490
Energy (eV)

Figure S10. Stacked normalized sulfur K-edge XANES spectra for FOSA onto ferrihydrite (Fh) and
poorly crystalline aluminum hydroxide (Alhox).

S3.3.2 S K-edge XANES spectra for PFOS
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Figure S11. Stacked normalized sulfur K-edge XANES spectra for PFOS onto ferrihydrite (Fh) and
poorly crystalline aluminum hydroxide (Alhox).
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S3.3.3 S K-edge XANES spectra for PFHXS
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Figure S12. Stacked normalized sulfur K-edge XANES spectra for PFHxS onto poorly crystalline
aluminum hydroxide (Alhox).

S3.3.4 S K-edge XANES spectra for sulfate
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Figure S13. Stacked normalized sulfur K-edge XANES spectra for sulfate (added as KSO4) onto
ferrihydrite (Fh) and poorly crystalline aluminum hydroxide (Alhox). The reference spectrum of
dissolved sodium sulfate (30 mM Na,SO4) was provided by Almkvist et al.®
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