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HIGHLIGHTS

o Efficient immobilization of As at field-
relevant conditions.

e Uncoated ZVI particles outcompeted
sulfidated ZVI particles.

e Arsenite oxidation facilitated As sorp-
tion to ZVI corrosion products.

e Immobilization mechanisms in sediment
suspensions differ from As spiked
solutions.

e Role of ZVI coating, particle size, and
corrosion products investigated and
discussed.
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ABSTRACT

Arsenic (As) is carcinogenic and of major concern in groundwater. We collected sediment material from a
contaminated anoxic aquifer in Sweden and investigated the immobilization of As by four commercial zero-
valent iron (ZVI) particles. Solid-phase As and Fe speciation was assessed using X-ray absorption spectroscopy
(XAS) and solution-phase As speciation using chromatographic separation. Without ZVI addition, arsenite
dominated in solution and As(V) species in the solid phase. Adding ZVI caused a sharp increase in solution pH
(9.3-9.8), favoring As oxidation despite a lowered redox potential. ZVI greatly improved As retention by complex
binding of arsenate to the Fe(IIl) (hydr)oxides formed by ZVI corrosion. Uncoated ZVI, both in nano- and
microscale, performed better than their sulfidated counterparts, partly due to occlusion of As by the Fe(1II) (hydr)
oxides formed. The effect of particle size (micro vs. nano ZVI) on As immobilization was small, likely because
immobilization was related to the corrosion products formed, rather than the initial size of the particles. Our
results provide a strong geochemical background for the application of ZVI particles to remove As in
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contaminated aquifers under anoxic conditions and illustrate that immobilization mechanisms can differ be-
tween ZVI in As spiked solutions and sediment suspensions.

Environmental implication: Arsenic ranks first on the list by the US ATSDR of substances posing a threat to human
health and the WHO considers groundwater the riskiest source for human intake of As. However, dealing with As
contamination remains a scientific challenge. We studied the immobilization of groundwater As by commercially
available ZVI particles at field-realistic conditions. Arsenic immobilization was highly efficient in most cases, and
the results suggest this is a promising in situ strategy with long-term performance. Our results provide a strong
geochemical background for using ZVI to remove As in contaminated anoxic aquifers.

1. Introduction

Soil and groundwater contamination by arsenic (As) is widespread
and endangers drinking water reserves in many parts of the world [35].
The sources of this contamination are in many cases geogenic, but can
also be anthropogenic such as coal fly and bottom ash, mining, coal and
petroleum extraction [3,43]. Soil As contamination from these sources
occurs in various ways, e.g., atmospheric deposition, leaching or spill
accidents [3]. Industrial use of chromated copper arsenate (CCA) is one
of the major anthropogenic sources of As in soil and aquatic environ-
ments [29,31]. CCA has been utilized in the wood impregnation industry
since the 1930s and became increasingly popular in the late 1980s [40].
Although restrictions have been imposed on the use of As in wood
preservation since the early 2000s (e.g. European Commission Directive
2003/2/EC), the legacy of such sources still pose important threats to
the environment [16,29,51]. Soil or groundwater As concentrations at
CCA-impacted sites frequently exceed legal limit values, calling for ur-
gent remediation actions. In-situ technologies are often preferred,
especially if As has been spread to the saturated zone, where excavation
will be expensive and technically challenging to perform.

Zero-valent iron (ZVI) has been deemed a suitable agent to treat a
wide range of different contaminants, including As, because of its high
reactivity [57]. ZVI can be used in permeable reactive barriers as
granulated ZVI to prevent the spreading of contaminated groundwater
plumes or injected as a slurry into aquifers making it useful to treat
source zones in-situ [57]. ZVI can reduce redox-sensitive contaminants
such as chlorinated hydrocarbons or chromate, rendering them less toxic
and the reaction of ZVI with water produces different types of Fe oxides
that can adsorb or co-precipitate with contaminants [32].

The most relevant As redox states in groundwater are As(V) and As
(I11), where As(III) species are more toxic, more mobile, and usually
dominate in anoxic aquifers. Species of both redox states can react in
various ways with ZVI. As(V) can be (i) reduced to As(III) by ZVI or even
to the sparingly soluble As(0) and/or (ii) adsorbed to or coprecipitate
with different types of iron oxides formed from oxidized ZVI [37,58].
ZVT has also shown great promise for immobilizing As(III) species under
anoxic conditions in controlled laboratory experiments. In water sus-
pensions, ZVI can have dual redox functions on As(III), i.e. As(III) can
either be reduced to As(0) by the metallic core or oxidized to As(V) by
the Fe (hydr)oxide layer formed upon oxidation of the metallic core
[37]. The “reductive power” of ZVI seems to be related to both particle
size and surface properties of the particles. Several studies using
nano-sized ZVI (nZVI) materials have confirmed the ability of the Fe(0)
core to reduce As(III) to insoluble As(0) and/or an intermetallic phase
with the Fe(0) core [28,37,58,67]. According to Tucek et al. [58], the
reduction of As(III) to As(0) might be impeded by the iron (hydr)oxide
shell formed on particle surfaces in contact with water. Immobilization
of As(III) species by micro-sized ZVI (mZVI) seems to occur via sorption
of As(V) and As(III) species by the iron (hydr)oxide layer [53,23]. The
extent to which these immobilization reactions occur also depends on
various parameters such as pH, Eh and the presence of competing anions
such as phosphate [28,32]. While published literature provides multiple
examples involving treatment of aqueous solutions spiked with As(III) or
As(V), the potential of mZVI and nZVI materials to immobilize As(III) at
anoxic conditions has hitherto not been tested thoroughly with actual

soil or sediment materials or in the field.

Using partially sulfidated ZVI is a relatively new approach that has
shown a great potential to improve the efficiency of ZVI for soil reme-
diation during controlled laboratory experiments. The presence of an
FeS coating suppresses the reaction of Fe(0) with water and increases the
dechlorination potential of nZVI [10]. The presence of sulfide also ex-
tends the application of ZVI beyond contaminants that can be reduced
(e.g. Cr(VD)) to also remediate metals that have a low sulfide solubility
(e.g. Cd, Zn). For As, sulfidation of nZVI has recently been shown to
enhance removal capacity and rate compared to uncoated ZVI, which
was attributed to a thicker surface layer and formation of arsenite
inner-sphere complexes [66]. The presence of sulfide can also lead to (i)
the formation of aqueous monothioarsenate from arsenite and
zero-valent sulfur species or (ii) the formation of aqueous higher thio-
lated arsenates at higher free sulfide ratios [4]. The Formation of thio-
arsenates makes predicting removal capacity and rate more
complicated. While mono- and trithioarsenate sorb less than arsenite
and arsenate to goethite or mackinawite, only trithioarsenate also sorbs
weakly to pyrite, whereas monothioarsenate showed a 100% removal
with pyrite [8]. For ZVI, monothioarsenate removal rate was reported to
be only slightly less than that of arsenate and substantially higher than
that of arsenite [34].

In this work, we investigated the binding mechanisms and extent of
immobilization of As by four commercially available ZVI reagents at
anoxic conditions. Both sulfidated and non-sulfidated nZVI and mZVI
were investigated, due to their potentially different binding mechanism
(s) for As. Immobilization of As species by nano- and micro sized ZVI at
realistic conditions using actual soil or sediment materials has been
scarcely studied under anoxic conditions. Moreover, a thorough com-
parison of As treatment performance taking into account ZVI particle
size and surface coating, i.e. mZVI, S-mZVI, nZVI, and S-nZV], is lacking.
We therefore sampled sediment material from an anoxic aquifer his-
torically contaminated by a CCA spill where dissolved As occurs pre-
dominantly as arsenite. nZVI is hypothesized to be more mobile in
aquifers, when stabilized with organic polymer, and more reactive
because of its high specific surface area, compared to micro-sized ZVI
[57]. Conversely, mZVI is cheaper, but has a lower surface area and
reactivity as a reductant and/or lower production of iron (hydr)oxides,
which lends it a longer lifetime compared to nZVI [57]. Immobilization
of As by the different ZVI materials was investigated as a function of time
in batch experiments using contaminated sediments. To assess reaction
mechanisms, analytical speciation of dissolved As was made using
chromatographic separation, whereas solid-phase As and Fe were
characterized using a combination of X-ray absorption spectroscopy
(XAS) and extraction methods. A thorough mechanistic understanding
of immobilization mechanisms is crucial for a reliable assessment of the
ability of different ZVI formulations to immobilize As in the field and
how robust this immobilization will be in a long-term perspective.

2. Materials and methods
2.1. Study area and sampling

The contaminated aquifer is situated at 57°37°36"N, 15°20°’54"E in
Hjaltevad, Eksjo municipality, southern Sweden. It covers 5.3 ha and is
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168 m above mean sea level. The soil consists mainly of glaciofluvial
deposits that were gradually built up in layers of sand, gravel and silt. A
wood impregnation plant using water-based wood preservatives,
particularly CCA, was operated from 1949 to 1985. In 1968, leakage
from a steel tank containing 50 m® of CCA located 0.5-1.0 m below the
surface was detected. An estimated amount of 65-80 kg As, as arsenate,
leaked to the groundwater. A detailed site description is presented by
Cao et al. [7].

A contaminated sediment sample was collected using sonic drilling
in the source zone. A core sample was taken 16-18 m below the surface,
corresponding to 7-9 m below the groundwater surface. Anoxic condi-
tions during sampling were maintained by bubbling Ny gas through the
sample when transferring it from the Aqualock core sampler to a
Plexiglas tube. The Plexiglas tube was immediately sealed with rubber
stoppers and transferred to a freezer. The frozen core was later thawed in
a glovebox (Section 2.3), homogenized and transferred to Mylar® bags
in portions. The sealed Mylar® bags were stored in a freezer (—18 °C)
until usage in the experiments.

2.2. ZVI particles

Sulfidated mZVI (S-mZVI), commercially available as S-MicroZVI®
(Regenesis) is a viscous, dark grey, colloidal suspension containing 40 %
Fe(0) and 1-2 % Fe(Il) sulfide by weight (S/Fe mass ratio of
0.009-0.018) suspended in glycerol, consisting of spherical-shaped
particles with 2-3 pm diameter. mZVI, commercially available as
Ferox Target® (Hepure Technologies), is a black powder containing 95
% Fe(0), 1.5-2.0 % C, 1.0-1.5% Si, 0.1 % S and P, and a nominal particle
diameter of 44 pm. S-nZVI, commercially available as NANOFER 25DS®
(NANOIRON) is an aqueous suspension containing 14-18 % Fe(0), 2-6
% Fe(II) oxide by weight, with inorganic sulfur-based structures on the
surface leading to a S/Fe mass ratio of 0.01 (1 %). nZVI, commercially
available as NANOFER 25® (NANOIRON) is analogous to its sulfidated
counterpart, but has no sulfur-based structures on the surface. The
nominal particle diameter for both S-nZVI and nZVI is 50 nm, though
aggregation has been reported in both cases [41,5,6]. In addition,
S-nZVI material having a S/Fe mass ratio of 0.2 was produced as test
material by NANOIRON to investigate whether a higher S/Fe ratio could
contribute to additional As(III) immobilization.

2.3. Batch experiments

The batch experiments were conducted at anoxic conditions in a Ny-
saturated glovebox (Labconco, USA) equipped with catalytic Og
removal. Artificial groundwater (AGW) with ionic composition match-
ing the As-contaminated aquifer was prepared using degassed ultra-pure
water (ELGA, USA) spiked with 0.015 mM NHJ, 0.45 mM Ca®*, 0.1 mM
MgZ*, 0.01 mM Mn?*, 0.75 mM Na™, 0.05 mM K, 1.14 mM CI, 0.2 mM
S0%, 0.001 mM PO$, and 0.8 mM HCO3 using CaCly, NaHCO3, KHCOs,
MgCly, MnCly, NH4Cl, KHoPO4, and KpSO4 salts. To match the site
groundwater, the final pH of the AGW was adjusted to 6.0 using diluted
HCL

Eighteen grams of As-contaminated aquifer sediment (13 % water
content) were mixed with 90 mL of AGW in a 100-mL polypropylene
tube (liquid-to-solid ratio = 5.9). Viscous S-mZVI and powder mZVI
were dosed by mass, while aqueous S-nZVI and nZVI suspensions were
dosed by volume, and then added to the mixture of AGW and sediment.
Control microcosms were also prepared, without ZVI addition. The
target ZVI-to-sediment dose was 0.2 wt% for S-mZVI, S-nZVI and nZVI,
and 1 wt% for mZVI. A higher mZVI dose was seen as relevant since
mZVI will in practice be used at higher doses than the other three ZVI
materials, because the mass-based cost and specific surface area of mZVI
are lower. In addition, mZVI is expected to be less mobile than S-mZVI
and less reactive than nZVI. The amount of Fe added to soils via ZVI
products was confirmed by digesting the stocks using aqua regia (Section
2.5). The measured ZVI additions were 0.23 wt% for S-mZVI (0.39 g Fe/
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L), 0.33 wt% for S-nZVI (0.56 g Fe/L), 0.31 wt% for nZVI (0.53 g Fe/L),
and 1.1 wt% for mZVI (1.86 g Fe/L). Sixteen 100-mL soil-ZVI suspen-
sions were prepared for each ZVI product and the control. The tubes
were shaken simultaneously in end-over-end shakers and removed
individually for analysis after given times.

Firstly, the experiment was carried out without pH adjustment over a
maximum of 30 days (deemed sufficient for reaching steady-state con-
ditions in preliminary experiments), with individual tubes sampled
every 3-5 days. This period with no pH adjustment is hereafter denoted
phase A. Secondly, the pH was adjusted to 7 to simulate a long-term
situation where the system pH returns to values equivalent to before
ZVI addition (i.e. the pH of the control without ZVI addition), thus
allowing investigation of the individual effect of pH on As immobiliza-
tion by ZVI. Although pH buffers were used previously to study As
sorption/precipitation (e.g. [65,19,62]), they may introduce artifacts
[21] affecting ZVI reactivity with As. Hence, pH buffers were avoided in
this study. Instead, pH was adjusted using diluted HCI in six tubes per
ZVI material that had previously equilibrated for 33 days. These tubes
were put back into the shaker and finally sampled in duplicate at
additional shaking times of 7, 14, and 35 days, together with six control
tubes. This period with adjusted pH is hereafter denoted phase B.
Sampling times for each ZVI microcosm during phases A and B are
summarized in the Supporting Information (Table S1). Since S-mZVI
addition little affected solution pH (Section 3.1.3), this material was
investigated only in phase A.

After removal from the shaker, capped and sealed tubes were
removed from the glovebox and centrifuged for 15 min at 1450 relative
centrifugal force (g) (Allegra X15R). Following centrifugation, the tubes
were immediately transferred back to the glovebox for measurement of
pH and redox potential (Eh) of the unfiltered supernatants (Orion ROSS
Ultra and Sure Flow, Thermo Scientific, USA). The uncertainty of the Eh
measurements was + 60 mV according to the manufacturer. The
remaining supernatant was filtered through 0.45-pm PES syringe filters
(S-mZVI and mZVI) or 0.1-pm PES syringe filters (S-nZVI and nZVI).

A 15-mL portion of the filtered supernatant was preserved with 1 %
HNOs; for analysis of total As and Fe concentrations. Another 15-mL
portion of the filtered supernatant was passed through an As specia-
tion cartridge (MetalSoft Center) containing aluminosilicate sorbent
selectively retaining the negatively charged arsenate (and potentially
present thioarsenate anions) and letting the non-charged arsenite pass
the cartridge [24]. The cartridge filtrate was preserved with 1 % HNO3
for analysis of As concentration. The amount of As retained by the car-
tridge was estimated based on the difference between total As and the As
concentration passing the cartridge. A 1.8-mL portion of the filtered
supernatant was spiked with 0.18 mL of 10 mM HBED (hydroxybenzyl
ethylenediamine, an Fe chelating agent) in a 2-mL cryogenic vial and
immediately flash-frozen by immersion in a liquid nitrogen bath (—196
°C) for separation of arsenite, arsenate, and inorganic thioarsenates in
selected samples via ion chromatography (Section 2.4; [63]). The ion
chromatography method indicated that arsenite concentrations were in
good agreement with the As concentrations in solutions passing the
speciation cartridges (Table S2).

The remaining filtered supernatant was preserved at —20 °C for
analysis of P-POy, Cl, SO4, and TOC. All sample preparation was per-
formed in the glovebox. The solid fraction that settled during centrifu-
gation was flash-frozen in liquid nitrogen (—196 °C) and freeze-dried at
—47 °C for analyses of total and extractable As and Fe contents and for
synchrotron-based X-ray absorption spectroscopy (XAS) analysis.
Freeze-dried samples were stored and transported in sealed Mylar® bags
to minimize contact with oxygen prior to the analyses with XAS (Section
2.5).

2.4. Solution analyses

Samples for total concentrations of As and Fe as well as the eluted
samples from the As speciation cartridge were analyzed using sector
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field inductively coupled plasma mass spectrometry (ICP-SFMS) ac-
cording to SIS [48] and U.S. EPA [59]. From the HBED-stabilized,
flash-frozen samples, arsenite, arsenate, and inorganic thioarsenates
were determined using ion chromatography (IC, ICS-3000, Dionex,
USA) coupled to inductively coupled plasma-mass spectrometry
(ICP-MS, XSeries II, Thermo-Fisher, USA) as in Wang et al. [63]. Sulfate
(SO4) and chloride (Cl) in solution were analyzed using ion chroma-
tography (IC, 930 Compact IC Flex, Metrohm, Switzerland) according to
SIS [47]. TOC in solution was analyzed using a total organic carbon
analyzer (TOC-VCPH, Shimadzu, Japan) according to SIS [46]. PO4 in
solution was analyzed using a segmented flow analyzer (SFA, QuAAtro,
Seal Analytical, UK) according to SIS [49].

2.5. Solid-phase analyses

Solid-phase analyses were performed on centrifuged, flash-frozen,
freeze-dried sediment samples isolated from the solution at the end of
phase A (23 or 30 days equilibration). In addition, the contaminated
sediment used for the laboratory experiments was analyzed before
equilibration with AGW or ZVI addition, hereafter denoted the un-
treated contaminated sediment. Mineralogical and key chemical char-
acteristics of the untreated contaminated sediment are summarized in
Fig. S1 and Tables S3 and S4. Solid-phase As and Fe concentrations were
determined after 0.5 g dried sediment and aqua regia (1.25 mL of 65 %
HNO3 and 3.75 mL of 37 % HCI) were added to 80 mL PTFE vessels and
subjected to microwave-assisted digestion (Ethos Easy, Milestone, Italy)
[17]. Digests were filtered, diluted to 50 mL with ultrapure water and
analyzed using inductively coupled optical emission spectroscopy
(ICP-OES).

An estimate of As and Fe associated with amorphous iron (hydr)
oxide precipitates was obtained using oxalate extraction according to
van Reeuwijk [60]. 50 mL of 0.2 M oxalate solution (pH 3) was added to
0.50 g of freeze-dried sample. The suspensions were shaken for 4 h in the
dark on an end-over-end shaker and then centrifuged at 3725 g for 15
min. The supernatants were filtered through 0.2-pm PES syringe filters
(Sarstedt®, polyethersulfone membrane) and As and Fe were quantified
in the filtrate using ICP-MS.

In addition, treated and untreated sediment materials were extracted
with phosphate solution to estimate the concentration of accessible,
surface-bound As [64,66]. 0.5 g of freeze-dried sample was mixed with
50 mL of 0.5 M phosphate solution (pH 8) in a 50-mL centrifuge tube.
The suspension was shaken for 16 h on an end-over-end shaker and then
centrifuged at 3725 g for 15 min. The supernatant was filtered through a
0.2-pm PES syringe filter. The phosphate extracts were preserved until
analysis by acidifying to 4 % HNOs. As and Fe in the extracts were
analyzed using ICP-MS.

Solid-phase speciation of As and Fe in reacted sediment samples was
obtained using As and Fe K-edge XAS performed at the Balder beamline
at the MAX 1V laboratory, Lund, Sweden. The beamline was equipped
with a Si[111] double crystal monochromator. Finely ground samples
were spread and pressed on sample holders and analyzed at liquid He
temperature (15 K) to prevent sample damage by photoreduction and to
increase the signal-to-noise ratio. The signal was acquired in fluores-
cence mode using a seven-element Ge detector. When collecting As
fluorescence data, a Cu 3A-filter and an Al foil were used. For As, internal
energy calibration was performed using the L edge energy of Au foil set
at 11.919 keV. For Fe, Fe foil was used, with Eg set to the Fe K edge at
7.112 keV [56]. Sixteen scans were collected for each sample. Merging,
normalization, and first-shell fitting were performed according to stan-
dard methods [18] using the Demeter software suite [38].

For performing As K-edge extended X-ray absorption fine structure
analysis (EXAFS), the background was removed using the AUTOBAK
algorithm in Athena, with a k-weight of 3 and with the Rbkg parameter
set to 0.85. The scans were then imported to Artemis [38] for final
treatment of the EXAFS spectra, producing a model for the first-shell
contributions. Theoretical phase and amplitude functions for single
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and multiple scattering (MS) paths were calculated using the FEFF
software package [39], using the structure of scorodite [20]. Multiple
scattering within the AsO4 tetrahedron was accounted for by a
three-legged triangular As—O—O MS path (CN = 12), with its path
length (R) set to 1.8165 times the path length of the first-shell As—O
path, and its Debye-Waller factor assumed to be equal to that of the As-O
path. Fourier transforms (FT) were calculated using a Hanning window
between appropriate k-ranges, as mentioned in the Results section.
Using Artemis, the FT data were fitted between 0.85 and 3.5 A in
k-weights 1, 2, and 3 simultaneously.

For Fe K-edge EXAFS, the same procedures were used, except that the
Rbkg parameter was set to 1, the model was derived using the Fe-O
coordination in ferrihydrite [25], and the FT data were fitted between 1
and 2 A. In this case, MS contributions were not considered. Moreover,
each normalized sample spectrum was subjected to linear combination
fitting (LCF) analysis in the X-ray near edge structure (XANES) region
between 7.102 and 7.162 keV. The LCF-LinEst code was used, which
relies on the Microsoft Excel LinEst function for optimization [1,13]. In
the LCF, energy shifts were not permitted, the sum of weights (SOW) was
not forced to 1, and a maximum of four standards was allowed in the
output. Outputs resulting in SOW < 0.95 and > 1.05 were not accepted.
The best fit was chosen using the normalized residual sum-of-squares
(NRSS) as the goodness-of-fit parameter:

> [(data; — fit;)*]
NRSS = W @

Further, to determine the uncertainty of the obtained LCF weights,
uncertainty analysis (as described by [14]) was performed using
LCF-LinEst, with the Beta distribution o and p parameters set to 1.5, the
energy calibration error set to 0.2 eV, the maximum relative normali-
zation error set to 10%, and by using the Latin Hypercube method to
sample 100 spectra. The standards used in the analysis were Fe(0) foil,
Fe(II) complexed to fulvic acid (FeFA; [61]), biotite [55], ferrihydrite
and goethite [30]. While Fe(0) foil was assumed to represent unreacted
ZVI, FeFA represented organically complexed Fe(Ill), and biotite was
used as a proxy for Fe(Il)-containing silicate minerals such as tri-
octahedral mica [36].

2.6. Geochemical modeling

Thermodynamic data for equilibrium calculations made for soluble
As are given in Supporting Information (Table S5). In addition, a
quantitative estimate of the amount of As bound by a hypothetical fer-
rihydrite phase (HFO) under relevant experimental conditions was ob-
tained using the software Visual MINTEQ [12]. The model accounts for
pH and redox-dependent reactions of As in the aqueous phase as well as
in the adsorbed phase. The input data and procedure used in the
modelling is given in Supporting Information (Table S6). The model was
used to calculate the Eh values at which 50% of adsorbed As was arenite
and 50% arsenate at pH values 6.0, 7.0, 8.0 and 9.0 (Table S7). Calcu-
lations were made for two different HFO concentrations to assess
possible variation owing to HFO concentrations.

3. Results
3.1. Solution phase

3.1.1. Control: no ZVI addition

Fig. 1 shows the temporal dynamics of total As and Fe, arsenite and
Fe(II), pH and Eh in the solution phase of control sediment suspensions
with no added ZVI. Initially (¢t < 10 d), arsenite accounted for a low
proportion of total As in solution. After 10 d, the As speciation became
dominated by arsenite and total As increased substantially. The system
stabilized at a total As concentration of ca. 1200 pg/L after 30 d, with a
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Fig. 1. Temporal dynamics of solution-phase As, Fe, pH, and Eh within anoxic
control microcosms containing artificial groundwater (AGW) and As-
contaminated aquifer sediment. AGW had pH 6 and was As- and Fe-free
before mixing.

median solution-phase arsenite/As(total) ratio of 0.88 (t = 33-47 d).
There was a slight drift in pH during equilibration, from 6.5 to 7.3,
whereas Eh remained fairly constant, fluctuating around O mV. The
predominance of arsenite in solution was mirrored by the predominance
of Fe(II) in solution (Fig. 1, bottom), reflecting the similar redox prop-
erties of the As(V)/As(IIl) and Fe(IIl)/Fe(Il) redox couples. The condi-
tions obtained in the laboratory were consistent with field
measurements of groundwater chemistry made close (<20 m) to the
sampled sediment core, where the average total As concentration was
889 pg/L, arsenite dominated As speciation and the average pH and Eh
were 6.2 and —26 mV, respectively (Table S8). These conditions are also
in line with many other anoxic groundwaters around the world [52].

3.1.2. mZVI and nZVI treated sediment

mZVI and nZVI addition to the groundwater-sediment system
increased the solution pH to 9.4-9.8 and decreased the Eh to below
—200 mV at the end of phase A (Fig. 2). The pH rise indicates anaerobic
corrosion of the Fe(0) core according to Reaction 1 [44]:

Fe(0)s) + 2H0 = Fe*™ + Hy(g)+ 20H (Reactionn 1)

Due to the high pH, dissolved Fe?*/Fe>* released to solution was
rapidly hydrolyzed and precipitated as Fe (hydr)oxides (Section 3.2), in
agreement with the low concentration of dissolved Fe during phase A
(Fig. 2, bottom). Dissolved As was only 11 pg/L using mZVI (t = 30 d)
and 19 pg/L using nZVI (t = 23 d), which represents < 3 % of the dis-
solved As detected in the control where no ZVI was added (Fig. 1). The
residual solution-phase As during phase A (uncontrolled pH) was
dominated by arsenate with a median arsenite/As(total) ratio of 0.18
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(mZVI) and 0.09 (nZVI). In phase B (t > 33 d), the pH was adjusted to 7
to assess the behavior of previously immobilized As at circumneutral pH,
a long-term condition expected in the field when the rate of Fe(0)
corrosion slows down due to surface passivation. In both mZVI and nZVI
systems, dissolved As concentrations remained low, representing < 1 %
of the control in the mZVI system and 5 % of the control in the nZVI
system at the final measurement (t = 68 d). Despite the lower pH in
phase B, residual solution-phase As still contained a low arsenite con-
centration compared to the control experiment, with the median arse-
nite/As(total) ratio at 0.28 (mZVI) or 0.17 (nZVI).

The pH adjustment to 7 in the sediment-ZVI suspensions (phase B)
resulted in a substantial release of Fe, as high as 659 mg/L and 138 mg/
L in the mZVI and nZVI systems, respectively (Fig. 2, bottom). This
corresponded to ca. 1/3 of the total Fe added via ZVI in each case,
suggesting that part of the Fe (hydr)oxides formed from corrosion during
phase A (uncontrolled pH) might have undergone reductive dissolution
at pH 7 in phase B, as illustrated by dissolution of Fe(OH)3) below.

Fe(OH)3s) + 3H' + ¢ = Fe’t + 3H,0 (Reactionn 2)

3.1.3. S-mZVI and S-nZVI treated sediment

S-mZVI addition did not increase the solution pH in comparison to
the control groundwater-sediment system, remaining at ca. 7.3
throughout the 30 days experimental time (Fig. 3). The Eh, however,
slightly decreased to approximately —100 mV. According to the manu-
facturer, the commercial S-mZVI is dispersed in 40% glycerol and some
additives, which explains the higher DOC concentration (150 mg/L) in
the S-mZVI treated systems (Fig. S4). However, due to the very weak
acid properties of glycerol (pKa = 14.4; [42]), its presence could not
contribute to buffer the pH. Instead, the minor effect on pH by these
particles is probably explained by the FeS alteration, which slowed
down the corrosion rate, as indicated by XAS analysis (Section 3.2).

Dissolved total As decreased gradually from 111 pg/L initially to
29 pg/L after 30 d. The latter value corresponds to 4 % of the dissolved
As in the control system with no ZVI addition. The median solution-
phase arsenite/As(total) ratio during equilibration with S-mZVI was
only 0.11. Moreover, the concentration of monothioarsenate had a
maximum of 2.2 ug/L at t = 16 d. Indeed, most of the residual dissolved
As in the S-mZVI system was arsenate (Fig. 3, Table S2). Unlike the other
ZVI particles tested, the dissolved Fe concentration using S-mZVI was
high after 10 d of equilibration (>20 mg/L) and consisted mostly of Fe
(II) (Fig. 3). This is likely due to the relatively lower pH in the S-mZVI
treatment (ca. 7.3), causing higher Fe(II) formation and less formation of
Fe(IIl) (hydr)oxide corrosion products.

S-nZVI affected pH and Eh in a similar way as its uncoated coun-
terpart, i.e. pH increased to ~9.3 and Eh decreased to approximately
—200 mV (Fig. 3). This suggests that anaerobic corrosion of the Fe(0)
core took place according to Reaction 1. In contrast to treatment with
uncoated nZVI, soluble As concentrations remained relatively high
throughout the 23-days reaction time, i.e. >100 pg/L or about 15 % of
the soluble As present in the control with no ZVI addition. Arsenite made
up less than 5 % of the residual As concentration in solution, and the
monothioarsenate concentration was at 15 ug/L at the end of phase A
(Fig. 3, Table S2). Accordingly, residual As in solution was strongly
dominated by arsenate.

Following adjustment to pH 7 (phase B), the S-nZVI system behaved
similarly as the uncoated nZVI system with respect to Eh and dissolved
Fe (Fig. 3). Although Fe concentrations corresponding to about 1/3 of
the added S-nZVI were released to solution, solution-phase As decreased
after pH adjustment, reaching 47 ug/L at t = 68 d. Similar to phase A,
dissolved As in phase B contained low arsenite proportion, with median
arsenite/As(total) of 0.15.

To assess the effect of degree of sulfidation of nZVI particles on As
retention, S-nZVI material with a S/Fe mass ratio of 0.2 was also tested.
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These particles showed no detectable As retention capacity and even
promoted dissolution of sorbed As in comparison to the control system
with no ZVI added (Fig. S2). After 10 d equilibration, concentrations of
dissolved As higher than 2000 pg/L were observed, dominated by
arsenate (Table S2). Mobilization of As was probably due to the very
high pH (~10.5) caused by these particles, which promoted desorption
of arsenate bound to indigenous Fe/Al (hydr)oxides [50,7]. According to
the manufacturer, the high pH was likely due to excess of unreacted,
“free” sulfide caused by the high degree of sulfidation.

3.2. Solid phase speciation of Fe

The ratio between the ZVI dosed for injection (Section 2.3) and the
measured total Fe concentration after aqua regia digestion in all ZVI
treatments ranged between 0.81 and 1.03 (Table 1). In the untreated
contaminated sediment used for the experiments, the oxalate-
extractable Fe concentration was 0.69 g/kg of dry sediment, repre-
senting 9 % of the total Fe concentration, and also similar to the control
sample after 30 days equilibration with AGW (0.65 g/kg). Oxalate-
extractable concentrations of Fe increased considerably in samples
treated with ZVIs, representing 25-52 % of the total Fe in these systems.
This indicates that a significant part of the added ZVI was transformed to
amorphous Fe (hydr)oxides [33] during phase A (uncontrolled pH).
Moreover, the dissolution of ca. 1/3 of added ZVI (Figs. 2 and 3) for the
three ZVIs (mZVI, nZVI and S-nZVI) tested in phase B (pH 7) indicates a
high reactivity of the corrosion products formed, which is not expected
for e.g. mineral Fe (hydr)oxides.

The Fe K-edge XANES spectra for the control, ZVI-treated samples,
and selected reference compounds are shown in Fig. 4. The energy po-
sition of the white line (sharp rise in absorption) was intermediate to
those of biotite and ferrihydrite, implying that the samples contained
both Fe(Il) and Fe(IIl), resulting from the presence of Fe(II)-containing
silicate minerals and Fe(Ill) (hydr)oxides such as ferrihydrite and
goethite. The presence of trioctahedral micas like biotite in the un-
treated contaminated sample was confirmed with X-ray diffraction
analysis (Fig. S1). The spectra for sediment samples treated with mZVI
and S-mZVI showed considerable enhancement in the region around the
edge of Fe(0), suggesting a portion of unreacted Fe(0) remained. This is
in agreement with LCF results (Table 2, Fig. S3), which also indicated a
minor additional contribution of organically complexed Fe(III), partic-
ularly in the control sample.

Combining the LCF-based percent speciation for the sediment-ZVI
systems (Table 2) with the amount of Fe(0) added in each treatment
(Table 1), 4 % of the nZVI, 16 % of the S-nZVI, 36 % of the mZVI, and 91
% of the S-mZVI remained as Fe(0) at the end of phase A. For the S-mZVI
treated sample, this is somewhat inconsistent with the oxalate extraction
data that indicated a significant corrosion of the Fe(0) core. However,

Table 1
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EXAFS analysis (Fig. 4, Table S10) further supported the presence of a
considerable fraction of residual Fe(0) in this sample as well as in the
sediment sample treated with mZVI, which manifested itself at 5.1, 6.6
and 8 Al (vertical dashed lines in Fig. 4). Moreover, the EXAFS model
fittings of the first shell are consistent with a predominance of Fe-O
paths with path lengths ranging from 2.02 to 2.07 A (Table S9), inter-
mediate to the Fe-O distances expected for ferrihydrite (1.97-1.99 [o\;
[26]) and aqueous Fe?*t (~2.1 10\; [9]), again indicating that all the
samples contained Fe(II)-containing silicates and Fe(IIl) in poorly or-
dered (hydr)oxides.

3.3. Solid phase speciation of As

The concentration of oxalate-extractable As in the untreated
contaminated sediment used for the laboratory experiments (37.6 mg/
kg of dry sediment, Table 1) indicated that about 70 % of the total As
concentration (53.9 mg/kg) was associated with amorphous Fe (hydr)
oxides. In the control sample (sediment mixed with groundwater but no
ZVI addition), 10 % of total As (dissolved + aqua regia-digested As) was
dissolved (4.6 mg/kg), whereas only about 1 % or less of total As was
dissolved in the ZVI-treated samples (0.06-0.67 mg/kg) at the end of
phase A. In addition, phosphate-extractable As concentrations in the
mZVI and nZVI treatments were also lower than in the control treatment
(Table 1). Assuming that phosphate competes with adsorbed As [64,66],
this observation suggests that some As bound by mZVI and nZVI
corrosion products was occluded and thereby less available for exchange
with phosphate.

The As K-edge XANES spectra for the control and ZVI-treated sam-
ples at the end of phase A are shown in Fig. 5, together with selected As
reference compounds. Spectra of control and ZVI-treated samples are
very similar and show an absorption edge energy consistent with As(V)
surrounded by O atoms in the first coordination shell. This is in agree-
ment with EXAFS fitting of the first shell revealing As—O path distances
at around 1.70 A (Table S10), consistent with As(V) in an AsO, tetra-
hedron. Both the fitted EXAFS parameters and the general appearance of
the spectra were in close agreement with what would be expected for
adsorbed AsOj4 tetrahedra on common soil minerals such as ferrihydrite
and AI(OH)3() (Fig. 5). However, they are dissimilar to those expected
for a Fe-AsO4 phase such as scorodite [27], as this would lead to larger
spectral distortion due to stronger second-shell AsFe contributions.
Also, the involvement of any S in the first shell (such as in As(V) sulfide
or in monothioarsenate) would lead to substantially different spectra
and fitted EXAFS parameters [54].

Concentrations of (i) dissolved As, phosphate-extracted (PO4) As, oxalate-extracted (Ox) As, and aqua regia-digested (AR) As; and (ii) oxalate-extracted (Ox) Fe and
aqua regia-digested (AR) Fe in the dry sediment before the experiments (untreated sediment), in the control without ZVI (¢t = 30 d), and after treatment with ZVI at the
end of phase A (23 d for nZVI/S-nZVI and 30 d for mZVI/S-mZVI). For comparison, expected “added” concentrations of ZVI are given (Nominal). Data are average

values ( + SD) for triplicate (AR) or duplicate analyses (PO4 and Ox).

Treatment As Fe Fe added
Dissolved PO, Ox AR Ox AR ox" AR Nominal
mg/kg of dry sediment g/kg of dry sediment g/kg of dry sediment
Control 4.6 7.3103 27.8413 41.7411 0.69.10.01 7.3105 - - -
mzZVI 0.06 5.8.02 35.9,13 52.6433 9.6405 18.5,1, 8.9 11.2 11.0
nzZvI 0.11 5.640.0 37.0433 51.4.55 3.0402 9.8.0.4 2.3 2.5 3.1
S-mZVI 0.17 9.2.03 316194 483116 23,02 9.2.05 1.6 1.9 2.3
S-nZvI 0.67 8.4.00 34.8,15 48.0,00 29,01 10.7410 2.2 3.4 3.3
Untreated - ND 37.6401 53.9.52 0.65.0.02 8.7.150 - - -

@ Calculated as the difference between ZVI-treated samples and control. It represents the total amount of Fe(0) at the beginning (t = 0) of each ZVI treatment.
b Calculated as the difference between ZVI-treated samples and control. It represents the amount of Fe(0) that turned into reactive Fe species at the end of phase A in

each ZVI treatment.
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Fig. 4. (left) Normalized Fe K-edge XANES spectra for all samples at the end of phase A. For comparison, the XANES spectra of biotite, goethite, and Fe(0) foil are
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and Fe(0) foil are shown. The dashed vertical lines show the positions of features in the Fe(0) EXAFS data at 5.1, 6.6 and 8.0 Al

Table 2

Fe speciation (percentage weights) at the end of phase A as evidenced from
linear combination fitting with LCF-LinEst. The XANES spectra for the samples
overlapped by the LCF fits are shown in Fig. S3.

Treatment Fe(III) oxide” Biotite Fe(Il)-org” Fe(0) NRSS®

Control 37.3.55 512004  11.5.40 . 0.00044
mZVI 46.5.50 28.6118 3.3.31 21.5.07 0.00015
S-mZVI 30.6.50 41.8.15 48,34 22.8.08 0.00030
nZvI 48.1.5 407155  10.2.34 1.0206 0.00029
S-nZVvI 46.4.5, 431,00  5.6.33 49.0,  0.00032

@ Ferrihydrite or goethite;
b Fe(1II) complexed to fulvic acid;
¢ Normalized residual sum-of-squares, see text

4. Discussion
4.1. Untreated sediment

The sediment core used for the experiments was taken from an area
with confirmed anoxic groundwater (Eh ~0 mV) and high concentration
of soluble As (200-2200 pg/L) (Table S8). Smedley and Kinniburgh [50]
pointed out that many groundwaters around the world with high con-
centrations of As (> 1000 pg/L) frequently have fairly low concentra-
tion of solid-phase bound As (1-20 mg/kg) and proposed Eh < 50 mV as
an indicator for groundwaters at risk for high dissolved As concentra-
tions. Thus, geochemical conditions at the Hjaltevad site are typical for
aquifers sensitive to As contamination.

XAS measurements indicated that As was mainly bound as As(V) to
Fe/Al (hydr)oxides in the control with no ZVI addition (Section 3.3).
However, a fraction of this pool was labile and solid-phase As(V) was
reduced to mobile arsenite, resulting in high soluble concentrations of
As (Fig. 1). Indeed, thermodynamic -calculations revealed that

suspensions were close to the pH—Eh domain in which arsenite species
could prevail in solution while arsenate species could prevail in the solid
phase, considering the uncertainty in the Eh measurements (Fig. 6). For
a constant pH, As reduction is expected to occur first in the solution
phase followed by the solid phase as a response to lowering Eh, due to
the stronger binding of arsenate compared to arsenite at pH < ~9.
Measuring redox potential in weakly buffered solutions is notoriously
difficult [11,15], which is apparent from the scattering of Eh data in
Fig. 6. This was particularly true for solutions low in dissolved Fe(Il),
such as the control system and phase A solutions (no pH adjustment) in
the mZVI, nZVI and S-nZVI treatments.

4.2. Uncoated ZVI materials

The two uncoated ZVI materials (mZVI and nZVI) were efficient in
immobilizing As, resulting in solution As concentrations below 3 % of
that in the control system. Arsenic in the ZVI-treated samples was
dominated by As(V) species adsorbed to Fe and Al (hydr)oxides (Fig. 5).
Dissolved As, though very low, was also dominated by As(V) species
(Fig. 2). mZVI and nZVI addition thus appeared to promote the oxidation
of soluble arsenite to As(V) species, driven by the increase in pH and
largely in agreement with thermodynamic calculations (Fig. 6). Indeed,
arsenite can be oxidized and bound as arsenate by Fe (hydr)oxides also
under anoxic conditions [53,23]. Amstaetter et al. [2] reported rapid
oxidation of arsenite to arsenate in Fe(Il)-goethite systems under anoxic
conditions, where Fe promoted electron transfer by forming a reactive
Fe(IIl) intermediate phase with enhanced redox activity.

Most nZVI was transformed to Fe(IIl) (hydr)oxides during 23 days of
reaction (Fig. 4, Table 2), consistent with the rapid oxidation kinetics of
these nano-sized particles [58,67]. In contrast, about 1/3 of mZVI
remained as Fe(0) after 30 days (Table 2), likely owing to their larger
size and lower surface area that slow down oxidation. In both cases, the
neoformed Fe (hydr)oxides were highly reactive as ca. 1/3 of the
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amount of Fe added as ZVI dissolved when the pH was adjusted to 7. In
spite of that, As remained immobilized, which can be explained by the
concomitant increase in Eh favoring the formation of arsenate that
subsequently binds strongly to the remaining corrosion products
(Fig. 6).

Our data could not confirm previous findings that As(Ill) can be
reduced to either As(0) [28,58] or to an intermetallic phase (As(-I)) with
Fe(0) [67] by nZVI at anoxic conditions. However, Mondal et al. [28]
and Tucek et al. [58] used pyrophoric oxidic-shell-free nZVI particles
(OSF-nZVI), which appears to favor the formation of As(0). In our
experiment, we used freshly prepared suspensions of NANOFER 25
stored cool (+2-4 °C) for ca. one week, which naturally induces the
formation of a thin iron oxide shell of a few nanometers [22]. This might
explain the lack of As(0) formation in our experiment, although Yan

etal. [67] claimed that arsenite could diffuse across the oxide shell and
subsequently be reduced by the Fe(0) core. Noteworthy, the studies
cited above were conducted using aqueous suspensions of ZVI and added
arsenite salts. Sediment material can compete with dissolved As for re-
action with the ZVI materials and will also buffer the solution chemistry
(e.g. pH and Eh) more compared to simple solutions due to
solid-solution partitioning processes. In that respect, our study repre-
sents a more field realistic situation for an in situ treatment situation.
The potential long-term stability of immobilized As is a key issue for
field applications of ZVIL. In this respect, co-precipitation must be
considered more favorable than surface complexation. Due to the rela-
tively low concentration of As in our sample (53.9 mg/kg; Table 1), the
K-edge As EXAFS spectra was of fairly poor quality, making a mean-
ingful evaluation of second shell distances not possible (Fig. 5). Instead,



T.A. Formentini et al.

an indication of the “accessibility” of immobilized As was given by
phosphate extractions. Assuming the labile pool of As is represented by
the sum of dissolved As (during equilibration in phase A) and phosphate
extractable As (after isolating the solid phase from the solution), a 50 %
decrease in this pool was obtained using nZVI and mZVI (Table 1). This
is in agreement with results obtained by Su and Puls [53], who found
that the ability of phosphate to desorb As(III) and As(V) from ZVI
decreased as the reaction time in dilute NaCl solutions increased from 1
to 60 days.

4.3. Sulfidated ZVI materials

The S-nZVI and nZVI tested in the present study were obtained from
the same manufacturer, with S-nZVI prepared as a final coating to bare
nZVI, allowing for a direct evaluation of the effect of sulfidation. Despite
almost identical effects on pH and Eh, S-nZVI performed less well than
its non-sulfidated counterpart, resulting in a ca. 10 times higher residual
dissolved As concentration (Figs. 2 and 3). Even though some mono-
thioarsenate formed using S-nZVI (Fig. 3, Table S2), this species had
previously shown comparable removal rates than arsenate [34], which
cannot explain the higher As solubility using S-nZVI observed here.
XANES analysis showed that a major fraction of the Fe core of the S-nZVI
particles was oxidized to Fe (hydr)oxides, similarly to the non-sulfidated
nZVI (Table 2). However, SO?{ concentrations in solution did not in-
crease compared to control systems (Fig. S4) and dissolved sulfide was
close to the detection limit (0.01 mg/L; Table S2), indicating that the
Fe-S surface layer remained mostly insoluble during the experimental
period. This suggests that the FeS coating remained on the surface of the
oxidized Fe core in a way that impaired As immobilization.

Our data do not support previous studies made with anoxic aqueous
suspensions of sulfidated and uncoated ZVI materials, showing a supe-
rior immobilization capacity for sulfidated ZVI. Wu et al. [66] found an
optimal As removal capacity at S/Fe molar ratio of 0.2, whereas Singh
et al. [45] and Zhao et al. [68] observed an optimal removal capacity at
S/Fe molar ratio of 0.1. The increased efficiency was assigned to addi-
tional removal mechanism(s) involving As-S precipitation [45,66,68].
One possible explanation for the discrepancy between the results ob-
tained in these studies and here is that previous investigations used
simple aqueous suspensions consisting only of ZVI particles and added
arsenite salts whereas here complex groundwater conditions were
simulated by using a field As-contaminated sediment. In spite of the
anoxic conditions verified during the experimental period, addition of
S-nZVI particles to our sediment suspensions favored arsenate in the
solution phase (Fig. 3, Table S2), impairing formation of any As(III)-S
precipitates. This explains the low rate of thiolation, since arsenite is
required as precursor for thiolation [4].

A comparison between micro-sized mZVI and S-mZVTI also indicated
that sulfidation hindered immobilization of As (Figs. 2 and 3). However,
the results are not directly comparable since the dose of mZVI was five
times higher than that of S-mZVI. On the other hand, the dose of S-mZVI
and S-nZVI particles was the same, showing a better performance for the
S-mZVI material compared to S-nZVI. This is opposite to what could be
expected based on the surface areas of the two materials, but can be
explained by the lower pH obtained in the S-mZVI system compared to
the S-nZVI system, favoring the immobilization of As(V) by the Fe(IIl)
corrosion products formed. The fact that only a minor fraction of the Fe
(0) core was oxidized in the S-mZVI system (Table 2, Fig. 4) could be
favorable in a long-term perspective in field applications.

For all four studied ZVIs, the sorption mechanism seems to be the
same, i.e. oxidation of solution arsenite to arsenate followed by sorption
of arsenate to the Fe(III) (hydr)oxide corrosion product(s) formed. This
process is partly driven by the increase in pH caused by oxidation of the
ZVI core (Reaction 1), which favors the stability of arsenate relative to
that of arsenite (Fig. 6). However, the slow Fe(0) oxidation in the S-
mZVI system suggests that ZVI particles themselves also contributed to
the oxidation of arsenite. Despite the similar pH in the control and S-
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mZVI systems (ca. 7.5), with redox potential even somewhat lower in
the S-mZVI system, soluble As was strongly dominated by arsenate in S-
mZVI treated sediments (Fig. 3, Table S2), whereas arsenite dominated
in the control system (Fig. 1). The exact mechanism is unclear, but the
simultaneous existence of an Fe(Il) (hydr)oxide phase and dissolved Fe
(II) could possibly facilitate the oxidation of arsenite to arsenate, as
indicated by the results of Amstaetter et al. [2].

5. Conclusions

All experiments were performed using sediment material sampled
from a historically As-contaminated aquifer, with focus on investigating
the potential ability of different ZVI materials to immobilize As in situ,
thus preventing further spread of As from the source zone. Batch ex-
periments performed without ZVI addition showed that arsenite domi-
nated in solution, in accordance with prior field measurements of As
speciation in the groundwater at the site. The chemical conditions
observed both in laboratory experiments and in field measurements
were typical for aquifers sensitive to As contamination, i.e. pH ~7 and
Eh < 50 mV, suggesting a broad relevance of the results obtained in the
present study for field situations.

Uncoated ZVI materials, both in nano- and microscale, performed
better than their sulfidated counterparts, highlighting the important role
of corrosion products (Fe(Il) (hydr)oxides) in binding As. Solution and
solid-phase speciation of As suggested that arsenite was oxidized and
subsequently immobilized by Fe(0) corrosion products in all ZVI mate-
rials. In addition, phosphate extractions indicated that As(V) immobi-
lization by uncoated nZVI and mZVI particles, at least partly, was due to
occlusion of As by Fe(Ill) (hydr)oxide corrosion products. Non-
sulfidated ZVI materials are thus promising in situ agents for long-
term immobilization of As.

In a long-term perspective, the particle size (micro vs. nano) of the
ZVI sorbents probably will have a fairly small effect on their As immo-
bilization capacity, since nano-sized nZVI and S-nZVI did not perform
better than their micro-sized counterparts mZVI and S-mZVI (Figs. 2 and
3). This is likely because immobilization was related to corrosion
products formed, rather than the initial size of the particles. Hence, the
ZVI dose will have a larger impact on the As immobilization perfor-
mance. Our results provide a strong geochemical background for the
application of ZVI particles to remove As from anoxic contaminated
groundwaters.
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